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ABSTRACT 
 

Gold mining in South Africa has been the backbone of the economy for many years. 

With it came economic well-being, the growth and development of satellite towns, 

cities and metropolitan cities, e.g. Johannesburg-a place of gold. Unfortunately, it 

also came with adverse effects, most of which are now evident, after a century of 

mining, with little or no regard for pollution prevention or any form of remediation. 

Of interest, in this study, is the presence of tailings storage facilities (TSFs) found 

within the residential areas, in close proximity to commercial district and industry, 

having been built around them.  

 

Currently, some 270 TSFs lie dormant, pregnant with vast number of toxic heavy 

metals from the initially low efficient but selective gold processing techniques. This 

led to the deposition of the sand dumps, with high sulphur, iron, chromium, 

cadmium, arsenic, and mercury amongst other toxic metals. Exposure to oxygen, 

and water, the pyrites were oxidized and formed acid mine drainage (AMD), which 

resulted in the leaching out all toxic heavy metals into ground water and surface 

water causing serious water pollution and environmental degradation. Due to the 

low efficient gold processing technique, some gold amount was discarded together 

with the tailings materials. The reprocessing of these dumps led to the generation 

of dust, which is easily distributed over large areas of land. The unrehabilitated, 

semi-rehabilitated, and the abandoned TSFs contributed to all forms of pollution, 

majorly, windblown dust from unprotected tops and sides, AMD leaching toxic 

heavy metals.  

 

In this study, mercury, one of the most toxic elements found within the vast TSFs 

was determined. This was carried out as part of a larger environmental impact 

assessment on the effects and scale of pollution from the gold mining in the 

Witwatersrand. The study area consisted of the greater Johannesburg area, covering 

commercial business district (CBD), the industrial areas (Aeroton, City Deep, 

Germiston, Selby, Springs), and the residential areas (Alberton, Boksburg, 

Centurion, Germiston, Greenside, Sandton, Springs). Dust samples were collected 

from paved surfaces in the streets, and accessible buildings, were sieved into three 
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sieved into three fractions (PM100, PM50, PM25), and most of the work focused on 

the smallest size fraction (PM25) in order to study impact of inhalable and respirable 

dust. Three sequential extraction procedures (modified BCR-the European 

Community Bureau of Reference, selective sequential procedure (SSE), and novel 

sequential extraction procedure (n-SEP)) were applied for partitioning and 

evaluating the mobility, availability and persistence of mercury in urban dusts. 

Bioavailability of mercury was assessed by leaching dust with artificial gastric and 

lung fluids which mimicked body conditions. Contamination levels were assessed 

based on the enrichment factor (EF), contamination factor (Cf) and 

geoaccumulation index (Igeo) were calculated to further assess the environmental 

risk and provide a preliminary estimate of the main sources of mercury in street 

dust. Non-carcinogenic effects and carcinogenic effects due to exposure to urban 

street dusts were assessed for both children and adults.  

 

The total mercury (HgTOT) ranged from 269 to 1350 µg kg-1. In the PM25 size 

fraction, mercury exhibited the following decreasing order of HgTOT: industrial area 

> CBD > residential area. This order shows that the HgTOT concentration in the 

street dust decreased with increased distance from the TSFs. The highlight was that 

the highest HgTOT was reported in industrial areas next to the TSFs, tailings 

reprocessing areas, and tailings footprints. Furthermore, in residential areas grossly 

affected by TSFs and tailings reprocessing, reported high HgTOT values similar to 

those reported for industrial samples. These results indicated that the presence of 

TSFs were largely responsible for the mercury found in the dust. The results from 

the characterization of the dust showed a large concentration of fine particulate 

matter, with the characteristically high quartz (74 – 98 wt. %), and minor minerals 

phases such as chloritoid, chlorite, K-feldspar, jarosite, mica, muscovite, pyrite, and 

pyrophyllite, all below 10 wt. %. These have been known to enrich trace metals, 

hence a high concentration of mercury. 

 

The close proximity of the tailings to the communities led to the determination of 

bioavailability of mercury from dust. The bioaccessible Hg extracted by lung fluid 

(up to 3% of HgTOT) was higher than that of gastric fluid (up to 1% of HgTOT) and 
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was related to the mobile pool of Hg in dust. This suggests that human exposure to 

Hg in dust via inhalation is greater than that via the gastric tract. These values were 

very similar to the values obtained from water soluble phase in the sequential 

extraction procedure (average 1.4% of HgTOT). This indicated that these fluids were 

able to extract the most bioavailable fraction of Hg, which is responsible for most 

of the transformation reactions involving mercury.  

 

Contamination assessment factor was carried out to classify the pollution levels and 

indicate whether they are from natural or anthropogenic sources. Based on the EF, 

Cf, and Igeo, 70, 82, and 84% of the street dust samples were classified as heavily 

enriched, very highly contaminated, and strongly polluted by mercury, respectively, 

indicating that they are of anthropogenic origin. 

 

The human health risk model was useful in identifying the areas of health risks from 

exposure to mercury pollution. It showed that children were more vulnerable than 

adults when exposed to mercury in dust via ingestion. The cancer risk for exposure 

to As, Cd, and Cr by both children and adults was significantly high for oral 

ingestion of dust. Cr (VI) was the highest contributor followed by As and lastly Cd. 

For inhalation pathway, the possibility of developing cancer after a lifetime 

exposure was low and below the acceptable limits (10-6).  
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Chapter 1 

 

Introduction 

 

 

 

Gold mining activities on the Witwatersrand, with emphasis on the environmental 

impacts of tailings storage facilities are discussed with regards to windblown dust 

erosion. The problem statement of the study is presented. 
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1.1 Introduction  

Gold mining started in the Central Rand in the Witwatersrand Basin in 1886.  The 

exploitation of the auriferous conglomerates led to the development of the most 

advanced economy in Africa, from which nearly 50 000 tons of gold was produced 

(Mineral resources, South Africa Yearbook 2012/13; Robb and Robb, 1998). South 

Africa (SA) was considered to be the world’s largest gold producer until 2007, 

when it was surpassed by China as the world’s leading gold producer (Mineral 

resources, South Africa Yearbook 2012/13; Hartnady, 2009). However, in 2013, 

SA is now placed fifth, coming after China, Australia, United States of America 

(USA) and Russia (U. S. Geological Survey, 2013). According to a report published 

by the United States Geological Survey (USGS, 2013), SA is placed second in the 

world’s gold reserves, with an estimated 6000 tons, coming after Australia, with 

about 7400 tons, respectively. 95% of SA’s gold mines are underground operations 

and 98% of the gold that has been mined came from the Witwatersrand goldfields. 

In the 1970s, gold production reached record levels of 1000 tons and a yield of 

13.11 grams per tons (g t-1) (Janisch, 1986). It has since steadily declined over the 

years to an annual average of 250 tons, with a yield of 4.27 g t-1 (Amey, 2002). The 

steady decline over the years has been attributed to the increasing cost of mining 

due to deep shaft mining at depths of 4 km and below, the low-grade quality of the 

ore resulting in the low gold yields (g t-1), rising operational and labour costs, the 

fluctuating gold prices, the closure of many gold mines, the introduction and 

implementation of new safety procedures and environmental laws. Currently the 

functional gold mines are in the West Rand, i.e., South Deep, Western areas, 

Carletonville, Klerksdorp and Welkom (Hayward et al., 2005).  

 

The Witwatersrand gold ore bodies’ occurred in conglomerate beds (reefs) 

containing a matrix of quartz and fine-grained phyllosilicates consisting mainly of 

sericite, chlorite, with minor amounts of muscovite, pyrophyllite and chloritoid 

(Hallbauer & Barton, 1987; Janisch, 1986; Hallbauer & Von Gehlen, 1983). This 

matrix also contained detrital heavy metals consisting of largely pyrite, zircon 

(ZrSiO4), rutile (TiO2), chromite (FeCr2O4), uraninite (UO2), arsenopyrite (FeAsS), 

cobaltite (CoAsS) and rare platinum-group metals (Janisch, 1986; Hallbauer and 



3 
 

Barton, 1987). Other minerals phases found within the matrix included galena 

(PbS), pyrrhotite (FeS), gersdofite (NiAsS), chalcopyrite (CuFeS2), sphalerite 

[(Zn,Fe)S], pentlandite [(Fe,Ni)9S8] and brannerite (UTi2O6) (Hallbauer and Barton, 

1987).  

 

In South Africa, mercury (Hg) occurs in a number of deposit types, commonly as 

cinnabar (HgS) in metal sulphide deposits and pyrite in coal (Yudovich and Ketris, 

2005), and occurs together with gold (Au) in the placer deposits found in the 

Witwatersrand (Davies & Mundalamo, 2010). The major sources of Hg emissions 

were thought to be anthropogenic, with coal combustion in power generation, large-

scale and artisanal gold production being the biggest contributors (Pacyna et al., 

2002). Schroder et al., (1982) found that gold ores in Witwatersrand reef contained 

on average 1.38% Hg, with some ores containing as much as 2.23%. Erasmus et 

al., (1982), on the other hand, found that Hg concentration in the gold ores varied 

between 1.2 and 4.6% while Hallbauer & Barton’s (1987) found Hg concentration 

in the gold ores to be between 0.54 – 4.5%.  Schroder et al., (1982) went further 

and measured Hg emissions from gold extraction and refining process and 

estimated the total Hg emissions to be 193 kg yr-1 based on a total annual gold 

production of 706 tonnes. The Witwatersrand gold grains contain highly variable 

silver (Ag) and Hg contents (Hayward et al., 2005).  

 

Initially, the poorly-controlled mercury amalgamation was used as the method for 

gold recovery. It resulted in the release of mercury into the river systems and 

emission into the atmosphere during the process, leading to wide spread 

environmental contamination and in the human mercury exposure (Lacerda, 2003; 

Telmer et al., 2006). Unfortunately, this method is still being practised by artisanal 

gold miners (popularly known as zama zamas or illegal miners) in South Africa. 

The mineral waste produced from this type of gold recovery was dumped in heaps 

called sand dumps (Naicker et al., 2003). As mining became deeper, sulphidic ores 

were encountered and the amalgamation method became less efficient (mercury 

reacts with sulphur, making it less selective for gold) and as a result, cyanidation 

was introduced as a replacement method. This process required finer milled ore and 
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the mineral waste produced was deposited in slimes or tailings storage facilities 

(TSFs) or tailings dams. These processes were selective to mostly gold and to lesser 

extent sulphides and uranium. Therefore, all the other minerals and heavy metals 

were unaffected by the extraction process and found their way into the TSFs. 

 

The development and growth of the gold mining industry gave way to the 

development and growth of the industry in the Witwatersrand basin. This gave rise 

to the development of Johannesburg town, which later grew into a vast metropolitan 

city, which today accommodates tens of millions of people (Forstner and Wittmann, 

1976; McCarthy & Venter, 2006, Naicker et al., 2003). Townships were established 

along the length of the outcrop to accommodate the growing number of mine 

workforce (McCarthy and Venter, 2006). However, black townships and informal 

settlements were located even closer and within the prescribed exclusion zones 

surrounding dominant and active tailing sites. In some cases, they encroached on 

mine reserves, and informal settlements were built on tailings footprint. Residents 

living near TSFs and from the informal settlements were exposed to the hazards 

posed by the tailings deposits. 

 

Mine tailings are the single most important anthropogenic source of environmental 

pollution especially in arid and semi-arid regions. These tailings generally included 

sand dumps, slimes dams, tailing impoundments and rock dumps. Their impacts 

resulted from acid mine drainage (low pH ranging from 2.5 – 3.5) caused by the 

oxidation of pyrites, the high incidence of wind and water driven erosion events, 

and the sterilization of vast appreciable tracts of land partly as a result of shallow 

undermining (Tutu, 2006; Blight, 1991).  

 

To date, approximately 270 tailings dams covering an area of 181 km2 have been 

identified in South Africa (Aucamp & Van Schalkwyk, 2003; Rösner et al., 1998; 

Funke, 1990). They are, generally, situated close to major highways, important 

water courses and wetlands, residential and industrial areas. Most of the tailings 

dams were established poorly during a time when there was little environmental 

legislation in place, which required mining companies to rehabilitate and manage 
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their dams (Wates, Strayton and Brown, 1997). Therefore limited rehabilitation was 

undertaken and this has led to the current environmental problems being 

experienced. The Central Rand area, south of Johannesburg is one of the area’s 

directly affected by the impact of mine tailings mainly due to their age, high 

population densities and commercial developments in their vicinities as well as the 

presence of numerous streams of the upper Klip River catchment area. 

  

The previous metallurgical processes did not completely recover all the gold and 

therefore, small quantities remained in the tailings. Approximately 70 tailings dams 

were reclaimed in the Gauteng province, resulting in about 13 km2 of land 

becoming available for potential development (Rösner et al., 1998). On the Central 

Rand, slimes dams with an average of 0.4 g Au ton-1 and sand dumps averaging 

about 0.6 g Au ton-1 were recovered (Viljoen, 2009; Rösner et al., 1998). However, 

tailings dams with low gold-grade (i.e., < 0.4 g Au ton-1) remained on the surface 

and continued to be a source of acid generation and contaminant remobilization. 

Most of these tailings dams were incompletely reclaimed leaving behind significant 

variable quantities of residual tailings material. The resultant bare soils were 

characterized by low pH, lacked normal levels of soil nutrients and did not develop 

normal soil structure hence could not support the establishment of plant cover 

(Sutton and Dick, 1984). During the reprocessing of tailings dams, extensive dust 

and water pollution problems were reactivated (Viljoen, 2009). The milled TSFs 

have a greater fraction of finer material than older tailings dumps. It also contains 

a higher fraction of respirable and inhalable particle size fractions (Maseki, 2013; 

Ojelede et al., 2012). The vegetation was removed and exposed surfaces were 

subjected to wind erosion and oxidation. 

 

The establishment of large and steep sand dumps and slimes dams from mining 

operation, without the necessary precautions, created optimal conditions for wind 

erosion. Factors such as the height of the sand dumps and slimes dams, the texture 

of the slimes dams’ material (fine, powdery particles) and the alignment of the sand 

dumps and slimes dams with the prevailing winds increased the susceptibility of 

the sand dumps and slimes dams to wind erosion. Wind speed increased with height 
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therefore activities which were done in the locations well above the ground level 

were more susceptible to dust effect. The resurgence of dust pollution and dust 

fallout from active dumps was of particular concern to the communities living close 

to tailings dams. This was excessibated by the prevailing winds, north-westerly 

winds, which were dominant in the dry late-winter and early summer months when 

the surface of the mine dumps were still dry. The effect of prevailing winds in 

redistribution of contaminants played a significant role in the soil accumulation of 

metals and metalloids a distance away from the source (Van Alphen, 1999; 

Sterckeman et al., 2000; Stafilov et al., 2010; Fernandez-Camacho et al., 2010; 

Taylor et al., 2010; Sanchez de la Campa et al., 2011). People living downwind of 

mine tailings were exposed to the potentially inhalable trace metal/metalloid-

bearing particles. Active dams rarely had dust problems compared to dominant 

dams. 

 

Wind erosion can transport environmental contaminants such as metals and 

metalloids, pesticides, and biological pathogens, all of which are typically 

associated with finer atmospheric particles and tropospheric aerosols (Pope et al., 

1996; Griffin et al., 2001; Csavina et al., 2011). Particles emitted from mine tailings 

due to wind erosion were usually in the coarse range (2 – 100 µm) (Csavina et al., 

2011) while anthropogenic sources (combustion processes) are finer (<2 µm) 

(Charlesworth et al., 2011). However, they potentially can have a wide size 

distribution as well as a range of metal and metalloid concentrations. In particular, 

efflorescent deposits, generated by evaporating water that flows to the surface of 

the tailings by capillarity action, may contain metal and metalloid concentrations 

that are much higher than the surrounding tailings topsoil due to the presence of 

crystallized soluble contaminant salts (Meza-Figueroa et al., 2009; Hayes et al., 

2012). Dry, efflorescent particles are particularly susceptible to wind erosion. 

Occupational studies have been published for mine-related dust and aerosol. 

However, little work has been done on the impacts of TSFs. Both Csavina et al. 

(2011) and Spear et al., (1998) showed that the majority of atmospheric metals and 

metalloids around smelting operations are in the fine to ultrafine size fraction (< 2 

µm). 
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Dust and aerosol emissions associated with mining operations and TSFs were 

commonly associated with significantly elevated levels of one or more of these 

contaminants, Hg, Pb, As, and Cr, which accumulated in soils, natural waters and 

vegetation (Meza-Figueroa et al., 2009; Brotons et al., 2010; Csavina et al., 2011; 

Corriveau et al., 2011). As, Cd, Cr, Hg, Mn, Ni, Pb, and V, trace metals were found 

in association with finer particulates (Charlesworth et al., 2011). Meza-Figueroa et 

al., (2009) analyzed soils in Sonora, Mexico around the Pilares mine Nacozari 

tailings site for metal and metalloid content, and it showed that contaminant 

dispersion took place primarily by surface run-off, but enrichment factors for Hg, 

Cu, As, Zn and Pb in residential soils arose from wind erosion. According to Ravi 

et al., (2011) contaminants commonly associated with particulates from mining 

operations were usually mostly concentrated in the finer particle fraction, which 

travelled greater distances in the environment. Re-suspension of the dust and fine 

soil fraction can contribute a significant amount to the inhalable trace element load 

of urban aerosol (Zhao et al., 2006), or it can be washed-out where it can become 

an important component of suspended and dissolved solids in street run-off 

(Vermette et al., 1991). 

 

Fine particles have high specific area that retains high amounts of metals (Wang et 

al., 2006). In addition, small particles are soluble and are more likely to traverse the 

gastric mucosa and be more efficiently adsorbed in human tissues than coarse 

fractions (Hemphill et al., 1991; Lin et al., 1998). Particle size affected dust 

deposition efficiency in the human respiratory system upon inhalation. The finer 

particles were deposited deep into the lungs where they can be transported directly 

to the blood stream (Krombach et al., 1997 Park and Wexler, 2008; Valiulis et al., 

2008) whilst coarse particles were deposited in the upper respiratory system where 

they were either coughed and spat out or were swallowed into the digestive system 

where contaminants may be absorbed, depending on their bioavailability (Csavina 

et al., 2012). These finer particles made up of high surface areas with heavy metals 

bound to them were a great risk to human health since they appeared to be able to 

evade the body’s natural defence mechanisms, with a consequence of redistribution 

http://www.sciencedirect.com/science/article/pii/S0016706108003431#bib56
http://www.sciencedirect.com/science/article/pii/S0016706108003431#bib56
http://www.sciencedirect.com/science/article/pii/S0016706108003431#bib24
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into other sites of the body, causing systematic health effects. It is well known that 

air pollution, in the form of particles of varying composition and size range, had an 

impact on the respiratory health of humans (Brunekreef and Forsberg, 2005; 

Gauderman et al., 2004; Roemer et al., 2000). These particles included trace metals, 

consisting of metal compounds or in their metallic form, depended on the prevailing 

exposure situation (Fang et al., 2005; Harrison and Yin, 2000; Karlsson et al., 2005; 

Konarski et al., 2004). Large size particles of dusts fallout in urban regions have 

been reported to be the major cause of prevalence of asthma (occur at upper nasal 

area) compared to association of fine particulates with inner respiratory disorders 

(Sax and Richard, 1984; Roosli, 2000; Wieringa et al., 1997.; USEPA, 2003).  

 

Dust emanating from the mine tailings dams may have serious respiratory 

consequences for those working and living in the vicinity of tailings dams and those 

living on the tailings footprint (Terblance et al, 1994). Dust is one of the largest 

occupational hazards and it has been one of the largest occupational ‘‘killers” 

through the years. Exposure to any dust in excessive amounts created respiratory 

problems. Different dusts affected the body in different ways and caused harmful 

effects through skin or eye contact and ingestion, as well as by inhalation, 

depending upon the individual physical and chemical properties of dust (Health and 

Safety Executive, 1997). Dust has caused many diseases, the commonest of which 

associated with mining activities and individuals, were: asthma, chronic bronchitis 

and emphysema (irritation and inflammatory lung injuries), pulmonary tuberculosis 

(PTB), pneumoconiosis and in particular silicosis, asbestosis (lung damage) (Trade 

Union Congress, 2001; World Health Organization, 1999; (Choi et al., 2009; 

Crosby 1998).  

 

Several cases of dust emanating from tailings dams were lodged against mining 

houses. The Meadowlands Community and Environmental Group lodged a court 

case based on the dust emission from the nearby slimes dams and the Riverlea 

community took two state departments and DRD Company to court over the 

resultant dust pollution from their reprocessing activities on the tailings dams. On 

windy days, material was observed billowing off the surface of the tailings and it 
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was impossible to see more than a few metres ahead. They had to keep their 

windows and doors closed and even found dust in their food. These problems have 

persisted for decades because of lack of proper remediation strategies to combat 

pollution from the tailings. The tailings sites have low pH and lack normal levels 

of soil nutrients, therefore these sites did not develop normal soil structure and 

cannot support the establishment of plant cover.  

 

The Legal resources Centre (LRC) represented various individuals and 

organisations complaining about environmental pollution caused by gold mine 

tailings in the Witwatersrand basin. The complainants included Kagiso 

Environmental Awareness Forum, The Meadowland Environmental Group, 

Meadowlands Action Group, Fleurhof Community, South African Wildlife and 

Environmental Society, National association of Clean Air, Greater Booysens 

Reserve Anti-dust Association and Booysens Reserve Management Committee. 

Legislation on dust emissions from mines is not well established due to the limited 

information provided at present but also because dust impacts from mines were not 

properly estimated and evaluated. 

 

One of the major reasons why these legal battles were unsuccessful was due to the 

fact that there was no information, on the adverse health effects suffered by the 

communities in question, linking with the levels of pollution encountered from the 

TSFs. Despite the vast available information on the different toxic heavy metals 

encountered in the tailings, these have not been monitored in the South African 

context. This has left the communities in question vulnerable to the continued 

exposure to pollution until such a time when these trace elements will be quantified 

and the responsible companies prosecuted. In this study, the focus is to determine 

the levels of mercury in the street dust in the gold mining environment, with 

emphasis on the windblown dust from the tailings.  

 

The uptake of mercury, both through ingestion or inhalation, resulted in severe 

adverse health effects such as mercury intoxication and altered immune system 

effects. Exposure through inhalation of vaporized elemental mercury resulted in 
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high absorption into the blood stream and about 80% was retained (Clarkson et al., 

2007). Groups associated with gold mining and its processing were, generally, 

exposed to elemental mercury and were diagnosed with chronic mercury 

intoxication (Bose-O‘Reilly et al. 2010). However, even less exposed groups, 

mineral processors and the general population living near mining sites, were also 

found to have high levels of mercury exposure (Bose-O’Reilly et al., 2008). Women 

and children fall into the most vulnerable population groups to mercury exposure, 

children and foetuses are particularly at risk of suffering developmental problems 

and neurological damage, respectively. Children exposed to mercury poisoning 

exhibit typical symptoms such as ataxia, coordination problems, discolouration of 

gums and excessive salivation (Bose-O‘Reilly et al., 2008). Akagi et al., (2000) 

reported on under height, underweight, gum discolouration and skin abnormalities 

found in school children in areas of heavy mercury amalgamation activities in the 

Philippines. 

 

Consumption of fish with higher concentration levels of methylmercury resulted in 

severe chronic effects of mercury. Methylmercury is lipophic, therefore it is very 

well absorbed from the gastrointestinal tract, where it easily entered the 

bloodstream, distributed throughout the body, readily crossed the placenta and 

blood-brain barrier and accumulated in the brain (Kerper et al., 1992). It has its 

most devastating effect on the developing brain, the developmental effects includes 

hyperactive reflexes, deafness, blindness, cerebral palsy, mental retardation and 

general paralysis. 
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1.2 Problem statement 

Currently, there are insufficient studies on the health effects associated with 

windblown dust from tailings deposits in South Africa. The effect on human health 

due to exposure by inhalation of dust containing metals and metalloids including 

mercury and ingestion of the same dust is at present relatively unclear. There is lack 

of exposure information on children residing in neighbourhoods adjacent to mine 

tailings and residential areas built on tailings footprint. Of particular concern, is the 

type, composition, size and deposition of particulate matter onto the soil in the 

residential areas and urban playgrounds where children spend significant amount 

of time. Generally, the ingestion of dust and soil is widely regarded as one of the 

key pathways by which children are exposed to heavy metals and metalloids from 

a variety of sources (De Miguel et al., 1997, Rasmussen et al., 2001; Madrid et al., 

2002). 

 

Particular attention has been focused on the urban dust in the greater Johannesburg 

area; an area heavily impacted by mineral dust pollution from the gold mining 

TSFs. Of interest is the fact that Johannesburg, the city, built on tailings footprints 

and adjacent to TSFs, has had very few studies on the impact of the fugitive dust 

generated from tailings dams on both the environment and human beings being 

studied. To our knowledge, mercury binding forms and speciation in urban dust in 

arid or semi-arid areas, impacted by gold mining, has not been reported. The lack 

of data currently makes it difficult to quantify risk associated with living in 

proximity to TSFs. There is a need to carry out a detailed assessment of mercury 

levels in urban dust in Johannesburg, and to evaluate the potential impact of dust 

on human health, the surrounding terrestrial, and aquatic systems. Furthermore, 

carry out a detailed assessment of the bioavailability and bioaccessibility of 

mercury in human beings exposed primarily through ingestion and inhalation of 

particulate matter/dust. 
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Chapter 2 
 

Literature review 
 

 

 

Sources of mercury in the environment, and biogeochemical cycle of mercury are 

discussed with special emphasis on point sources of mercury in South Africa. 

Special focus is given to human health risk assessment with respect to mercury in 

the mining environment. Analytical protocol used to determine and assess 

bioaccessibility, fractionation and human health risk assessment is discussed. 
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2.1 Sources of mercury in the environment 

Mercury is a naturally occurring element, found throughout the world. It occurs in the 

earth’s crust, in association with many minerals, in the form of sulphides of copper 

(Cu), iron (Fe), zinc (Zn) and other metals including cinnabar (HgS) (Rytuba, 2003). 

It’s also present in trace amount as an impurity in precious minerals (gold and silver) 

(Schroder et al., 1982, Erasmus et al., 1982) and valuable minerals (0.2 and 0.3 ppm 

of Witbank and Highveld coalfields) (Leaner, 2009; Wagner, 2005; Lusilao-Makiese 

et al., 2012), respectively. Mercury from the natural sources has been responsible for 

the background environmental levels since pre-industrial age.  

 

2.1.1 Natural sources 

Natural sources of mercury were responsible for about 10% of the estimated 5500 – 

8900 tons of mercury emitted and re-emitted to the atmosphere from all sources in 2010 

(UNEP, 2013). These sources are defined as mercury released via natural processes 

such as volcanoes or geothermal processes or evasion from natural surfaces (soils, 

oceans, rivers, lakes) geologically enriched in mercury (Gustin et al., 2008; Rytuba, 

2005; Nriagu and Becker, 2003; Friedli et al., 2001; Ferrara et al., 1998; Rasmussen et 

al., 1998). However, the majority of the mercury emission sources are actually re-

emissions of mercury historically deposited from anthropogenic sources (Ebinghaus et 

al., 1999; Fitzgerald et al., 1998). Current estimate of mercury emissions from both 

natural and re-emission sources is 5207 Mg yr-1 (Table 2.1) (Pirrone et al., 2010; 

Mason, 2009).  

 

2.1.2 Anthropogenic sources 

Anthropogenic sources of mercury emissions account for about 30% of the total 

amount of mercury entering the atmosphere each year (UNEP, 2013), and 

approximately 75% came from Africa, Asia, and Europe (as shown in Figure 2.1). 40% 

of total global anthropogenic mercury emissions came from East and Southeast Asia, 

with 75% of the mercury from this region coming from China, and South Asia 

accounting for approximately 8%. This is attributed to the major increase in 
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industrialisation and economic growth of China, where huge quantities of coal are 

mined and used for power generation, industrial heating, and large scale gold 

production together with large scale artisanal gold mining occurring, as well. 

 

 

Table 2.14: Total mercury emissions from natural and re-emission sources for 2008 

(Pirrone et al., 2010; Mason, 2009). 

 

Region Hg Emission 

(Mg yr-1) 

Contribution 

(%) 

Oceans 2682 51 

Lakes 96 2 

Forest 342 7 

Tundra/Grassland/Savannah/Prairie/Chaparral 448 9 

Desert/Metalliferrous/Non vegetated Zones 546 10 

Agricultural areas 128 2 

Evasion after mercury depletion events 200 4 

Biomass burning 675 13 

Volcanoes and geothermal areas 90 2 

   

Total 5207 100 

 

 

Anthropogenic sources are classified into two categories, namely: (1) primary 

anthropogenic sources, and (2) secondary anthropogenic sources (Pacyna et al., 2010). 

In the former, mercury of geological origin was mobilised and released to the 

environment. Mining, metallurgical processes including primary aluminium 

production, ferrous and non-ferrous processes, burning of fossil fuels, natural gas, and 

oil refining are the main sources in this category (UNEP, 2013) (Figure 2.2). However, 

in the latter, emissions occur from the intentional use of mercury, e.g.in artisanal gold 

mining to recover gold, electric products (light bulbs), measuring devices 

(thermometer, barometer), dental amalgam for filling teeth, production of non-ferrous 

metals and cement production (UNEP, 2013; Pacyna et al., 2006; Streets et al., 2005) 

. Table 2.2 shows the variation in the anthropogenic sources of mercury emission from 

2005 - 2010. 
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Figure 2.1: Global distribution of anthropogenic mercury emissions in 2010, showing 

contribution of anthropogenic emissions from different regions of the world (UNEP, 

2013). 

 

Figure 2.2: Global anthropogenic mercury emissions in 2010 from various sectors 

(UNEP, 2013). 
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Table 2.2: Estimated global anthropogenic emissions of mercury to the atmosphere 

in 2005 and 2010 from various sectors (UNEP, 2013; Pacyna et al., 2010). 

 

Sector Emissions (Tonnes) 

 2005 % 2010 % 

Unintentional emissions 

Fossil fuels burning 

Coal burning (all uses) 878.0 46 474.0 24 

Oil and natural gas burning   9.9 1 

Mining, smelting, & production of metals 

Primary production of  

ferrous metals 

200.0 10 45.5 2 

Primary production of nonferrous metals (Al, 

Cu, Pb, Zn) 

193.0 10 

Large-scale gold production 111.0 6 97.3 5 

Mine production of mercury   11.7 <1 

Cement production 189.0 10 173.0 9 

Oil refining   16.0 1 

Contaminated sites   82.5 4 

Intentional uses 
Artisanal and small-scale  

gold mining 

351.0 18 727.0 37 

Chlor-alkali industry 46.8 2 28.0 1 

Consumer product waste 125.0 7 96.0 5 

Cremation (dental amalgam) 25.7 1 3.6 <1 

     

Grand Total 1930  196.0  

 

 

2.1.2.1 By-product or unintentional emissions 

Non-ferrous ore processing and metal production is a source of atmospheric 

mercury because the ores of zinc, copper, lead and nickel contain significant amounts 

of mercury including the fossil fuels used to process them (Streets et al., 2011; Telmer 

& Vega, 2009). The volumes of the ores and metals produced resulted in large mercury 

emissions, which were released into the environment. However, due to the little and/or 

lack of information on the average concentration of mercury in the metal ores, 

uncertainties in the mercury emissions figures are introduced by estimating the mercury 
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concentration in the ores and fuels. Currently it’s at about ± 25% (Swain et al., 2007; 

Pacyna et al. 2009; Streets et al., 2009).  

 

Coal and oil combustion, are a major anthropogenic source of mercury to the 

atmosphere. Coal accounts for approximately 43% of total fuel used worldwide in 

electricity generation. Generally, mercury concentration in coal varies widely, 

however, it is considered to be low in coal (Table 2.3). The combination of the large 

volumes of coal burned and a trace amount of mercury present in coal results in 

significantly large emissions from this sector. According to Meij et al., (2002), mercury 

emitted from coal is gaseous elemental mercury (Hg0) and 75% of Hg0 is removed by 

the high efficient flue-gas desulphurization (FGD) system in combination with 

electrostatic precipitator (ESP) system. The remaining 25% is released into the 

atmosphere. Ever since the introduction of the air pollution control devices, including 

mercury emission control equipment, there has been a major reduction in the mercury 

emissions to the atmosphere (as shown in Table 2.2, where emissions from coal burning 

were reduced by almost 50% from 878 tons in 2005 to 494 tons in 2010).  

 

From 1990 to 2005, emissions from coal fired-power stations remained stable, 

decreases from Europe and North America were offset by increases from Asia due to 

a sharp increase in energy production (UNEP, 2013; Sprovieri et al., 2010). In 2010, 

North America experienced a 50% (53 to 27 tons) reduction in the emissions from coal 

fired power plants. This has been attributed to implementation of mercury emission 

controls together with sulphur and particulate matter controls which result in the 

reduction of mercury emissions. The same technology was applied to the power 

stations in China, this could explain why the potential significance of the increased 

mercury emissions are not reflected in long-term measurements of Hg0 (Sprovieri et 

al., 2010). 
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Table 2.3: Mercury concentration in coals from selected countries. 

 

Country Coal Type Ave Hg  

(mg kg-1) 

Reference 

Argentina Bituminous 0.10 Pirrone et al., 2009 

Australia  0.10 Yudovich & Ketris, 2005 

Botswana Bituminous 0.09 Pirrone et al., 2009 

China Anthracite-

Bituminous 

0.15 Belkin et al., 2006 

Colombia Subbituminous 0.04 Pirrone et al., 2009 

Egypt Bituminous 0.10 Pirrone et al., 2009 

Japan Bituminous 0.05 Mukherjee et al., 2008 

Peru Anthracite-

Bituminous 

0.27 Pirrone et al., 2009 

Philippines Subbituminous 0.04 Pirrone et al., 2009 

Romania Lignite-

Subbituminous 

0.21 Pirrone et al., 2009 

Slovak Rep. Bituminous 0.08 Pirrone et al., 2009 

South Africa Anthracite-

Bituminous 

0.20 Wagner & Hlatshwayo, 

2005 

South Korea Anthracite 0.30 Pirrone et al., 2009 

Taiwan Anthracite-

Bituminous 

0.67 Pirrone et al., 2009 

Tanzania Bituminous 0.12 Pirrone et al., 2009 

Turkey Lignite 0.11 Pirrone et al., 2009 

Uk  0.28 Goetz et al., 1981 

US All types 0.17 Finkelman, 1993 

Vietnam Anthracite-

Bituminous 

0.28 Pirrone et al., 2009 

Zambia Bituminous 0.60 Pirrone et al., 2009 

Zimbabwe Bituminous 0.08 Pirrone et al., 2009 

World  All types 0.30 Weiss, 2005; Llorens et al., 

2000 

 

 

Petroleum and natural gas production and processing are also known to release 

mercury to the environment, primarily via solid waste streams (Wilhelm, 2001). Oil 

deposits are known to contain mercury in trace amounts and occurs naturally (Pirrone 

et al., 2009). During the refining of the crude oil, mercury is removed from petroleum 

products and natural gas through solid waste and is deposed off in landfills. 

Consequently, emissions from combustion of the oils and its products are relatively 
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low as compared to coal. The emission values generally range from 0.007 to 30 g Mg-

1 (Pirrone et al., 2006: Mukherjee et al., 2008) with expectation of higher mercury 

concentration in the residual oils than in the distillate oils. 

 

Natural gas contains small amounts of mercury, however, it is removed during the 

removal of hydrogen sulphide. Mercury emission during the combustion of natural gas 

are considered to be insignificant (Pirrone et al., 1996; 1998).  

 

Mercury mining emits and releases mercury from mercury bearing ores in which 

mercury is the primary and often only ore metal constituent (Rytuba, 2003 & 2000). 

These ores are found in the Almaden, silica-carbonate and hot-spring type mineral 

deposits where cinnabar is the main ore mineral in each of the three mercury deposits. 

There has been a steady decrease in the production of mercury from mercury deposits 

from the early 1980, mainly due to increased awareness of environmental problems 

associated with the use and release of mercury from industrial and mining processes, 

lower demand, and price. However, mercury continues to be produced as a by-product 

from sulphide deposits. 

 

The processing of mercury ores generates fine-grained secondary phases which are 

concentrated in mine wastes such as calcines, condenser soot, and contaminated soils. 

Mercury is then released and transported from mine sites as mercury-enriched particles 

and colloids (Rytuba, 2003). The secondary phases in mine wastes are more soluble 

than the primary ore minerals and when released in aquatic environments, mercury-

enriched particles can release inorganic mercury that can be methylated into 

methylmercury, the most toxic form of mercury, which bioaccumulates and is 

bioconcentrated in the food chain. 

 

2.1.2.2 Intentional uses of mercury 

The practice of artisanal and small-scale gold mining (ASGM) has been increasing 

worldwide owing to the rising price of gold, the privatization and proliferation of larger 
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mines, widespread poverty, improved, and better data from many countries and 

regions. This led to increases in mercury emissions from ASGM from 351 tons in 2005 

to 727 tons in 2010 (Table 2.2). It is the world’s largest source of mercury pollution 

from intentional use, contributing 37% of total anthropogenic mercury emission in 

2010, and surpassing coal combustion in both industrial and power station burning 

(UNEP, 2013). Largely, this activity is unregulated, illegal, and thus, official data is 

still hard to obtain. There is a huge reliance on emission estimation, which 

unfortunately involves a great deal of uncertainty. Therefore a lot of work must be done 

to confirm and verify the emissions estimates from this sector, including field 

measurements around the ASGM sites to better establish the amounts and fate of the 

mercury used. This activity is concentrated in developing countries and countries with 

economies in transition (the Amazon region in South America, China in Southeast 

Asia, Indonesia, some African countries, and possibly Australia, and North America). 

 

Artisanal and small-scale gold mining encompasses small, medium, informal, legal and 

illegal miners who use rudimentary techniques to extract gold (Veiga et al., 2006). This 

activity is characterised and influenced by the conditions on-site, cultural beliefs and 

economic significance. The use of mercury amalgamation method in the extraction of 

gold, particularly in developing countries, was influenced by the fact that mercury is: 

(i) easy to use and works quickly, (ii) available, (iii) cheaper than most alternative 

techniques, (iv) effectively extracts gold in most field conditions, (v) able to permit 

custom processing of small individual ore batches, and (vi) miners are not aware of, or 

choose to ignore, the health risks (Schmidt, 2012; Telmer and Veiga 2009; Veiga et 

al., 2006). 

 

Approximately 10 to 15 million people are involved in artisanal and small-scale gold 

mining (Cordy et al., 2011; Swain et al., 2007) with operations in more than 70 

countries, producing in the range of 350 tonnes of gold annually (Telmer and Veiga, 

2009; Kasper et al., 2013). More than 200 000 Ghanaians are estimated to work in 

small-scale mining operations (Hilson et al., 2007; Hilson and Pardie, 2006), between 
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15 000 and 30 000 artisanal gold miners exist in Colombia (Cordy et al., 2011), and 

between 200 000 and 300 000 are found in Tanzania (van Straaten, 2000; Ikingura et 

al., 1997). 

 

Seccatore, (2012), in a recent study, reported production from ASGM to be about 392 

tonnes yr-1, supporting the production figure suggested by Telmer (2009). According 

to Lacerda, Swain and others, (Swain et al., 2007, Lacerda, 1997), artisanal gold 

miners, worldwide, are the main consumers of mercury, and its losses, released to the 

environment, were placed at 1000, 1400 and 1608 tonnes giving an average of 1336 

tonnes yr-1 (Swain et al., 2007; UNEP, 2013; Koekkoek, 2013) or more than 30% of 

all mercury annually used by different industrial applications. China is the predominant 

source of ASGM mercury emissions of 200 - 250 tonne yr-1. Indonesia releases 100 - 

150 tonne yr-1, while Brazil, Bolivia, Colombia, Peru, Philippines, Venezuela and 

Zimbabwe each releases from 10-30 tonnes of mercury per year. Between 1.0 – 3.5 

tons of mercury is lost to 1 ton of gold produced (Veiga et al., 2006; Veiga and Baker, 

2004; van Straaten, 2000; Lacerda, 1997; Pfeiffer and Lacerda, 1988).  

 

The amalgamation of the whole ore is the cause of environmental problems (Spiegel 

and Veiga, 2010). This technique results in the greatest loss of mercury, which ends up 

in the tailings, and amalgams generally contain 60% Au - 40% Hg ratio (Veiga et al., 

2014 and 2006). The resulting amalgam is refined to varying degrees by burning using 

a blow torch at 450°C to produce a gold doré containing 2 - 5% mercury (Veiga and 

Hinton, 2002; Veiga et al., 2006). High amounts of gaseous elemental mercury are 

released directly into the atmosphere, resulting in tremendous exposure of miners and 

surrounding communities to mercury vapour. The distribution of mercury losses is as 

follows: 70% by volatilization during amalgam distillation, 20% dragged with 

amalgamation tailings, soils, water, and 10% volatilized in gold shop (Lacerda, 2003; 

van Straaten, 2000; Meech et al., 1998). 

Significant releases of mercury are associated with inefficient whole ore amalgamation 

techniques with 26% extraction efficiency as compared to more than 90% extraction 
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efficiency of cyanidation (Veiga et al., 2009 and 2006). In most cases, miners work in 

unsafe areas, without any protective gear and their activities impact negatively both on 

the environment (result in the contamination of water systems, sediments and soils 

caused washing of the gold-mercury amalgam mixture) and human health (caused by 

inhalation of mercury vapours directly and/or indirectly). The extent to which illegal 

gold mining activities have contaminated local landscapes and areas of residents, with 

mercury is not known.  

 

Volatile Hg contributes to the global atmospheric pool, which has been demonstrated 

to impact ecosystems remote from any mercury source. Leachable mercury can 

contaminate local drainages where it can be methylated and bioaccumulated in food 

webs (Lodenius and Malm, 1998). 

 

One of the major problems with the worldwide databases on mercury emission is that 

mercury emission from gold mining is significantly underestimated. For example, 

Laperdina et al., (1999) reported Hg losses of about 9 tons yr-1, while Yagolnitzer and 

other (1996) reported 56 – 98 tons yr-1, figures that are six times higher than those of 

Laperdina, for the former Soviet Union. This suggested that the former Soviet Union 

figures were probably underestimated (Lacerda, 2003). A similar situation was 

observed in Zimbabwe, where an estimated 200 000 or more artisanal miners produced 

5 tons Au yr-1, a figure severely underestimated (Maponga, 1997). In some cases, 

countries maybe using mercury amalgamation in gold mining, however, inventory 

information is very scarce. Mercury emission figures are estimated using gold 

production figures and emission factors. Gold production figures are difficult to 

estimate because of smuggling, legally not registered enterprises, and the fact that 

artisanal miners do not tell the truth about their production figures. Therefore, the 

accuracy of mercury emission figures becomes highly questionable. Yet, mercury 

emission from gold mining is very significant and seems to be on the increase, 

especially in developing countries. 
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2.1.3 Re-emission sources 

Re-emissions processes represent secondary sources of historically deposited mercury 

over natural surfaces (Driscoll et al., 2013). They have been placed separately mainly 

due to the fact that they cannot be conclusively or specifically classified under either 

anthropogenic or natural sources. However, their contribution has been proven to be 

significant to the global mercury emission inventory to the atmosphere. Sources mainly 

include the release of mercury previously deposited on vegetation, land and/or water 

surfaces. Another major contribution of mercury to the atmosphere, is made from 

accidental wildfires or intentional burning of forests clearing for agricultural purposes 

(Veiga et al., 1994). According to Pirrone et al., (2001; 1996), Corbitt et al., (2011), 

and UNEP, (2013), re-emission sources are the major contributors of mercury 

emissions to the global atmospheric mercury, with about 60% of the total mercury 

emissions. 

 

Mercury in vegetation is due to uptake from the atmosphere, atmospheric deposition 

on to foliage and uptake from roots (Rea et al., 2002). However, the close proximity of 

the vegetation to point sources or contaminated sites increases its mercury content 

(Lodenius et al., 2003; Carballeira and Fernandez, 2002; Lodenius, 1998). According 

to Bailey and Gray (1997), inorganic mercury species predominated in mercury-

enriched plants that have grown in contaminated soils in the mercury mineral belt. Both 

willow and alder vegetation samples accumulated higher levels of total mercury and 

MeHg, however, willow samples accumulated the highest total mercury and MeHg 

concentration (Bailey et al., 2002; Bailey and Gray, 1997). The vegetation samples 

collected from mercury mining sites contained total mercury concentration as high as 

970 ng g-1 in the leaves, 210 ng g-1 in stems, and 370 ng g-1 in flowering parts (Bailey 

et al., 2002). MeHg was determined to be in the range of 0.45 to 2.8 ng g-1 and the leaf 

samples contained the highest concentration while the stem samples had the highest 

percentage of MeHg, respectively. Generally, mercury concentrations were highest for 

samples collected from tailings and around the mining sites as compared to the 

background sample sites. Due to the mercury content in vegetation, mercury emission 
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from biomass burning is significant (Pirrone et al., 2005; Sigler et al., 2003; Friedli et 

al., 2001; 2003; Roulet et al., 1999; Carvalho et al., 1998; Veiga et al., 1994). This 

release from vegetation is subjected to mercury concentration in foliage, the forest 

combustion efficiency, the efficiency of mercury release to the atmosphere, light 

intensity and temperature (Zehner and Gustin, 2002; Engle et al., 2001; Ferrara et al., 

1997). Vegetation is an effective indicator of the impact of contamination source in its 

vicinity because plants have the capacity to accumulate these pollutants, therefore their 

concentrations are much higher than those in the air. 

 

Mercury evasion from land surfaces is about 2430 Mg yr-1, while that from water 

(oceans and lakes) surfaces is about 2780 Mg yr-1 (Pirrone et al., 2010; 2009). Evasion 

from ocean surfaces accounts for about 60% of the total mercury emissions (Corbitt et 

al., 2011; Soerensen et al., 2010; Mason, 2009; Mason and Sheu, 2002). In the ocean, 

mercury is present as elemental mercury (Hg0), methylmercury (MeHg), 

dimethylmercury (Me2Hg), aqueous divalent mercury (Hg2+), colloidal mercury and 

particulate mercury (Mason et al., 2012). Mercury concentration in ocean surfaces and 

its distribution are variable and changing at different rates in response to fluctuations 

in atmospheric inputs.  

 

2.2 Biogeochemical cycle of mercury 

The mercury cycling and reaction pathways in different environmental compartments 

is influenced by environmental parameters, and the concentration of different mercury 

species available (Figure 2.3). Solubility, mobility, bioavailability, bioconcentration, 

biomagnification, and bioaccumulation are processes that occur in the biogeochemical 

cycle of mercury and these processes, among other factors, influence the 

transformation and transportation of mercury. 
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Figure 2.3: Major reactions and transport pathways of mercury in the biogeochemical 

cycle: (1) atmospheric oxidation of Hg(0) to Hg(II); (2) photoreduction of newly 

deposited Hg(II) to Hg(0); (3) biological reduction of Hg(II) to Hg(0); (4) evasion of 

Hg(0) to the atmosphere; (5) methylation of Hg(II) to CH3Hg by sulfate-reducing 

bacteria (SRB) and iron-reducing bacteria (FeRB); (6) methylation of Hg(II) to CH3Hg 

by aerobic pathway and/or by photomethylation in snow; (7) methylation of Hg(II) to 

CH3Hg by algae and phytoplankton in the water column; (8) photochemical 

degradation of Me2Hg in the atmosphere; (9) biological demethylation of CH3Hg to 

Hg(II); and (10) photochemical demethylation of CH3Hg in snow (Barkey et al., 2011).  

 

 

2.2.1 Atmospheric mercury and transformation processes 

Mercury in the atmosphere is dominated by gaseous elemental mercury (GEM or Hg0) 

contributing, approximately 90-99% of atmospheric mercury and the remainder, occurs 

as gaseous oxidized mercury (GOM or reactive gaseous mercury, RGM or Hg2+) and 

particle-bound mercury (HgP) (Pirrone et al., 2010; Steffen et al., 2007; Schroeder and 



26 
 

Munthe, 1998; Schroeder et al., 1991; Slemr et al., 1985). Hg0 is relatively inert to 

chemical reactions, is sparingly soluble in water and has a lifetime of approximately 1-

2 year (Lindqvist and Rodhe, 1985; Slemr et al., 1985), hence its redistribution 

globally, is made easy in the atmosphere (Durnford et al., 2010; Fitzgerald et al., 1998). 

Its current background concentration in the northern and southern hemisphere is 

considered to be in the range of 1.5 – 1.7 ng m-3, and 1.1 – 1.3 ng m-3, respectively 

(Lindberg et al., 2007; Lindqvist and Rodhe, 1985; Slemr et al., 1981). 

 

In contrast, both Hg2+ and Hgp have much shorter lifetimes, in the order of a few days 

to a week (Lindqvist and Rodhe, 1985; Slemr et al., 1981) (Table 2.4). However, they 

are both rapidly deposited from the atmosphere. Hg2+ is removed by both wet (rain and 

snow) and dry (aerosols) deposition processes while Hgp is washed out (Lindberg and 

Stratton, 1998). Wet deposition involves the removal of Hg2+ from gas-phase and 

aerosol-phase while dry deposition involves surface uptake of both Hg0 and Hg2+ 

(Zhang et al., 2009). Hgp is released directly from emission sources (Keeler et al., 

1995) but may also form when gas-phase mercury binds to particles (Pirrone et al., 

2000; Forlano et al., 2000). 
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Table 2.4: Basic information of airborne mercury species (Valente et al., 2007). 

 

Order Mercury 

species 

Abbreviation Occurrence 

in air (% 

Atmospheric 

life span 

Reactivity 

1 Gaseous 

elemental 

mercury 

GEM, Hg0, or 

Hg(0) 

>95 1 month-1.5 

yrs 

Inert 

2 Reactive 

gaseous 

mercury 

RGM or 

Hg(II) 

<1 1 day-1 week Highly 

reactive 

3 Particle-

bound 

mercury 

Hgp <1 1 day-1 week Reactive 

4 Organic 

mercury 

MeHg <3 of TGM  Reactive 

 

 

60% of mercury deposition occurs over land and only 40% over water (oceans, seas, 

lakes, rivers, etc.) (Mason et al., 1994). This is achieved by the oxidation of Hg0 into 

the disposable Hg2+ (Ariya et al., 2008; Brooks et al., 2006; Lindberg et al., 2002), 

which possibly occurs in the clouds (Lin and Pehkonen, 1997). This reaction may take 

place in the gas phase, and aqueous phase (in cloud and fog droplets and deliquesced 

aerosol particles), and heterogeneous reactions (partitioning of elemental and oxidised 

Hg species between the gas and solid phases, and the solid and aqueous phases for 

insoluble particle matter scavenged by fog or cloud droplets). Table 2.5 lists, and 

Figure 2.4 shows the most important reactions occurring in the atmosphere.  
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Table 2.5: Atmospheric mercury and transformation processes. 

Type of Reaction Reaction References 

Oxidation in the 

gas phase 
ὌὫὫ   ὕ  O   ὌὫὕ Ὣȟί   ὕ  Hall, 1995 

ὌὫὫ ὔὕᶻ O ὌὫὕὫȟί ὔὕὫ Sommar et al., 1997 

ὌὫὫ ὅὰὫ O  ὌὫὅὰὫ Stein et al., 1996 

ὌὫὫ Ὄὕ Ὣ ᴼὌὫὕὌ Ὣȟί Tokos et al., 1998 

ὌὫὥή ὕὌᶻ Ὣ ᴼ ὌὫὕὌᶻ Ὣ Sommar et al., 2001 

ὌὫὕὌᶻ Ὣ+ ὕ Ὣ ᴼὌὫὕὫȟί
ὌὕᶻὫ 

Oxidation in the 

liquid phase 
ὌὫὥή ὕ ὥή Ὄὕ

ᴼὌὫ ὥή ςὕὌ ὥή
ὕ ὥή 

Iverfeldt & Lindqvist, 

1986 

ὌὫὥή Ὄὕ ὥή ςὌ
ᴼὌὫ ὥή ςὌὕ 

Iverfeldt & Lindqvist, 

1986 

ὌὫὥή ὕ ὥή Ὄ
ᴼὌὫ ὥή ὕὌ ὥή
ὕ ὥή 

Munthe, 1992 

ὌὫὥή ὕὌᶻ ὥή
ᴼὌὫ ὥή ὕὌ ὥή 

Lin & Pehkonen, 1997 

ὌὫ ὥή ὕὌᶻ ὥή
ᴼὌὫ ὥή ὕὌ ὥή 

ὌὫὥή Ὄὕὅὰὥή
ᴼὌὫ ὥή ὕὌ ὥή
ὅὰὥή 

Lin & Pehkonen, 1999 

Reduction in the 

liquid phase 
ὌὫ ὥή Ὓὕ ὥήO ὌὫὛὕὥή 
ὌὫὛὕὥήO ὌὫὥή ὖὶέὨόὧὸί 

Pleijel & Munthe, 1995 

ὌὫ ὥή Ὄὕᶻὥή
ᴼὌὫ ὥή ὕ ὥή
Ὄ ὥή 

Pehkonen & Lin, 1998 

ὌὫ ὥή Ὄὕᶻὥή
ᴼὌὫὥή ὕ ὥή
Ὄ ὥή 

Photoreduction 

in the liquid 

phase 

ὌὫὕὌ ὥήO ὌὫὥή ὖὶέὨόὧὸί Xiao et al., 1998 

Equilibrium ὌὫ ςὅὰP ὌὫὅὰ Lin & Pehkonen, 1999 

ὌὫ τὅὰP ὌὫὅὰ Lin & Pehkonen, 1999 

ὌὫ ςὕὌᴾὌὫὕὌ  Lin & Pehkonen, 1999 

ὌὫ Ὓὕ ᴾὌὫὛὕ Lin & Pehkonen, 1999 

ὌὫ ᴾὌὫ ὌὫ  Munthe & McElroy, 

1992 
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In the gaseous phase, oxidants and radicals are responsible for oxidizing Hg0 to Hg2+ 

and they include: ozone (O3), hydrogen peroxide (H2O2), NO2, and nitrate radicals 

(NO*3), hydroxyl radicals (*OH & HO*2), organoperoxyl radicals (RO*2), 

respectively. The O3 and *OH radicals may be the most important oxidants in the 

oxidation of Hg0 resulting in the higher concentration of Hg(II) in the aqueous phase 

(47% of total Hg0 oxidation is by O3, Lin and Pehkonen, 1998a) and occurs during the 

day time. Halogens (Br2, BrO, Cl2, HOCl, and Cl*) represent an important type of 

oxidants in the marine boundary layer (Hedgecock and Pirrone, 2001; Lin et al., 2006) 

and in the Arctic environment (Lindberg et al., 2002). It is can be volatilized from sea-

salt aerosol produced from oceans surfaces (Keene et al., 1996), or aqueous sea-salt 

particles (Oum et al., 1998), and produced from the photolysis of ozone. This reaction 

occurs at night-time, reaching its peak concentration just before sunrise (Impey et al., 

1997).  

 

 

 

Figure 2.4: Schematic  diagram  of  the  most  important  transformation  processes  

of  mercury  in  the atmosphere (Travnikov and Ryaboshapko, 2002). 
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Aqueous-phase chemistry is associated with particle and droplet chemistry (rainwater, 

cloud water or fog water) (Seigneur et al., 1994). Oxidation of gaseous Hg0 and 

reduction of Hg2+ take place simultaneously in the atmospheric aqueous phase. The 

important oxidants are O3, H2O2 (Iverfeldt and Lindqvist, 1986; Munthe, 1992), *OH 

radicals (Lin and Pehkonen, 1997) and HOCl (Lin and Pehkonen, 1999) (Table 2.5). 

These reactions are dependent on their individual concentrations, their solubility, the 

pH, and the temperature of the water phase. For instance, lowering concentration of 

Cl2 or increasing pH can cause considerable oxidation due to the great increase in 

chlorine solubility in water (Lin and Pehkonen, 1998). Chlorine becomes dominant 

during the night when the concentration of both the ozone and hydroxyl radicals are 

decreased due to the absence of the sun light (Lin and Pehkonen, 1999a). In the 

daytime, marine and terrestrial atmosphere, O3 is the most predominant oxidant for Hg0 

due to an increase in the concentration of ozone radicals (Lin and Pehkonen, 1999b; 

Seigneur et al., 1994). Halogen and its compounds (Cl2, Br2, I2 or BrO/ClO) act as 

alternative oxidants for Hg0 (Ariya et al., 2009).  

 

Hg2+ in fog and raindrops is removed by adsorption onto particulate matter, 

particularly, if the particulate matter is rich in elemental carbon (soot) as the adsorption 

coefficient for Hg on soot is high and due to the great amount of soot in the atmosphere 

(Petersen et al., 1998; Pirrone et al., 2000). Therefore, deposition of Hg2+ is by both 

dry and wet processes. Particulate-bound Hg undergo similar reactions to those of gas-

phase Hg compounds. 

 

However, Hg2+ in the aqueous phase, may also be removed by reduction to Hg0 by 

SO3
2- and HO*

2 (Table 2.5) (Pleijel and Munthe, 1995). SO3
2− exists in the atmosphere 

due to the elution of the emitted pollutant, SO2. However, because of the short 

residence time of SO3
2− in clouds or fog, the contribution of SO3

2- to the Hg0 production 

is generally low, lasting only for a few hours. HO*
2 is generated from photo-chemical 

processes in the atmosphere and these radicals are non-specific in their reactions. 

Photoreduction of a variety of halide- and organo- Hg2+ complexes may result in the 
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formation of Hg0. The photoreduction Hg2+ complexes showed that their pathways 

were not significant. However, sulphite, on the other hand, is the predominant reductant 

for aqueous Hg2+ when pH and aqueous sulphite concentration are optimal to maximise 

HgSO3 formation. Otherwise HO*
2 is the dominant reductant (Lin and Pehkonen, 

1998). 

 

According to Slemr et al., (2011) there has been a steady decrease in the tropospheric 

mercury concentration within both hemispheres from 1995 to 2009. This could be 

attributed to a shift in the biogeochemical cycle of mercury being possibly influenced 

by the following reasons: (a) the decrease of anthropogenic emissions, (b) the 

acceleration of the oxidation of mercury in the atmosphere, (c) the decrease of 

emissions from the legacy of historical mercury use and emissions, and (d) changing 

emissions from the oceans and soils to global change. However, the decreasing 

emissions from historical mercury use and emissions appears to be the most plausible 

explanation for the observed trend (Slemr et al., 2011). 

 

2.2.2 Soil and sediments 

Soils are known to be sinks for pollutants. The residence time of mercury in soils is 

estimated to be 80-100 yr (Fitzgerald and Lamborg, 2003; Smith-Downey et al., 2010). 

Natural emissions and re-emissions account for 35-70% of total mercury deposition in 

most regions (UNEP, 2013), while 5-60% of the deposited mercury is re-emitted within 

a few days (UNEP, 2013; Amyot et al. 2004; Hintelmann et al. 2002). Mercury that is 

not re-emitted, is associated with vegetation, i.e., mercury in the vegetation comes from 

atmosphere while mercury in the roots comes from the soil (Obrist, 2007). Mercury is 

absorbed through the gaseous exchange at the stomata of vegetation (Lindberg et al., 

1992). It is recirculated and incorporated into soil pool via throughfall and literfall of 

vegetation (Grigal, 2002). Adsorbed mercury remains in the soil, slowly decaying and 

contributes to large soil mercury reservoir, which turns over slowly. This pool is 

responsible for the historical mercury emissions, which recycle mercury to the 

atmosphere over a long period of time (Driscoll et al., 2013). Studies of sediment, peat 
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and ice core suggest that mercury deposition peaked between 1950 and 1990 in most 

sites (Schuster et al., 2002; Biester et al., 2007; Muir et al., 2009; Mast et al., 2010).  

 

Mercury is largely adsorbed onto the soil organic matter (top 4 inches of soil profile) 

by binding to reduced sulphur functional groups (Kim et al., 1997). Organic matter 

(fulvic and humic acids) complexes with mercury compounds and affects the 

transportation of mercury (Johansson et al., 1991; Johansson and Iverfeldt, 1994). 

Deposited Hg (>90%) in terrestrial ecosystems largely accumulates in soil organic 

matter (Skyllberg et al., 2003). On the soil surfaces, approximately 1–2% of total 

mercury is in the methylated form and is usually bound largely to organic matter 

(Kabata-Pendias and Mukherjee, 2007; Ravichandran, 2004). The remaining 98-99% 

of total soil mercury can be attributed to Hg2+ complexes (Mason  et al., 1994), though 

a small fraction of this will be Hg0 (Revis et al., 1989). Hg2+ has a strong tendency to 

form complexes with Cl-, OH-, S2-, S containing functional groups of organic ligands 

and NH3. Hg2+ forms stable complexes, due to its high reactivity with dissolved ligands 

and high water solubility. Inorganic sulphide binds mercury very strongly and plays an 

important role in the speciation of Hg in anoxic environments (Ravichandran, 2004). 

The predominant mercury form in acidic soils is HgCl2 while in the basic to neutral 

soils is Hg(OH)2 (Kim et al., 1997).  

 

A small fraction of soil Hg, in association with dissolved or particulate organic matter, 

can be transported by riverine fluxes to reducing (anoxic) zones where methylmercury 

(MeHg) production is high. These zones include wetlands, riparian zones and surface 

water sediments. Factors such as temperature, hydrology, and hydrologic perturbations 

(i.e., changes in discharge, hydroperiod, and reservoir management), the supply of Hg2+ 

in a bioavailable form, labile organic carbon, and reducing conditions affect the 

methylation process (Munthe et al., 2007). This process is largely a microbial process, 

mediated by sulphate-reducing bacteria and to a lesser extent, mediated by iron-

reducing bacteria (Fleming et al., 2006; Kerin et al., 2006; Gilmour and Henry, 1991). 

As is known, mercury has an extremely high affinity for organic matter, humic 
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substances (HS) and sulphur-containing ligands (Wallschläger et al., 1996; Hintelmann 

et al., 1995). Some mercury is absorbed onto dissolvable organic ligands and other 

forms of dissolved organic carbon (DOC). These often form stable complexes and thus 

this fraction of mercury has lower mobility and toxicity. Within the DOC, humic 

substances contribute to the vast majority of the binding capacity for mercury. 

Complexation with DOC generally limits the amount of Hg2+ available for uptake by 

methylating bacteria. Mercury associates with iron oxides under oxidizing conditions 

while organic matter and sulphides under more reducing conditions (Skyllberg et al., 

2000; Heyes et al., 2004). Organic matter interacts with iron oxides and sulphides, thus 

oxidation-reduction cycles of iron that impact organic matter will also impact 

associated mercury (Krabbenhoft et al., 2005).  

 

The recycling of mercury from soil to the atmosphere is aided by reduction of Hg2+ to 

Hg0. This process is achieved via abiotic processes, although recent research has shown 

that biotic processes play a crucial role, as well (Fritsche et al., 2008; Gabriel and 

Williamson, 2004). Temperature (Kim et al., 1995; Lindberg et al., 1995) and solar 

radiation (Carpi and Lindberg, 1998; Gustin et al., 2002) enhance this process. In dry 

ecosystems, the presence of moisture in the soil from precipitation, promotes 

volatilization of soil mercury (Gustin and Stamenkovic, 2005). 

 

2.2.3 Aquatic  

Atmospheric mercury enters water environment through (i) direct deposition (wet and 

dry) of Hg2+ and methylmercury from atmosphere, (ii) runoff of Hg2+ and 

methylmercury bound to suspended soil/organic matter or attached to dissolved organic 

carbon, and (iii) leaching of Hg2+ and methylmercury into groundwater and surface 

waters (Figure 2.5). In aquatic systems, Hg2+ can be reduced to Hg0, which is then 

emitted to the atmosphere (Engstrom, 2007) or can be methylated to methylmercury 

by microorganisms, such as sulphate-reducing bacteria (Compeau and Bertha, 1985; 

Watras et al., 1995) (Figure 2.5). In surface waters, mercury occurs as dissolved 

gaseous mercury (Hg0), Hg2+, and small fraction of MeHg (Sunderland et al., 2010; 
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Sunderland and Mason, 2007). Hg2+ exists both in the dissolved phase and attached to 

particulate matter, both living (phytoplankton, zooplankton) and detritus (Mason, 

2009). The oxidation of Hg0 and reduction of Hg2+ is controlled by both abiotic 

(photochemical reactions) and biotic processes. These processes occur simultaneously, 

establishing an equilibrium (Whaling et al., 2007; Mason et al., 2001). In the biotic 

processes, reduction of Hg2+ to Hg0 occurs in the presence of algae, bacteria (Mason et 

al., 1995), and organic matter (Costa and Liss, 1999). Approximately 70% of the 

deposited mercury in aquatic environments is re-emitted to the atmosphere as Hg0 

(Corbitt et al., 2011; Soerensen et al., 2010; Mason and Sheu, 2002). 

 

 

Figure 2.5: Generalised view of mercury biogeochemistry in the aquatic 

environment. (Hudson et al., 1994)  

Wetlands (Rudd, 1995) and lake sediments (Gilmour et al., 1992) are important 

environments where methylation occurs. Speciation of mercury in the water column of 

the riparian systems is of great environmental importance, since it can be used as a tool 
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to monitor and control the ultimate transfer of mercury to wetlands and also the 

capacity of water bodies to accumulate large amounts of mercury in their sediments 

(Ulrich et al., 2007). Three sources of MeHg identified in freshwater ecosystem are 

terrestrial runoff, direct atmospheric deposition onto the lake surface and MeHg 

produced in the sediments, the water column and in the intestinal contents of fish 

(Rudd, 1995). However, in ocean waters, it can be concluded that the source of MeHg 

is different from the freshwater and coastal ecosystems, as proven by the presence of 

dimethyl mercury (Me2Hg), suggesting that the organisms responsible are different. In 

open-ocean surface waters, the total MeHg is low as compared to the intermediate 

layers, where enhanced net methylation occurs. In these mixed layers (>1000 m), 

particulate matter is being degraded (Sunderland et al., 2009), it’s a region of low 

oxygen (Stramma et al., 2008), and changes in the microbial structure in the ocean 

water column (Heimburger et al., 2010).  

 

Methylation is the primary pathway by which mercury enters the food chain (Sorenson 

et al., 1990). Once in the food chain, the levels of mercury in aquatic organisms 

increased as larger organisms consumed smaller ones thus it bioaccumulated and was 

biomagnified to toxic levels such that when consumed by human beings it resulted in 

mercury poisoning. Both Hg2+ and MeHg can be removed from the water column 

bound to particulate matter into sediments (Fitzgerald et al., 1991) or evasion to the 

atmosphere (Mason and Benoit, 2003). The MeHg level is dependent on both the 

methylation and demethylation processes occurring in the bottom sediment (Winfrey 

and Rudd, 1990). Due to the photochemical reactions, demethylation and reduction of 

Hg2+ can take place thus preventing bioaccumulation of MeHg in fish. Winfrey and 

Rudd (1990) and Driscoll et al., (1994) have shown that a correlation exist between 

MeHg levels in fish and the lake pH. A decrease in pH, results in higher concentration 

of MeHg in fish tissue. This is attributed to increased amount of H+ (aq) displacing 

Hg2+ from the binding sites and thus leads to methylation of Hg2+. 
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Boudou et al., (2005) has clearly demonstrated that the presence of anoxic zones as 

created within the Petit-Saut reservoir facilitates mercury methylation and downstream 

bioaccumulation in fish species, via the direct and/or trophic transfer routes. The 

formation of neutral HgS complex, which was suggested to be a critical step for the 

uptake of mercury by methylating bacteria, was dominant at low concentrations of 

sulphide (Benoit et al., 1999). However, at low sulphide levels, thiols may then become 

competitive for mercury binding due to the fact that thiols have very strong binding 

constants and will dominate the Hg2+ species distribution under most environmental 

conditions (Haitzer et al, 2002). In oxic natural waters, the most important inorganic 

ligands are Cl- and OH- while DOC is the most important organic ligand. The 

predominance of DOC regulating Hg2+ speciation in aerobic freshwaters is now widely 

accepted, however, under brackish to marine conditions where Cl- concentrations are 

high, mercury speciation is less certain. 

  

 

2.3 Major anthropogenic sources in South Africa 

2.3.1 Mercury emissions from coal mining and usage 

Coal mining activities in South African are located in the Free State, Gauteng, 

KwaZulu-Natal, Limpopo, Mpumalanga, and the North West provinces, which hosts 

19 coalfields (Figure 2.6). They are concentrated in the Vryheid Formation of the Ecca 

Group of the Karoo Sequence. Generally the carbon content of the coals increases 

eastwards while the number of seams and their thickness decrease. Thus, Mpumalanga 

and Limpopo Province coals are usually classified as bituminous, occurring in seams 

up to several meters thick, while KwaZulu-Natal coals are often anthracitic and are 

found in relatively thin seams.  
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Figure 2.6: Coalfields of South Africa (Pinheiro, 2000). 

 

 

South Africa is 7th world’s largest coal producer, with 72% of total coal produced used 

for the country’s primary energy needs, and 28% is exported internationally, making 

South Africa the fourth largest coal exporting country. Locally, 53% is used for 
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electricity generation, 33% for Sasol’s synthetic fuel production, 12% for metallurgical 

industries (Arcelor-Mittal), and 2% for domestic heating and cooking. 95% of the 

country’s electricity is generated from coal-fired power stations (Jeffrey, 2005). 

Approximately 96% of South African coal is bituminous thermal grade, 2% is 

anthracite, and 1.6% is metallurgical quality (coking) (Chamber of mines South Africa, 

Department of energy and minerals, 2007). 96% of the coal reserves are less than 200 

m below the surface and over half the reserves are contained in seams thicker than 4 m 

(Cadle et al., 1993). 

South Africa’s estimated total remaining recoverable coal reserves is about 51 billion 

tons (Jeffrey, 2005), a 200 year supply at the current production rate. More than 70% 

of the estimated total reserves is contained in the Waterberg, Highveld and Witbank 

coalfields (Jeffrey, 2005). Witbank coalfields are the most important in South Africa, 

producing about 55% of South Africa’s saleable coal (Hancox and Gotz, 2014; Jeffery, 

2005). It’s currently nearing depletion, and the likely replacement is the Waterberg 

coalfields, sitting with an estimated recoverable resource of 15000 Mt of in-situ 

bituminous coal (Dreyer, 2006; Jeffrey, 2005). Other important coalfields include, the 

Highveld in Mpumalanga, Sasolburg-Vereeniging in the Free State/Gauteng, and small 

operations in the KwaZulu-Natal province. The Highveld coalfields are largely 

responsible for supplying coal-fired power plants, Sasol’s Synthetic Fuels (SSF), and 

Sasol Chemical Industries (SCI). Sasolburg-Vereeniging coalfields also supply SSF 

and SCI, as well as Lethabo power station while the remaining coal reserves of the Free 

State are low-grade bituminous coal suitable for power generation.  

 

Coal is classified into four main types/ranks based on the amounts, types of carbon it 

contains, and on the amount of heat energy it can produce. These types are lignite, 

subbituminous, bituminous, and anthracite. The higher ranks of coal contain more heat-

producing energy (EIA, 2008; Kroschwitz and Grant, 1993).  

 

Lignite and sub-bituminous coals are the low rank coals characterised by high moisture 

levels, low carbon content (25-35% and 35-45%, respectively), and hence and low 
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energy content. These deposits tend to be relatively young and were not subjected to 

extreme heat or pressure, and are typically softer, friable materials with dull, earthy 

appearance. They are used almost exclusively for electricity generation, however, 

subbituminous coal is an important source of light aromatic hydrocarbons for the 

chemical synthesis industry.  

 

Anthracite and bituminous coals are higher rank coals, characterised by higher carbon, 

higher energy, and lower level of moisture content (< 1% and 1-5% for anthracite and 

bituminous coals, respectively, Kolker et al., 2006). They both were formed under 

intense heat and pressure, and differ by their carbon content, i.e. 86-98% and 45-86% 

carbon content for anthracite and bituminous coals, respectively. Both are used for 

steam electric power generation, coke production for metallurgical processes, cement 

making and to provide heat and steam in industry. South African coals, are generally 

categorized as low rank bituminous with a moderate to high ash content, 20-30% 

(Table 2.6) (Wagner and Hlatshwayo, 2005). 

 

2.3.1.1 Mercury concentration in South African coal 

Mercury is a natural constituent of coal, occurring in trace amounts. In South Africa, 

mercury in coal lies in the range of 0.1 to 0.4 mg kg-1, with an average mercury 

concentration of 0.327 mg kg-1 in Highveld coalfields and 0.2 mg kg-1 in Witbank 

coalfields (Watling and Watling, 1982; Lusilao-Makiese et al., 2012). Lusilao-Makiese 

et al. (2012) studied the Highveld and Witbank coals of South African and determined 

the average mercury concentration to be 0.199 ± 0.03 mg kg-1, a value higher than the 

global average of 0.120 mg kg-1 (Zhang et al. 2004). The average mercury 

concentration in Highveld coals (0.219, 0.183, and 160 mg kg-1) obtained by Lusilao-

Makiese et al., (2012); Wagner and Hlatshwayo (2005); and Kolker, Twalt and 

Finkelman (2011) were comparable, even though they were determined in  
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Table 2.6: Estimated remaining recoverable reserves and coal type at the end of 2000 

(Jeffery, 2005). 

 

Coalfields Reserves 

(Mt) 

Coal Type Uses 

1. Tuli (Limpopo)     107.00 Bituminous Coking 

2. Waterberg 15103.00 Bituminous Coking, steam 

3.Mopane (Western 

Soutpansberg 

    260.89 Bituminous Coking 

4. Tshipise (Central 

Soutpansberg 

5.Venda-Pafuri (Eastern 

Soutpansberg 

6. Springbok Flats   1700.00  Coking, steam 

7. Witbank 10139.77 Bituminous Coking, steam 

8. Kangwane     146.04 Anthracite Coking 

9. Free State   4918.78 Bituminous 

(low grade) 

Steam 

10. Vereeniging-Sasolburg   1898.09 Bituminous 

(low grade) 

Steam; SSF, 

SCI 

11. South Rand     707.97 Bituminous 

(low grade)  

Steam 

12. Highveld 10006.51 Bituminous Steam 

13. Ermelo   4596.89 Bituminous Coking, steam 

14. Klip River     569.74 Anthracite Coking, steam 

15. Utrecht     584.53 Anthracite Coking, steam 

16. Vryheid     122.20 Anthracite Coking, steam 

17. Nongoma       82.82 Anthracite Coking, steam 

18. Somkele 

19. Molteno-Indew  Bituminous 

(low grade) 

Steam 

 

different years and different seasons, respectively. The average mercury concentration 

for Waterberg coals was 1.63 mg kg-1 (Wagner and Tlotleng, 2012), 

approximately 5 times higher than the average concentration of mercury found in the 

Highveld and Witbank coals, and was above the maximum value of 1 mg kg-1 indicated 

by Swaine (1994). The mercury concentration was determined for the Highveld, 

Witbank, and Waterberg coals, mainly to due to the fact that more than 70% of total 

coal produced comes from these coalfields. For the estimation of mercury emission 

from South African coal, an average concentration value of 0.2 mg Hg kg-1 was used. 
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One consequence of the mining and combustion of coal is the mobilization of trace 

elements, especially mercury, which has environmental and human health significance. 

Although mercury is present in trace amounts in coal, it can contribute significantly to 

the mercury load, as large amount of coal are used in the coal-fired power stations for 

generation of electricity, and also the fact that coal is the primary source of energy in 

South Africa. With an increase in the demand for electricity, the commissioning of two 

new coal-fired power stations, and de-mothballing three existing coal-fired power 

station, inevitably, mercury emissions will increase, unless strict emission control 

strategies are implemented.  

 

2.3.1.2 Mode of occurrence 

The occurrence of mercury in coal is due to natural geological processes, and its 

concentration in coals is influenced by parameters such as moisture, carbon content, 

sulphur, ash yield, etc., amongst other parameters (Mukherjee et al., 2008; Yudovich 

and Ketris, 2005). Mercury is a chalcophile element (with great affinity to sulphur-

containing components in coal), and a coalphile element (associated with organic and 

inorganic matter in coal) (Yudovich and Ketris, 2005). Sulphur in coals can be divided 

into three categories: pyritic sulphur, sulphur in sulphate minerals, and organic sulphur 

(Alvarez et al., 1997). Mercury, generally, is bound to organic sulphur or sulphide 

(pyritic) mineral matter. These two forms of mercury phases are dominant, and their 

occurrence control the mercury distribution in coal. It is generally incorporated in 

pyrite and the proportion varies with mineral paragenesis (Kolkar et al., 2006). 

According to the Yudovich and Ketris (2005a) the mercury-sulphide association 

dominates in coal, generally. This was indirectly confirmed by the (a) highly positive 

correlation (R=0.97 and 0.99) between mercury and mineral sulphide content observed 

for two sets of 10 density fractions, and (b) sequential leaching analysis of 32 USA 

bituminous coals using oxalic acid, hydrochloric acid, hydrofluoric acid, nitric acid, 

showed that mercury was associated with sulphide minerals. The mercury–pyrite 

association accounts for 65–70% of the mercury in some coals. Some mercury could 
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be associated with the organic sulphur compounds present in coal (Diehl et al., 2004). 

This was shown by a positive correlation between mercury and organic sulphur 

(Yudovich and Ketris, 2005; Diehl et al, 2004; Toole-O'Neil et al., 1999). High sulphur 

coals usually contain higher amounts of mercury, associated with pyrite. In low-

sulphur coals, mercury exist in low concentration, and the dominant phases are organic 

and sulphide minerals. In coal cleaning, substantial amounts of mercury, associated 

with coarse–grained pyrite, can be removed (Finkelman, 1994). As a result 50% to 60% 

of the mercury remaining in the cleaned coal product is associated with organic sulphur 

and inorganic sulphide, and the rest is disseminated in tails, sludges, and middlings. 

 

South African coals are considered to contain low mercury levels and low sulphur 

content (Wagner and Hlatshwayo, 2005). These coals are associated with pyrite, 

followed by the organic fraction, and then carbonate (Wagner and Hlatshwayo, 2005). 

Coals from Vereeniging-Sasolburg coalfields are also associated with the sulphide or 

carbonate minerals while coals from the Witbank No. 4 seam (South Africa) showed 

that most of the trace elements determined had a chemical affinity for sulphide 

minerals, specifically pyrite (Bergh et al., 2011).  

 

2.3.1.3 Mercury from power generation 

Of the 17 fully operational coal-fired power plants in South Africa, 10 are state-owned 

(NERSA, 2005), while the remaining seven are either owned by municipalities or 

private companies. Eight of the operational coal-fired power stations are located in the 

Mpumalanga Province, a Highveld Priority Area due to the coal related pollutants from 

Eskom’s power stations (Table 2.7) (Scorgie, 2012). 
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Table 2.7: Mercury emissions from coal-fired power plants of South Africa in 2006 

(Masekoameng et al., 2010). 

 

Power 

Plant 

Emission 

Control 

Device 

Emission 

Reduction 

Factor 

Coal 

Combusted 

(M tonnes y-1) 

Hg in coal 

(mg kg-1) 

Hg 

emissions 

(Tonnes) 

      

Arnot FF 0.5  8.06 0.17 0.69 

Duvha ESP&FGC 0.5 15.91 0.23 1.83 

Hendrina FF 0.5  8.75 0.21 0.92 

Kendal ESP&FGC 0.1 20.12 0.44 7.97 

Kriel ESP&FGC 0.1 11.72 0.34 3.59 

Lethabo ESP&FGC 0.1 22.79 0.36 7.38 

Majuba FF 0.5 11.83 0.29 1.72 

Matimba CS-ESP 0.1 18.08 0.45 7.32 

Matla ESP&FGC 0.1 16.87 0.29 4.40 

Tutuka CS-ESP 0.1 11.65 0.29 3.04 

      

TOTAL     38.86 
ESP ï Electrostatic precipitators; FF ï Fabric filters; FGC ï Flue-gas Conditioning. 

 

 

In 2001, South African’s total mercury emission was estimated to be 9.75 Mg, based 

on mercury concentration in coal of 0.15 mg kg-1 (Dabrowski et al., 2008). With the 

introduction of the three mothballed power stations and two new coal-fired power 

stations planned to be commissioned in 2015 and 2017, mercury emission will 

inevitably increase, worsening the impact of pollution on the environment and human 

beings, making Mpumalanga and surrounding areas a mercury emissions potential 

hotspot. 

 

2.3.1.4 Mercury emissions from coal gasification 

South Africa's oil-from-coal industry (SASOL) is second major coal user, in which 

low-grade coal (ash of about 20 - 30%) is used to produce viable alternative fuels and 

chemicals. Synthetic fuels are produced by conversion of low-grade coal into 

petroleum products while gasification of coal via the Fischer-Tropsch process produces 

synthesis gas, rich in hydrogen and carbon dioxide (van Dyk et al., 2006). Sasol plants, 

(17 and 80 fixed bed dry bottom gasifiers at Sasolburg and Secunda, respectively) 
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processed in excess of 35 million ton of bituminous coal to produce synthesis gas, 

which is converted into some 2.5 million ton of liquid fuels, and large quantity and 

variety of petrochemicals (Leaner et al., 2009). 70% of the coal used is gasified, and 

30% is used for steam generation (Wagner et al., 2008). 

 

The mercury content in the coals ranged from 0.009 to 0.24 mg kg-1, with an average 

content of 0.15 ppm (Wagner et al., 2008). During the gasification of coal, mercury 

partitions between the crude syngas stream exiting the gasification process and the 

gasification ash. As much as, 2.5-20% Hg reports to the ash, and small proportion or 

less in the liquid hydrocarbon co-products fraction (Wagner et al., 2008). In the crude 

syngas, mercury exist as Hg0 (Bunt and Waanders, 2008), due to its high volatility, and 

its removal together with other volatile elements (As, Se) is by the gas cleaning process, 

known as the rectisol process. Mercury is discarded off as per requirements of mercury 

containing waste during maintenance cleaning. This process contributes more to 

mercury-containing general waste than to atmospheric mercury emissions. In 2006, 4.2 

tonnes Hg was released to the general waste from the coal gasification while 2.0 tonnes 

were released as atmospheric mercury emission (Masekoameng et al., 2010). Mercury 

emissions are expected to increase mainly due to Sasol’s intention to increase the coal 

gasification process capacity by 2015 (Sasol, 2008). Of the 30% coal utilised for steam 

and electricity generation, an estimated 80% of the mercury associated with coal is 

emitted into the atmosphere (Wagner et al., 2008). Wagner and Hlatshwayo (2008) 

concluded that the gasification process is a more efficient coal utilisation process in 

terms of limited or zero Hg emissions from coal when compared to the combustion 

process. 

 

2.3.2 Mercury emissions from gold mining 

Mercury, naturally, occurs together with gold in the Witwatersrand goldfields and 

initially, was used to recover gold in the amalgamation process. However, its use has 

led to mercury pollution in the environment. During the reprocessing of the old tailings 
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dumps, it was remobilised resulting in its release and eventual re-contamination of the 

environment. 

 

2.3.2.1 Mode of occurrence 

Gold was discovered in 1886, in Langlaagte, central rand in the Witwatersrand 

goldfields (Frimmel & Minter, 2002). More than 50 000 tons of gold have been 

produced from seven major goldfields distributed in the Witwatersrand (Robb & Robb 

1998) (Figure 2.7).  

 

 

Figure 2.7: Map of the Witwatersrand basin to show major gold fields (Viljoen and 

Reimold, 1999). 
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Most of the gold is located within conglomeratic units, known locally as reefs 

(Hayward et al., 2012). In these beds, it’s associated with rounded pyrite and uraninite 

and is embedded in a fine grained, hard quartzitic matrix (Frimmel, 1997; Reid, 1988; 

Hallbauer & Barton, 1987; Janisch, 1986; Hallbauer & Von Gehlen, 1983). Within the 

matrix, the gold, pyrite, and uraninite occur together with minerals, such as zircon, 

rutile, chromite, uraninite, arsenopyrite, cobaltite, and rare platinum-group metals 

(Feather & Koen, 1975).  

Also minor elements such as silver, mercury and smaller amounts of bismuth, 

selenium, rhenium and osmium are found in the matrix (Kirk et al., 2003; 2001). The 

silicate minerals are the most abundant minerals in the conglomerate and include 

quartz, muscovite, pyrophyllite, chloritoid, biotite and chlorite (Frimmel & Minter, 

2002; Phillips, 1987). Pyrites are the second most abundant minerals, making up 3 – 

5% of the Witwatersrand conglomerates (Hallbauer, 1986). These included 

arsenopyrite, chalcopyrite, cobaltite, gersdorffite, sphalerite, galena and pyrrhotite 

(England et al., 2002; Hallbauer, 1986). Other minerals included in the conglomerate 

are feldspar, calcite, corundum, spessartine, and bismuthinite (England et al., 2002). 

The mineral composition of the gold-bearing conglomerate mined in the Witwatersrand 

basin is summarised in Table 2.8. (Forstner, 1976; Janisch, 1986, Hayward, et al.; 

2005): 

 

Table 2.8: Mineral composition of a typical Witwatersrand gold reef (Feather and 

Koen, 1975). 

 

Mineral Abundance 

Quartz (SiO2), primary and secondary 70 – 90% 

Muscovite and other phyllosilicates 10 – 30% 

Pyrites 3 - 4% 

Other sulphides 1 – 2% 

Grains of primary minerals 1 – 2% 

Uraniferous Kerogen 1% 

gold ̴ 45 ppm in the Vaal Reef 
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According Hayward et al., (2012), the Witwatersrand gold grains contain highly 

variable silver (Ag) and mercury (Hg) contents, varying from 0.8 – 5 wt% for Ag and 

0.25 - 3 wt% for mercury, respectively. Frimmel & Gartz, (1997) and Hallbauer & Els, 

(1986) reported ranges of 70 – 100 wt% for Au, 0 – 30 wt% for Ag and 0.6 – 5.8 wt% 

for Hg, respectively, of concentrations in gold particles. Von Gehlen (1983) studied 

the Hg content of gold grains, which range from 0.3% Hg in Barberton to 3% Hg in 

VCR (Ventersdorp Contact Reef, Western Deep). 

 

2.3.2.2 Informal, artisanal and small-scale gold mining 

In addition to the formal mining sector, informal gold mining takes place in those areas 

of the country where there are old mine workings or tailings dams, for example in the 

vicinity of Nigel in Gauteng, and Barberton and Sabie in Mpumalanga Province. This 

informal sector is distinct from the illegal operations in which mine output is stolen 

from the formal mining sector either at the mines or from the smelters. At present in 

South Africa, the informal mining operations in abandoned mines and the reworking 

of tailings is also on the increase. Most of these operations include sand and clay 

mining, as well as diamond and gold mining. Zama-Zama are considered to be illegal 

under the state and customary law. They fall outside the existing legislative framework 

as legitimate stakeholders and work outside of customary structures as well 

(Nhlengetwa, 2014). 

 

According to the CSIR, it was estimated that in 1998 there were at least 1 250 informal 

gold miners active in South Africa. Since then, no other figures have been collated. 

Collectively, these miners are thought to produce less than 1 ton of gold annually, much 

of which is believed to be traded mainly with their suppliers of mercury based in 

Swaziland and Mozambique. According to Mutemeri and Petersen (2002), 20 000 is 

the number of artisanal to small-scale miners active in South Africa. Their crude and 

inefficient methods, to concentrate gold, employ Hg for the final extraction and are 

practiced on open pit to primitive underground excavations, old mine workings and 

mine dumps. 
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In terms of artisanal gold mining, Veiga et al. (2005) reported that as much as 50% of 

Hg vapours produced during artisanal gold mining practices are emitted into the air. 

These are subsequently deposited via wet and dry deposition onto land and into aquatic 

ecosystems. Furthermore, mercury wastes from artisanal gold mining can remain in the 

soil and sediment for several years (Ramirez et al., 2003) with long-term deposition 

and bioaccumulation of mercury-contaminated soil and sediment posing an 

environmental threat. The impacts of artisanal gold mining activities in the Inkomati 

WMA could be sustained in the cycling and mobilization of mercury-contaminated 

sediments in the water column. Therefore, this lack of information or limited available 

information on the actual mercury measurements and/or mercury concentration levels 

in the gold mining environment in South Africa signals the need to evaluate the major 

mercury sources in the gold mining sector and its impacts environmentally and effects 

on human beings. 

 

2.3.2.3 Mineralogical composition of gold ores 

Schroder et al. (1982) measured Hg emissions from gold extraction and refining 

processes and estimated total Hg emissions to be 193 kg yr-1 based on a total annual 

gold production of 706 tonnes. This Hg originates as trace level contaminant of the 

gold ore that is released to the atmosphere during gold processing and refining. This is 

the only South African study where an emission estimate is based on measured data. 

According Hayward et al., (2012), the Witwatersrand gold grains contain highly 

variable Ag and Hg contents, varying from 0.8 wt. % Ag and 0.25 wt. % to 5 wt. % for 

Ag and 3 wt. % for Hg within West Wits goldfields. Von Gehlen studied the Hg content 

of gold grains, which range from 0.3% Hg in Barberton to 3% Hg in VCR (Western 

Deep) (van Gehlen, 1983). Amalgamation  of  gold  concentrates  are  still  effectively 

employed  on  a  manual  basis,  despite  possible  objections, since  the  procedure  

offers  little  scope  for  mechanisation. Consumption  of  mercury  fluctuates  between  

10  and  40  mg per  ton  of  milled  rock  whilst  mercury  losses  during retorting  

normally  do  not  exceed  0.02  g  per  ton  milled. Approximately  43%  of  the  total  

South  African  gold  output  is still attained  by  amalgamation (Forstner et al., 1976).   
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2.3.3 Mercury emissions from mine waste 

Mining operations pose the greatest threat to human health and the environment due to 

the fact that they generate large quantities of wastes, and contain potentially toxic 

contaminants (Csavina et al., 2011; Brotons et al., 2010; Neuman et al., 2009; 

Petavratzi et al., 2005). Mineral dust and aerosol, generated from mining operations 

and tailings storage facilities (anthropogenic origin), are associated with higher levels 

of chemical contaminants (Vega et al., 2001), while mineral dust of natural origin is 

associated with lower levels of chemical contaminants (Reheis et al., 2009). Artisanal 

gold mining, smelting and processing, industrial mining and uranium mining were 

identified as four of the world’s top ten pollution problems (Ericson et al., 2008). As, 

Cd, Cr, Hg, Mn, Ni, Pb, and V are associated with ultrafine particulates and have been 

suspected of causing sinusitis, asthma, and chronic bronchitis, pneumonia, lung 

haemorrhage, lung cancer and brain haemorrhage (Choi et al., 2009). Particle size of 

particulate matter plays a major role in the distribution of dust, and determines the 

depth of penetration and deposition in the respiratory system, where trace metal 

absorption efficiency ranges from 60-80% resulting in impairing the physiological 

function of the lung based on bioavailability of toxic metals (Espinosa et al., 2001; 

Infante and Acosta, 1991). Based on their potential to cause adverse health effects, 

particles are defined into 3 categories, namely: (1) ultrafine particles, <0.1 µm, (2) fine 

particles, <1 µm, and coarse particles, >1µm (as shown in Figure. 2.8 and 2.9) (Kampa 

et al., 2008). ). They are also categorised as: (1) respirable fraction, <2.5 µm (PM2.5), 

(2) inhalable fraction, <10 µm (PM10) (Charlesworth et al., 2011), while according to 

European Committee for Standardization and British Standard Institute (1993) 

classification, particulate matter is classified as inhalable (<100 µm); thoracic (10 - 25 

µm) and respirable particulates (0 - 10 µm).  
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Figure 2.8: Schematic representation of the size distribution of particulate matter in 

ambient air (USEPA, 1996). 

 

 

 

Figure 2.9: The inhalable, thoracic and respirable convention as percentage of total 

airborne particles (European Committee for Standardization and British Standard 

Institute, 1993). 
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Gold mining activities in the Witwatersrand basin has generated six billion tonnes of 

mine waste since the beginning of mining in 1886 (GDARD, 2011; Sutton and 

Weiersbye, 2007; Robb and Robb, 1998). This has led to the development of 

approximately 270 tailings storage facilities (TSFs), covering an area of about 180km2 

(Rösner et al., 2001). According to Sutton (2008), 88% of the mine residues deposits 

(MRD) are found within 1000 m of formal residential areas, with 71% within 500 m. 

In some cases, informal settlements and industries (Selby) have been built on tailings 

footprints, TSFs have been used as playgrounds (Sutton, 2008), and this has led to the 

population being exposed to the dust heavily laden with toxic metals and metalloids. 

The immediate environment surrounding the TSFs is susceptible to pollution 

emanating from these sources. Heavy metals (As, Cr, Co, Cu, Cd, Fe, Hg, Mn, Ni, Pb, 

Zn), metalloids, alkali earth elements, and radionuclides have been found in the TSFs 

environment (Da Pelo et al., 2009; Wade and Coetzee, 2008; Aucamp and Van 

Schalkwyk, 2003). Tutu (2005) determined the total metal concentration of tailings in 

the Witwatersrand to be in the range from 2.00 - 17 340 mg kg-1 with toxic metals 

contributing as follows: As (9 - 30 mg kg-1), Co (0.3 - 18 mg kg-1), Cr (79 - 254 mg kg-

1), Cu (16 - 34 mg kg-1), Fe (11200 - 18980 mg kg-1), Mn (49 - 106 mg kg-1), Ni (0.5 - 

20 mg kg-1), Pb (19 - 49 mg kg-1), and Zn (6 - 47 mg kg-1).  

 

Majority of the TSFs in the central rand lie in close proximity to the river systems, 

wetlands, and dams (Mphephu, 2001). Both tailings and mobilised metals are 

transported by streams into the dams. The dams thus act as sinks for sediments. In a 

study conducted by Ndasi (2007), he determined the concentration of mercury in the 

Russel stream sediments. It ranged from 100 to 13 700 µg kg-1. The highest 

concentration of mercury was found in the clay type sediments (5 500 – 13 700 µg kg-

1). Most of the sediments came from the Crown mine tailings dumps placed a few 

kilometers upstream. During rainfall, water run-off erodes the tailings dams together 

with efflorescence formed which are transported into nearby streams and rivers (Rösner 
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and van Schalkwyk, 2000; Rösner et al., 2001). Clay minerals are more easily washed 

away by water. 

 

Dust from tailings dams is a major contributor to poor quality ambient air in the 

Witwatersrand, especially from abandoned mine tailings (Annegarn, 2011; Annegarn 

et al., 1990). Dust pollution peaks are experienced during the months of late July to 

early October, where wind speeds in excess of 7 m s-1 are experienced (Ojelede et al., 

2012). Cumulative dust concentration in excess of 5000 mg m-2 day-1 have been 

reported for tailings that have not been rehabilitated (Scorgie, 2006; Annegarn and 

Sithole, 2002). Due to the increase in the incidences of wind erosion from tailings 

dams, the Department of Environmental Affairs developed a draft set of regulations for 

dustfall (Table 2.9). During the months of August to October (2007), two sites from 

the Durban Roodepoort Deep (DRD) tailings dams recorded dust fall above the 

ALERT level of 2 400 mg m-2 day-1 and several more sites exceeded the ACTION level 

of 1 200 mg m-2 day-1 (Annegarn, 2007). During this period, wind speeds ranging 

between 6-8 m s-1 were experienced. This highlights the levels of air pollution coming 

from the tailings dams, and the dispersion and distribution of toxic metals and 

metalloids contained within the dust over great distances.  

 

Table 2.9: South African national dust fall out standard (Department of Environmental 

Affairs (2012). 

 

Restriction Areas Dustfall rate, D 

(mg m-2 day-1, 30-day 

average) 

Permitted frequency of 

exceeding dust fall rate 

Residential areas D < 600 Two within a year, not 

sequential months 

Non-residential areas 600 < D > 1 200 Two within a year, not 

sequential months 

 

The occurrence of quartz in the dust from Witwatersrand gold mine tailings storage 

facilities has been studied (Annegarn et al., 1988, 1990; Belle, 2005). Studies have 
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proved the link between quartz (crystalline silica) and the occurrence of silicosis 

(Hnizdo et al., 1995, 1994, 1993). 

During one of these periodical dust storms, it was observed that particulate matter 

(PM10) concentration reached a daily maximum of 2160 µg m-3, giving a weekly 

average of 508 µg m-3 for the 7 day sampling period (Ojelede et al., 2012). When 

compared to the Department of Environmental Affairs (DEA), daily ambient 

concentration of PM10 limit of 120 µg m-3, it was considered to be very high, and the 

effects experienced during these storms included soiling, reduced visibility, irritation 

of the eyes, and ingestion of particulate matter (Bullock, 2006). This may lead to 

adverse health effects because PM2.5 is a respirable fraction of particulate matter, which 

is easily deposited in the alveoli of the lungs, and it’s usually associated with toxic 

heavy metals (Hg, As, Pb, etc), which can be dissolved in the lung fluids resulting in 

the distribution to the whole body. PM100 particles are retained in the nasal cavities, 

while PM0.1 can penetrate deep into the respiratory system, alveoli, where they can be 

retained and absorbed (as expressed in Table 2.10).  

 

Table 2.10: Effects of particle size of dust in lungs 

 

Dust Penetration (µm) Effects 

10-100 Retained in the nasal cavities. 

  

5-10 Penetrates trachea, bronchial tubes, bronchioles or can 

be spat out or swallowed in the oesophagus. If the dust 

is too high, then dust particles may reach the alveoli of 

the lungs. 

  

0.5 Very thin dust forms a deposit in the alveoli of the 

lungs. Under 0.5 µm, the dust particles behave like gas 

inside the body and align with the breathing cells. 

 

 

One of the major problems in Gauteng is the increasing development of settlements 

(both formal and informal) beyond the buffer zones (mine reserves), and adjacent to 

the tailings (Annegarn, 2006; Aucamp and van Schalkwyk, 2003). This has led to a 
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large growing population living within and around the tailings dams. It was made worse 

with the sprouting of squatter camps around the tailings dams’ area and in some cases, 

appearing on tailings footprints. This situation created a socioeconomic problem for 

the government because of the potential adverse health problems associated with 

mineral dust (air pollution) from the tailings dams. Unfortunately, this problem has 

escalated out of control due to failure by government to implement and enforce existing 

legislation (maintaining buffer zones within the vicinity of the tailings dams, adherence 

to particulate matter emissions limits, complying with disposal limits, rehabilitation of 

tailings dams, etc. (Table 2.11). 

 

Table 2.11: Comparison of air quality standards between South Africa, United States 

and WHO. 

 

Pollutant  Average 

Time 

WHOa 

(µg m-3) 

USA EPAb 

(µg m-3) 

SA NAQSc 

(µg m-3) 

PM2.5  Annual 10 12 25 

  24 hr 25 35 65 

PM10  Annual 20 50 60 

  24 hr 50 150 180 
a World Health Organisation (2005) 
b U. S. Environmental Protection Agency (2011) 
c Department of Environmental Affairs (2009) 

 

 

Ojelede et al., (2012), observed that both older and recent tailings dams are enriched 

in the respirable and thoracic fractions (PM5 and PM10) of the particulate matter, with 

slime tailings dams contributing greatly to the ambient particulate load than sand 

dumps. These tailings are responsible for the release of particulate matter (mineral or 

aeolian dust) laced with toxic pollutant metals during the dust storm periods of the year, 

due to wind erosion of the tailings, and reprocessing of old mine tailings for their 

residual gold content (Blight, 2007; Annegarn, 2006; Naicker et al., 2003). This 

process has resulted in the deterioration of ambient air quality, and fine dust particles 

being dispersed into the atmosphere, and transported over large distances. Of interest, 

is the fact that erosion occurs both in dry season (winter) and wet season (summer) 
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indicating that wind erosion is an important component of total annual erosion (Blight, 

2007).  

 

In a study conducted by Kaonga and Ebenso (2012), it showed that more particulate 

matter emission was recorded in Kanana (a township in a gold mining area in 

Klerksdorp) than for Phokeng (a township in a platinum mining area in Rustenburg). 

This implies that the gold mining area appears to be emitting more particulate matter 

into the atmosphere than platinum mining. This may be attributed to the improved 

processing techniques allowing for finer milling and efficient extraction of residual 

gold content resulting in finer grain sizes in the tailings. However, this phenomenon 

could not be concluded from this once off comparison. There could probably be many 

more activities in Kanana that generate more atmospheric aerosols than in Phokeng. 

Certainly detailed source point measurements could help determine the causes of the 

difference in atmospheric aerosols in these two areas. Further studies are on-going. 

 

2.3.4 Mercury from point sources (industries) 

Outside the two major mercury sources, coal combustion and gold mining, cement 

production, ferrous metals production, and waste incineration are equally important 

sources of mercury (UNEP, 2002).  

 

2.3.4.1 Cement production 

Sources of mercury in the cement production are mainly derived from the raw 

materials. Major sources are coal for firing cement kilns, fly-ashes, and gypsum from 

combustion of coal while minor sources are limestone and oil (based on the quantity 

used). Fly-ash and gypsum may significantly increase the total input of mercury to 

cement production, depending on materials. Mercury exist naturally and in trace levels 

in these raw materials, therefore an increase in production means increase in the 

mercury emissions. During cement production, mercury is released through emission 

into the atmosphere, to a lesser extent to the soil, through wastes and residues, and in 

the cement product. 
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The industry contributes about 10% emission to the total anthropogenic mercury 

emissions, globally (UNEP, 2013). In South Africa, estimated mercury emissions from 

cement production units was 3.9 tonnes and 0.4 tonnes to air and waste, respectively 

(Masekoameng et al., 2010), in 2006. A similar value of approximately 3.77 Mg in 

2005, was obtained by Leaner et al. (2009).  Emissions are expected to increase as the 

cement industry has proposed to implement the use of alternative sources of fuel, 

particularly hazardous waste materials such as tyres, sewage sludge, etc. These 

materials may contain various levels of mercury and produce toxic gaseous emissions. 

Unfortunately, in South Africa, this industry is not regulated for sulphur, nitrous 

compounds or any cancer causing chemicals such as volatile organic compounds or 

persistent organic pollutants such as dioxins and furans or heavy metals such as 

mercury. The industry is only regulated for dust or particulates. Due to lack of 

legislation, the communities surrounding these plants, and the environment at large are 

susceptible to pollution coming from cement plants. Projected government 

infrastructure development, construction of coal-fired power stations and private sector 

developments will increase the demand for cement, which will most likely result in an 

increase in mercury emissions. 

 

2.3.4.2 Ferrous metal production-iron and steel 

Coal is used as a source of fuel and for the production coke that used in the smelting 

of iron ore. The major source of mercury emissions is from the production of coke 

(Pacyna et al., 2006). Mercury emissions was estimated to be 2.7 tonnes yr-1 

(Masekoameng et al., 2010). Coke production is responsible for about one-third of the 

mercury emitted while the two-thirds came from scrap metal smelting. A further 0.29 

Mg Hg was estimated to be released from pig iron and steel processing. 

 

In relation to the global mercury emission levels from the ferrous metal production, 

there was decrease in the emission levels from 200 tons in 2005 to 45.5 tons in 2010 

(Table 2.2). This was attributed to the global recession, however, due to the rapid 
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industrial growth experienced largely by China, demand increased for the iron products 

and hence mercury emission increased as well. Currently mercury emissions are 

expected to increase as South Africa produces to fulfil its export quarter of iron ore and 

its products to the east, as well as fulfil the local market. 

 

2.3.4.3 Non-ferrous metal production – primary products 

Mercury emissions from the primary metal ores (especially copper, lead and zinc 

smelting) is depended on the various technology used to process the ores, the mercury 

content in the ores, and the type of control devices used during processing. This 

industry was responsible for an estimated average of 0.32 Mg Hg yr-1 in 2004 (Leaner 

et al., 2009). 

 

2.3.4.4 Consumer products, waste deposition (landfills) and incineration 

Various mercury-containing products (batteries, lamps, and electric switches) are 

either discarded as general waste in landfills or incinerated. In South Africa, mercury-

containing fluorescent tubes are discarded together with general waste in the landfills. 

According literature, landfills release gas containing various amounts of heavy metals, 

including Hg (Nguyen et al., 2007; de la Rosa et al., 2006; Lindberg et al., 2005). 

However, in South Africa mercury levels in landfill gas have not yet been determined. 

An estimate of 0.46 kg Hg (0.0005 Mg Hg) was released from a total of 1 829 066 

fluorescent tubes imported in 2004, with an estimated average Hg concentration of 10 

mg per item (Leaner et al., 2009). This a conservative estimate and Hg emissions are 

expected to increase due to a drive towards using energy efficient fluorescent tubes 

(Kumar et al., 2003; ESKOM, 2002). 

 

Medical waste in South Africa is expected to be separated before disposal or 

incineration. Although the preference is to have the potentially hazardous medical 

waste incinerated instead of land filled. In 2004, an estimate of 0.60 Mg Hg was 

released to the environment. Poorly maintained, malfunctioning and lack of working 
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incinerators, both in public and private sectors, coupled with illegal dumping of 

medical waste, are likely to increase Hg emissions to the environment. 

 

 

2.4 Human health risk associated with mercury 

2.4.1 Toxicology of mercury 

Generally, human beings are exposed to mercury in a chronic, low dosage ways for 

long periods of time, and in high dosage ways for short periods of time. Inhalation of 

mercury vapour, ingestion of MeHg from fish, and dermal absorption of mercury from 

application of cosmetics are the most important routes of human exposure to mercury 

(WHO, 1991 & 1990). There are concerns about the health effects of mercury and the 

proportion of anthropogenic mercury in the environment. Table 2.12, summaries the 

natural and anthropogenic inputs into the environment. 



59 
 

Table 2.12: Summary of toxicity for three important mercury species (NRC, 2000). 

 

MeHg Hg(0) Hg(II) 

Exposure 
Fish, marine mammals, 

crustaceans, animals and 

poultry fed fish meal. 

Dental amalgams, fossil 

fuels, occupational 

exposure, incinerators 

Oxidation of elemental 

mercury or demethylation 

of MeHg; deliberate or 

accidental poisoning with 

HgCl2 

Absorption 
Inhalation: Vapours of 

MeHg absorbed 

Inhalation: ≈80% of 

inhaled vapour Hg0 dose 

readily absorbed in lungs  

Inhalation: Aerosols of 

HgCl2 absorbed 

Oral: Approximately 95% 

of MeHg in fish readily 

absorbed from GI tract 

Oral: GI absorption of 

metallic Hg is poor; any 

released vapour in GI tract 

converted to mercuric 

sulphide and excreted 

Oral: 7-15% of ingested 

dose HgCl2 absorbed from 

the GI tract; absorption 

proportional to water 

solubility of mercuric salt; 

uptake by neonates greater 

than adults 

Dermal: in guinea pigs, 3-

5% of applied dose 

absorbed in 5 hr 

Dermal: Absorption of Hg0 

vapour through human skin 

is very low relative to 

inhalation absorption 

Dermal: In guinea pigs, 2-

3% of applied dose of 

HgCl2 absorbed 

Distribution 
Distributed throughout 

body since lipophilic; ≈1-

10% of absorbed oral dose 

of MeHg distributed to 

blood; 90% of blood MeHg 

in red blood cells; readily 

crosses blood-brain and 

placental barriers 

Rapidly distributed 

throughout the body since it 

is lipophilic. Readily 

crosses blood-brain and 

placental barriers 

Highest accumulation I 

kidney; fraction of dose 

retained in kidney is dose 

dependent. Does not readily 

penetrate blood-brain or 

placental barriers 

Metabolism 
Slowly demethylated to 

Hg2+ 

Hg(0) is oxidized in tissue 

and blood to Hg2+ 

Hg2+ not methylated in 

tissue, but process may 

proceed in GI tract 

mediated by gut 

microorganisms 

Excretion 
About 1% of burden 

released, mostly via bile 

and feces 

Excreted as Hg0 in exhaled 

air, sweat, and saliva, and 

as mercuric Hg 

Excreted in urine and feces; 

also excreted in saliva, bile, 

sweat, exhaled air, and 

breast milk 
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2.4.1.1 Elemental mercury 

Hg0 is the main form of mercury released into the air by both natural and anthropogenic 

processes. Inhalation is the major exposure route with 80% of inhaled Hg0 retained 

(Clarkson, 2002) while ingested Hg0 is poorly absorbed with a bioavailability of less 

than 0.01%, and limited dermal absorption of Hg0 takes place (Park and Zheng, 2012). 

Hg0 accumulates in red blood cells, distributed to all tissues, and easily penetrates 

biological membranes, including the blood–brain barrier and the placental barrier. Its 

ability to cross the placental barrier results in the exposure to developing foetus in 

pregnant woman’s body. Infants may also be exposed to mercury from a nursing 

mother’s milk. Hg0 is oxidised to the Hg2+ in the red blood cells and tissues in a few 

minutes. However, even though it is rapidly oxidised to Hg2+, it remains in the vapour 

form in the blood for a short time, long enough to penetrate blood-brain barrier before 

oxidation takes place. Hg2+ accumulates in the brain because Hg2+ will not effectively 

cross the blood–brain barrier (Park and Zheng, 2012). The blood plasma mercury 

decreases in two processes: short half-time of less than a day and a longer one of about 

10 days, therefore blood mercury levels reflect recent exposure (Clarkson et al., 2002).   

 

Hg0 accumulates in the central nervous system while mercury molecules accumulate 

in the brain (Friberg and Mottet, 1989) and with increased time of exposure it’s 

eventually found in the kidneys (Park and Zheng, 2012). Hg0 can also be absorbed 

through the mucosa and connective tissue of the nasal cavity and transported to the 

brain via the nerve cells. Mercury from the dental amalgam reaches the brain through 

the same way pathway (i.e., nerve cells, olfactory pathway) (Henriksson and Tjälve, 

1998). After exposure to Hg0, it diffuses into the blood and distributed into all organs 

of the body. The main route of excretion is via the urine and feces. Urine represents the 

cumulative dose from the kidney, hence it’s used a biological marker. The biological 

half-life of Hg is estimated to be approximately 30 to 60 days in the body (Dart RC, 

2004). The half-life of mercury in the brain is not entirely clear, but is estimated to be 

approximately 20 years. Hg0 is bound strongly to selenium or SH-groups after 
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oxidation in the brain, which may contribute to the accumulation in the brain for a long 

time (Friberg and Mottet, 1989).  

 

Toxicity 

Following exposure to inhalation of Hg0, ingestion or dermal application of inorganic 

mercury-containing medicinal products, neurological and behavioural disorders in 

humans have been observed. Neurotoxic symptoms such as tremors, emotional 

liability, insomnia, memory loss, neuromuscular changes, headaches, polyneuropathy, 

and performance deficits in tests of cognitive and motor function have been associated 

with exposure to Hg0. In children exposed to excessive levels of Hg0 and/or Hg2+ leads 

to acrodynia and photophobia effects. Exposure to mercury results in variable effects 

being experienced. 

 

Acute exposure to high levels of Hg0 can lead to central nervous system damage, 

evidenced by the following symptoms such as tremors, paraesthesia, memory loss, 

hyperexcitability, erethism, and delayed reflex, which are commonly reversible (Liu et 

al., 2008), resulting in severe lung damage, and even death due to hypoxia (Park and 

Zheng, 2012). It occurs in three phases: initial, intermediate, and final phases. The 

initial phase presents flulike symptoms lasting 1-3 days, followed by the severe 

pulmonary toxicity, the intermediate phase, and finally gingivostomatitis, tremor, and 

erethism (memory loss, emotional lability, depression, insomnia, and shyness). 

 

With chronic exposure to Hg0, the central nervous system and kidneys are the targeted 

organs, and the clinical symptoms experienced were triad of tremors, psychological 

disturbances or erethism, and gingivitis (Clarkson and Magos, 2006; Research Triangle 

Institute, 1999). Tubular damage in the kidney results in proteinuria, and in severe 

cases, nephrotic syndrome can occur. Also abnormalities in sensory and peripheral 

nerve conduction occurs (Research Triangle Institute, 1999). The human immune 

system can be affected, resulting in a decreased resistance to infection, cancers, or 

immune dysregulation that can induce the development of allergy or autoimmunity 
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(Moszczyński, 1999). The principal mechanism of mercury toxicity is the non-specific 

inhibition of enzyme systems and cellular damage due to mercuric ions having a high 

affinity to the sulfhydryl groups of proteins in the cells and oxidative stress and 

autoimmune response (Clarkson and Magos, 2006; Choi et al., 1999). 

 

A case study was done on the potential effect of mercury in dental amalgam fillings. 

The amalgam contains about 50% metallic mercury, and is either released as mercury 

vapour or Hg2+. Approximately 2 - 5 µg d-1, which is 25 – 50% of the total mercury 

from dental amalgam fillings is absorbed daily by an adult (Spencer, 2000). In the oral 

cavity, Hg0 is absorbed through the respiratory system while Hg2+ are assimilated in 

the gastrointestinal tract. Both Hg0 and/or Hg2+ are distributed by the blood to most of 

the organs in the body. The major source of Hg0 in the general population has been 

attributed to the dental amalgam fillings. This has been confirmed by evidence from 

several studies, where mercury levels in the urine and blood were associated with 

dental amalgam fillings exposure (Ahlqwist et al., 1999; Kingman et al., 1998; 

Kostyniak, 1998). This was confirmed by the positive correlation between dental 

amalgam filling and urine mercury level in elementary school children (Jung et al., 

2012). Once the amalgam fillings were removed, the amalgam-related symptoms 

(Melchart et al., 1998), and reduction of the mercury levels in blood and urine was 

observed (Sandborgh-Englund et al., 1998). However, there is an on-going debate 

about the severe adverse health effects caused by mercury absorbed from dental 

amalgam fillings. In spite of all this, World Health Organization expert group accepted 

dental amalgam as a principal source of Hg0 in the general population (World Health 

Organization, 1991). 

 

2.4.1.2 Inorganic mercury 

Inorganic mercury compounds are non-volatile, water-soluble, and exposure is rarely 

through inhalation. Instead, it is generally absorbed through the gastrointestinal tract, 

with a bioavailability of 7 – 15% after ingestion, found to concentrate in the kidneys, 

and produce kidney damage, which is a major target organ of inorganic mercury (Liu 
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et al., 2008; Park and Zheng, 2012). Chan (2011) suggested that Hg2+ may be absorbed 

through the skin by the transport of Hg across the epidermis and via the sweat glands, 

sebaceous glands, and hair follicles. Hg2+ is insoluble in lipids and has a biological 

half-life of 60 days (Dart and Sulliva, 2004), and is therefore, excreted through the 

urine faeces.  

 

Toxicity 

High acute exposure to mercury salts occurs through oral exposure and approximately 

1 to 4 g of HgCl2 is fatal in adults (Von Burg, 1995). This results in the corrosive 

damage to the gastrointestinal tract, leading to the development of mercurial stomatitis 

and impaired kidney function. Mercury salts are generally irritants on the skin that 

cause dermatitis, discoloration of the nails and corrosion of oral mucous membranes, 

and may cause corrosive burns. Because of their generally solid and non-volatile state 

at room temperature, it’s rare to be exposed to mercury salts through inhalation 

(Research Triangle Institute, 1999; Von Burg, 1995; World Health Organization, 

1991). 

 

Chronic exposure, from inorganic mercury leads to kidney damage, mainly in the 

proximal convoluted tubules (Park and Zheng, 2012), and the observed clinical 

symptoms are polyuria and proteinuria (Clarkson and Magos, 2006; World Health 

Organization, 1991). In children, inorganic mercury poisoning occurs in children who 

use teething powders containing mercury compounds. Symptoms include profuse 

sweating and erythematous rash of the palms and soles, anorexia, fatigue, irritability, 

apathy, photophobia and polydipsia (Park and Zheng, 2012). Hg2+ is responsible for 

the toxicity effects in the brain due to its strong affinity for selenium and 

selenoproteins. The long-term retention of Hg2+ in the brain as HgSe, results in the 

accumulation of mercury in the brain tissue for years, inducing or promoting 

neurodegenerative diseases (Clarkson, 2007; Friberg and Mottet, 1989).  
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Special attention has been paid to the skin enlightening creams and cosmetic products. 

Skin enlightening creams, cosmetic soaps, and ointments are being used, mainly in 

Africa, Asia, Europe and North America (United Nations Environment Programme, 

2008). However, these products contain mercury and mercury salts such as 

ammoniated mercury, mercury iodide, mercurous chloride, mercurous oxide, and 

mercuric chloride. Hg2+ is absorbed through the skin by the transport of mercury across 

the epidermis and also via sweat glands, sebaceous glands, and hair follicles (Chan, 

2011). Mercury salts inhibit melanin formation by competing with copper in tyrosinase 

(Engler, 2005), resulting in skin lightening. The use of skin lightening products 

containing mercury have led to mercury poisoning. In China, a 34-year-old woman 

developed nephritic syndrome after using a skin lightening cream, and her blood and 

urine mercury concentrations returned to normal after chelation therapy with D-

penicillamine (Tang et al., 2006). In Mexico, the following symptoms developed on a 

30-year-old woman after using a cosmetic cream for a 5 years; malar rash, erythema 

on the palms and soles, hypersalivation, intention tremor, emotional liability, 

weakness, and insomnia (Tlacuilo-Parra et al., 2001).  

 

2.4.1.3 Methylmercury (MeHg) 

Mercury released into the environment both as Hg0 vapour from burning processes and 

as Hg2+ in aqueous phase contaminates water, sediments, and soil. It was observed that 

active transformation of Hg2+ to MeHg species takes place in water, sediments and 

soils. Methylmercury then bioaccumulates in the plankton, molluscs, and finally in the 

muscle tissues of fish predators and other fish eating marine mammals, leading to 

methylmercury poisoning of fish eating communities. Approximately 95% of MeHg in 

fish ingested by human was found to be absorbed from the gastrointestinal tract into 

the blood stream, and distributed to all tissues readily crossing most biological 

membranes (blood-brain and placenta barriers) with ease (Figure 2.10). 

 

MeHg is able to achieve high mobility in the body, mainly due to the formation of 

small molecular weight thiol complexes, which are readily transported across cell 
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membranes. MeHg attaches itself to the sulphur atoms of thiol ligands in the amino 

acid cysteine forming a complex whose structure mimics that of the large neutral amino 

acid, methionine. This results in the methylmercury-cysteine complex acting as a 

neutral amino acid and enters cells on the amino acid carriers. 

 

MeHg accumulates in the scalp hair. This is achieved through the accumulation of the 

methylmercury-cysteine complex together with other normal amino acids into the hair 

follicles. The synthesis of keratin proteins incorporates the methylmercury-cysteine 

complex, and it also contains a high content of cysteine residues providing a storage 

for the transported methylmercury (Yu et al., 1993). 

 

 

Figure 2.10: Schematic diagram showing the deposition and metabolism of 

methylmercury in a pregnant woman. 

 



66 
 

MeHg is largely found in the hair, the brain and in the red blood cells. In the hair, the 

hair to plasma ratio is about 2500 to 1, brain to plasma ration is about 50 to 1 and the 

red blood cells to plasma ration about 20 to 1 (Figure 2.11) (Clarkson et al., 2007). 

Some ingested MeHg is converted into Hg2+ in the gastrointestinal tract by microflora. 

However, Hg2+ formed, is poorly absorbed, therefore the major portion is eliminated 

through the fecal route (Clarkson, 2002). Hg2+ slowly accumulates and is found in the 

central nervous system. Clarkson (1990) states the World Health Organization 

tolerance limit to be 430 ng Hg/kg/d based on average body weights of different age 

groups or 50 µg L-1, the minimum concentration before developing symptoms of Hg 

poisoning (Drake  et al., 2001) and the reference dose of MeHg is 0.23 µg Hg per kg 

bodyweight per day. Consumption of fish with higher concentration levels above the 

daily intake limit will result in accumulation of MeHg hence severe chronic effects of 

mercury. 

 

 

Figure 2.11:  The speciation and transport of mercury from blood to hair and brain. 

The relative concentrations of methylmercury in each compartment have been 

standardized to the plasma level of unity. 
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Extremely high levels of mercury in urine, blood, and hair in the order of 175 µg L-1, 

39 µg L-1, and 17 µg g-1, respectively were observed in amalgam smelters in Talawaan, 

Indonesia (Bose-O’Reilly et al., 2010). These workers are highly exposed to mercury 

contamination in the artisanal mining of gold. However, the mercury levels in blood, 

total mercury in hair, and organic mercury in hair came from the consumption of fish 

contaminated by MeHg (Bose O’Reilly et al., 2010). 

 

Toxicity 

Major toxic effects of MeHg are on the central nervous system. In adults, MeHg 

poisoning is characterised by latent period between exposure and onset of symptoms. 

Paresthesia (a numbness or a pins and needles sensation) develops due to lowest dose. 

This is followed by ataxia, dysarthria, constriction of the visual fields, and loss of 

hearing. The presence of Hg2+ in the brain is responsible for brain damage. High 

prenatal exposure of MeHg to expectant mothers resulted in offspring with severe brain 

damage. 

 

For short-term, high-level acute exposure to Hg0 and Hg2+, determination of blood 

mercury concentration is very useful. However, blood mercury does not correspond to 

the total body burden of mercury in the longer-term exposures because the level 

decrease within days of exposure (Risher, 2003).  

 

For long-term, chronic exposure, urinary mercury is the best biomarker, and a good 

indicator of body burden for exposure to both Hg0 and Hg2+. This is due to the 

accumulation of mercury in the kidney tissues, which serves as the deposition site 

during chronic exposure (Clarkson and Magos, 2006). Also, hair mercury is very useful 

for assessing chronic exposure (Hursh et al., 1985). Urinary mercury concentrations in 

an asymptomatic population would be <10 µg L-1 (ATSDR, 1999), and for blood 

mercury level in persons who do not eat fish is an estimated mean value of 2 µg L-1 

considered to be background blood mercury level (Nordberg et al., 1992). 
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2.4.2 Mercury bioaccessibility 

The terms ‘bioaccessibility’ and ‘bioavailability’ are commonly used in the field of 

human health and environmental risk assessment. Bioaccessibility defines a state in 

which a chemical can be dissolved by body fluids from soil into solution and is 

available for absorption, whilst bioavailability defines the process of absorption of 

leached chemicals via exposure routes and are transported to a target tissue (Ruby et 

al. 1999; Lioy, 1990; Hamel, 1998; Plumlee and Ziegler, 2007). Bioaccessibility is an 

in vitro measurement, whilst bioavailability is an in vivo determination. 

 

Bioavailability of metals is generally assessed by the following methods: statistical 

methods, observational studies, experimental studies, epidemiological studies, and 

computer models. Particular attention was paid to the experimental studies, in this 

literature survey, as this formed an important component of this research, i.e., studying 

the bioavailability of mercury from urban dust samples Due to the difficulty associated 

with determination of bioavailability in gastric and lung systems in vivo methodology, 

synthetic digestive and lung fluids have been developed. 

 

In vitro leaching procedures have become valuable tools in estimating the oral 

bioavailability of metals in soils (Ruby et al., 1993; Ruby et al., 1996). The fraction of 

metals dissolved in an in vitro leaching procedure is termed the bioaccessibility, which 

may be equated to the bioavailability by conservatively assuming that everything that 

is dissolved is taken up in systemic circulation (Ruby et al. 1999). To sum up, 

bioaccessibility encompasses what is actually bioavailable now plus what is potentially 

bioavailable. Figure 2.12 describes the bioavailability processes that determine the 

exposure to contaminants in both soil and sediment systems. The solid-bound 

contaminant (A) is released to a more accessible form (B), which is transported to a 

physiological membrane (C), uptake across the cellular membrane (D), and absorbed 

into the living system (E). 
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Figure 2.12: The bioavailability processes (A-D), where A, B, C, and D are processes 

governing bioaccessibility, while process D addresses bioavailability (Semple et al., 

2004). 

 

Metals have biological effects which can either be beneficial or harmful to the 

environment and human beings. Its harmful effects depend on exposure and 

bioavailability, i.e., how much metal enters and reaches the target organ(s) in the body. 

Therefore, in order to understand the bioavailability of a metal, its fate, transport and 

distribution in the environment, it needs to be assessed. Figure 2.13, illustrates the 

different exposure routes and the different types of body fluids that can be encountered 

by foreign materials during exposure. Table 2.13 gives an overview of the pathways 

for six important metals. 

 

In-vitro extraction methods have been developed and applied to soils, sediments and 

dust samples in order to determine bioaccessibility of mercury in the gastrointestinal 

tract, and respiratory tract (Paustenbach et al., 1997; Zagury et al., 2009; Gray et al., 

2010; Hu et al., 2011). 
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Figure 2.13: This schematic diagram illustrates the different exposure routes, the 

different types of body fluids and their composition encountered in the 

gastrointestinal and respiratory tract (Plumlee and Ziegler, 2006).  
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Table 2.13: Relevance of different media to metal exposures (Caussy et al., 2003)  

 

 Air Soil/Dust Water Biota/Food 

Arsenic + 

Occupational 

Smelters 

+ + 

Mining 

Smelting 

+ + 

Natural 

+ + 

Mercury + 

Occupational 

Cultural 

+ + + + 

 

+ + + +  

Methylation 

in sediments 

+ + + + 

Biomagnification 

MeHg in fish b 

Iron + + 

Occupational 

Mining 

+ + 

Mining 

tailings 

+ + 

Rust in pipes 

+ 

Tin + 

Occupational 

Smelters 

0 + + 

Organotin 

pesticides, TBT 

in fish b 

Lead + + 

Occupational 

Smelters 

Leaded 

gasoline 

+ + + 

Toddlers 

ingestion 

+ + 

Lead pipes 

and solder 

+ + + 

Leaded glazed 

and glass 

Paprika 

Wheat (Cairo) 

Chromium + 

Occupational 

+ + + + 

a + + + + Highly relevant; + + + medium relevant; + + relevant; + less or infrequently relevant; 
0 not relevant. 
b MeHg, methylmercury; TBT, tributyltin. 

 

 

2.4.2.1 Gastrointestinal  

Barnett et al. (2001), studied soil samples from EFPC floodplain and observed that the 

bioaccessible mercury was minimal at both pH 2.5 and 6.5, ranging from 0.3 to 14%, 

with an average of 3.2% total bioaccessible mercury in 19 soil samples in simulated 

stomach and intestinal environments, respectively. Only 4% of soil samples studies had 

greater than 5% bioaccessible mercury. These results were consistent with Ruby’s 

findings (Ruby et al., 1999), which was that the bioaccessibility in the simulated 

stomach fluid was almost twice the corresponding value in the intestinal fluids. This 

suggests that bioavailability and uptake are greatly influenced by the dissolution of 

soil-bound metals in the stomach fluids. It was observed that Hg bioaccessibility in 

soils is seldom higher than 5% (Barnett and Turner, 2001). According to Zagury et al. 
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(2009), the average bioaccessibility of mercury in the studied soils (collected close to 

a chlor-alkali plant in eastern Canada and near a gold mine in Quebec) was <3.2%. 

However, bioaccessible mercury in the certified reference material (CRM) 025-050 

sample (44.3% and 34.7% for gastric and intestinal phase, respectively) was more than 

10 times higher than the soil samples. From calcines samples, bioaccessible mercury 

varied from 1.2% to 2.8% (Gray et al., 2010), and these results were comparable to 

previously published data of bioaccessible mercury in soils, with a range of 0.3 to 46% 

(Zagury et al., 2009, Barnett and Turner, 2001, Davis et al., 1997). Bioaccessible 

mercury ranged from 1.1 to 4.4% and 1.5 to 7.5% from gastric and gastrointestinal 

fluids, respectively, for children exposed to mercury contaminated soils (Guney et al., 

2013). Bioaccessible mercury from simulated gastric fluid ranged from 0.013 to 0.28 

mg kg-1, 0.0062 to 0.044 mg kg-1, and 0.0044 to 0.026 mg kg-1 in industrial, mining, 

and urban soils, respectively, from Portugal (Rodrigues et al., 2014). These results were 

comparable to bioaccessible mercury concentration by gastric juice from urban dust 

samples from Nanjing, China (Hu et al., 2011). The Portugal sample results of 

bioaccessible mercury expressed as a percentage of total mercury ranged from 0.1% to 

0.7%, 0.1% to 1.2%, and 0.4% to 1.8% in industrial, mining and urban soils, 

respectively. Of interest, was the results of the mining soils from Iberian Pyrite Belt, 

South West of Portugal were comparable to mine-waste calcine samples from 

Almaden, Spain (Gray et al., 2010). 

 

In Guangzhou, China, bioaccessible mercury from both road dust and household dust 

samples in the stomach phase was approximately 15%, respectively (Huang et al., 

2014). However, in the intestinal phase, bioaccessible mercury was observed to have 

decreased slightly as compared to the stomach phase, with the greatest decrease 

experienced in the household AC filter dust samples (10%). Urban street dust from 

Nanjing, China contained an average of 0.045 mg kg-1 bioaccessible mercury from 

SBET protocol (Hu et al 2011), which expressed as a percentage of total mercury was 

39.1%. This value was considerably high as compared to previous studies conducted 

in similar dust samples, highlighting high pollution levels. 
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2.4.2.2 Respiratory 

Bioaccessible mercury from household dust (PM2.5) samples, from China, was found 

to be 20.66% in the simulated lung serum (Huang et al., 2014), with high enrichment 

factor (7.02) due to extra indoor sources. In the soil samples obtained from industrial, 

mining, and urban areas in Portugal, bioaccessible mercury was 5.8%, 1.0 %, and 4.1%, 

respectively, from simulated lung fluid (Rodrigues et al., 2014). 

 

2.4.3 Health risk assessment 

Health risk assessment has been used to establish the probably of adverse health effects 

in humans exposed to hazardous chemicals in contaminated environments both 

national and international levels (Put et al., 2001; World Health Organisation, 2000). 

According to the World Health Organisation (2000) guidelines, health risk assessment 

focuses on health hazard characterisation and health impact assessment. The health 

characterisation process involves the identification and assessment of the hazard in the 

environment and its effects on the human health based on the evidence from 

epidemiology studies while health impact assessment involves the quantification of 

contaminants’ (hazards) concentration and releases, the identification of exposed 

populations, the identification of potential exposure pathways and the estimation of 

contaminants intakes for each pathways for a range of scenarios and land uses.  

 

Health risk assessment for each exposure pathway of mercury was measured and 

compared to the toxicological reference value (TRV) for each of the forms of mercury. 

TRV were based on the principal toxicological observed effect (Table 2.14). The 

importance of risk characterisation is to estimate the non-carcinogenic and 

carcinogenic effects. 
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Table 2.14: Toxicological reference values (TRV) for all mercury species according 

to exposure (Morisset et al., 2013).  

 

Mercury 

species 

Exposure Toxicological 

effect 

TRV Source 

Hg0 Inhalation Neurotoxicity 0.3 µg m-3 US EPA, 

1995 

0.2 µg m-3 WHO, 2003 

0.2 µg m-3 RIVM, 2001 

IHg Inhalation Guideline 

value 

1.0 µg m-3 WHO, 2007 

Oral Nephrotoxicity 4.0 µg kg-1 

bw-1 week-1 

JECFA, 2011 

2.0 µg kg-1 

bw-1 day-1 

RIVM, 2001 

MeHg Oral Neurotoxicity 1.6 µg kg-1 

bw-1 week-1 

JECFA, 2003 

0.1 µg kg-1 

bw-1 day-1 

US EPA 2001 

0.3 µg kg-1 

bw-1 day-1 

ATSDR, 

1999 

 

 

2.4.3.1 Non-cancer health risk 

Non-cancer health risk is estimated using mathematical models developed by US EPA 

for chemicals with non-cancer risks (US Environmental Protection Agency 1989a, b). 

For non-cancer effect, in children, the inhalation of mercury vapour is the main route 

of exposure in all exposure pathways. The results were consistent with the observations 

obtained from the study conducted by Fang et al. (2011) and Meza-Figueroa et al. 

(2007). According to Sun et al. (2013), dust from the educational areas posed a high 

health risk of Hg on the children living in this area, as confirmed by the hazard indices 

of inhalation and direct ingestion.  

 

2.4.3.2 Cancer health risk 

The determination of cancer health risk is based on calculating the probability of 

developing cancer based on lifetime exposure, model and toxicity assumptions. 

Acceptable risk factors lie between 1.0E-06 and 1.0E-04, an acceptable value of one in 
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a million adopted in scientific literature remains without scientific evidence (US 

Environmental Protection Agency, 1991c). 

 

2.5 Analytical methods used for In-vitro determination of bioavailability of 

metals/metalloids 

Various simulated gastric juices and lung fluids have been used to study bioavailability 

of metals from different environment samples. Generally, these methods are grouped 

into two categories, namely: those with physiological components and those without 

physiological components. The mobility, bioavailability, and toxicity of trace elements 

in environmental media depends on chemical concentration of trace elements in 

environmental substrate (soils, sediments, dust, biota, etc.), substrate properties (pH, 

organic matter, chemical speciation of solids, surface area to volume ratio (particle size 

and particle composition), redox conditions, presences of anionic species etc.), and pH 

of the extraction solutions (Richardson et al., 2006; Krishnamurti and Naidu, 2003). 

 

2.5.1 Ingestion 

The following extraction protocols have been used to assess the bioavailability of 

metals through ingestion from different environmental media samples: 

The SGDB (saliva, gastric juice, duodenum, and bile juice) method simulates the 

digestive system from the mouth, stomach, and intestine (Oomen et al., 2003). The 

leaching solutions were composed of different salts at varying pHs based on the 

different areas of the digestive system they represented. 

Simplified bioaccessibility extraction test (SBET) has been used to simulate the 

stomach environment (Madrid et al., 2008; Kim et al., 2002). The leaching solution 

was made up of 0.4 M glycine adjusted to pH 1.5 with hydrochloric acid (HCl) and 

leached at 37°C. An intestinal phase was not used. This protocol was adapted from a 

procedure described by Ruby et al. (1996, 1993). 

A modified version of European Standard Toy Safety Protocol EN-71 (European 

Committee for standardization, 1995) was composed of 0.07 M HCl, and leached at 

37°C (Rasmussen et al., 2008). 
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In-Vitro Gastrointestinal method (IVG) was used to simulate the gastrointestinal 

environment. This solution contains physiological components such as porcine pepsin 

for the simulated gastric juice, while porcine bile extract, and porcine pancreatin are 

added to make up intestinal juice (Rodriguez et al., 1999). 

 

CDM method (Barnett and Turner, 2001) was used to simulate a child gastrointestinal 

tract. It was made up of pH-adjusted deionized water (pH 2.5), with a low solid:liquid 

ratio (≈0.4 g in 0.5 L solution), and did not contain any physiological fluids.  

 

From these methods, it was observed that bioaccessible mercury from simulated gastric 

juices was seldom higher than 5%.  

 

2.5.2 Inhalation 

Simulated lung fluids (SLF) have been used to evaluate human exposure to particulates 

from environmental emissions. Some of the most used SLF are outlined, in brief, 

below: 

Artificial lung fluid (ALF) was used to simulate an acidic (pH 4.5) fluid found in the 

upper region of the lung, i.e., alveolar and interstitial macrophages in the lung. 

Gamble’s solution represents a neutral (pH 7.4) solution found deep in the interstitial 

areas of the lung. 

Gray’s solution was modified from gamble’s solution and was designed to mimic extra 

cellular lung fluid. It was used to access bioaccessibility of mercury in human exposed 

to mercury through the inhalation of airborne calcine particles from mine waste (Gray 

et al., 2010; Eastes et al., 1995; Mattson et al., 1994).  
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2.5.3 Mercury fractionation 

Recently, sequential extraction procedures (SEP) have been developed to 

quantitatively evaluate forms of mercury in sediments, soil, and tailings (Beldowski 

and Pempkowiak, 2007; Sanchez et al., 2005; Bloom et al., 2003; Biester and Scholz, 

1997; Di Giulio and Ryan, 1987). The extraction steps of the SEPs for soils and 

sediments are critical mainly due to the challenges faced in obtaining adequate 

recovery by preventing losses, contamination or speciation changes, and limiting the 

interferences (Leermakers et al., 2005). Sequential extraction methods are 

advantageous because they are relatively easy to perform compared to other highly 

specialized analytical techniques. These extraction or leaching schemes have been used 

extensively to partially characterize the phase associations of metals in soils and 

sediments to identify the fraction or fractions of total metal that are or could become 

bioavailable (Tessier and Campbell, 1987; Campbell et al., 1988). 

Soil samples obtained near chlor-alkali plants and gold mine tailings showed low 

mobility of mercury, with a total bioavailable mercury of <2.2% coming from the sum 

of water soluble, exchangeable, and organic matter fractions. A large percentage of 

mercury was found in the residual fraction (Zagury et al., 1999). Mercury 

bioaccessibility showed strong correlation with the sum of water soluble and 

exchangeable fractions, suggesting that these fractions are potentially good indicator 

of mercury bioaccessibility in soils. According Bloom et al. (2003), 9 out 11 varied 

mercury-contaminated samples from natural environment contained >50% of mercuric 

sulphide fraction, showing that the mercury in these samples has low mobility therefore 

low bioavailability due to the insolubility properties of mercuric sulphide. With this 

method, Bloom et al. (2003), was able to achieve detection limits of 0.1 - 5 ng g-1 for 

all fractions and identified that the F3 (organo-chelated) fraction was mostly strongly 

correlated with sediment methylation potential from contaminated natural samples. 

Fernandez-Martinez et al. (2005), working on soil samples collected from mercury 

mine processing sites showed highest concentration of mercury in the semi-mobile 

fraction (52 - 56% of the total Hg), while the non-mobile fraction contained about 40%. 

These samples exhibited high mobile mercury concentration of 6.5% probably due to 
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the fact that these samples were collected downstream from the chimney and were 

probably subjected to intense weathering processes and accumulation of leachates from 

the wastes near the chimney. 

Sequential extraction protocols are designed for solubilising certain constituents 

(metals, metalloids, ions, etc.) in solid materials (rocks, soil, dust, sediments, biota). 

Specific solvents and solutions are used to target specific fractions, under specific 

conditions such as pH, reducing or oxidising conditions. This is called operational 

defined speciation. Different sequential extraction protocols are used for mercury and 

are listed as follows: 

Novel sequential extraction procedure (n-SEP) used was a validated method used to 

study chlor-alkali contaminated soils (Neculita et al., 2005). The methodology of 

sequential extraction is described by Neculita et al. (2005).  

 

Modified BCR (m-BCR) protocol, which was carried out according to Rauret et al. 

(1999) has been used to study the fractionation of potentially toxic metals in soils and 

sediments (Joksic et al., 2005; Brunori et al., 2004; Mossop and Davidson, 2003). The 

change from the original was made in increasing the concentration of hydroxylamine 

chloride from 0.1 to 0.5 M in the reducible phase. 

 

A refined and extensively validated selective sequential extraction procedure (SSE) has 

been developed and implemented for the differentiation of mercury compounds into 

behavioural fractions (Bloom et al., 2003). It’s a five step sequential extraction 

procedure with the following fractions: (i) water soluble (F1), (ii) “human stomach 

acid” soluble (F2), (iii) organo-chelated (F3), (iv) elemental Hg (F4), and (v) mercuric 

sulphide (F5).  
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2.6 Gaps in our current understanding of mercury sources in South Africa 

The industries discussed in Section 2.3 are important in South Africa and a monitoring 

system must be developed to verify the initially reported mercury emission estimates 

from these sources. In addition, the contribution from artisanal gold mining must be 

determined in order to evaluate the impact this activity has on the human health and 

surrounding environmental ecosystems. The contribution from biomass burning as a 

potential source of mercury emission needs to established and well documented. All 

these activities need to be researched thoroughly and well documented in order to 

develop a working monitoring system that will be able to generate a mercury emission 

inventory in South Africa. 

 

An area of interest that has yet to be explored, is the effect of toxic metals (i.e., 

mercury) in dust affecting the mining and surrounding communities. However, a lot of 

work has been done and documented on the effects of quartz (silica) in human 

respiratory system at an occupational level in South African gold miners (Hnizdo et 

al., 1993). Due to the improvement in the mining methods and the processing of the 

mineral ores, this has resulted in finer material waste dumped in the tailings dams, 

leading to the generation of mineral dust from unprotected tailings storage facilities. 

These finer particles (<25 µm), made up of high surface areas, with heavy metals bound 

to them, are a great risk to human health since they appear to be able to evade the 

body’s natural defence mechanisms, and have a consequence of being redistributed 

into other sites of the body, causing systematic health effects. 

 

As established in literature, it is worldly accepted that TSF are constant contributors to 

the aerosol of surrounding atmosphere. It is well established that the size of the 

particulate matter plays a major role in the deposition of the particulate matter in the 

respiratory tract. We have also established that the dust is laced with metals and/or 

metalloids (pollutants/contaminants). It was also established that during its seasonal 

variation, it exceeded the maximum concentration of airborne aerosols of South 

African Department of Environmental Affairs 24-hr limit value of 120 µg m-3, it 
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reached an ambient concentration of 2160 µg m-3. The missing link is the potential 

impact this dust has on human health and the environment. The data generated from 

this study seeks to address and understand the potential impact mercury has on the 

human health of individuals exposed to the dust by virtue of being surrounded by 

tailings dumps (i.e., living on, close to tailings dumps or living on tailings footprints or 

breathing the air heavily impacted by the minerals dust, in case of children being 

exposed to ingesting the soils impacted by mineral dust) and the potential impact on 

the environment, as mercury is not biodegradable. 
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Chapter 3 

 

Aims and objectives 
 

 

 

The aims, objectives, key questions, and the novelty of this work are discussed in the 

section. 
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3.1 Aim of the study 

The aim of this study was to determine the levels of mercury, its bioavailability, and to 

determine the potential health risk assessment of mercury in inhaled and ingested street 

dust in Johannesburg, a metropolitan city negatively impacted by gold mining 

activities.  

 

3.2 Motivation of the study 

Mercury is a highly toxic trace metal, which is non-biodegradable. Historically, it was 

used for the processing of gold ores, and occurs together with gold in the gold ores in 

the Witwatersrand basin. After gold processing, it is deposited and has been 

accumulating in the tailings dams. Due to the large number of gold mine TSFs 

(approximately 270) in the Johannesburg city, neighbouring communities are exposed 

to huge amounts of dust generated by wind erosion of exposed surfaces of tailings 

storage facilities. The reprocessing and redeposition of older and dormant tailings has 

also contributed to the generation of dust, which has had a significant negative impact 

to the surrounding communities in the region (Annegarn et al., 2000; Annegarn, 2006). 

During the winter months, large amounts of dust (up to 2100 mg m-3 concentration per 

day) are generated, at high wind speeds of approximately 7 m s-1, resulting in reduced 

visibility, irritation of the eyes, and ingestion of particulate matter. The dust generated 

normal contains large amounts of toxic metals and metalloids, which are dispersed and 

distributed over great distances. High exposure to mercury may result in the damage to 

the gastrointestinal tract, the nervous system, and the kidneys. Children and women 

fall into the most vulnerable population groups to mercury exposure, and are 

particularly at risk of suffering developmental problems and neurological damage, 

respectively. In this study, particular attention was focused on mercury due to its 

toxicity, persistence and non-biodegradability, bioaccumulation, bioconcentration, and 

bioavailability in the environment. 
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3.3 Objectives 

To a gain thorough understanding of the mercury pollution in street dust in 

Johannesburg and its potential health risk, specific objectives have been formulated to 

address the aims and they are: 

To determine the total mercury levels in street dust in Johannesburg. 

To evaluate the particle size distribution and quantify mercury concentration in 

different particle size fractions i.e., PM100, PM50, and PM25. 

To analyse the mineralogy and elemental composition of the PM25 size fraction in the 

dust samples. 

To assess bioavailability of mercury in PM25 size fraction in dust samples through 

inhalation and ingestion exposure pathways. 

To evaluate mercury fractionation in PM25 size fraction in dust samples using 

sequential extraction procedures. 

To assess the impact of long term pollution and seasonal changes on the spread of 

mercury in dust. 

To assess human health risk for mercury in dust by modelling the mercury 

concentration data for inhalation and ingestion exposure pathways.  

 

3.4 Hypothesis 

It is hypothesised that the resulting dust due to wind erosion of gold mine tailings on 

the Witwatersrand basin poses significant health hazards to the surrounding 

communities, and causes severe damage to the environment, i.e., soil and water 

pollution. The dust generated contains toxic metals and metalloids, which are dispersed 

and distributed over great distances. 

 

3.5 Key research questions 

In order to achieve the aims and objectives of the study, specific questions were 

addressed: 

What is the average mercury concentration in street dust in Johannesburg? 



84 
 

What is the impact of current and historic gold mining activities in relation to mercury 

pollution in Johannesburg? 

What are the modes of occurrence of mercury in street dust in relation to its 

speciation? 

What is the bioavailable mercury in urban dust from the inhalation and ingestion 

exposure pathways?  

How do climatic and seasonal changes affect mercury in urban dust? 

What are the quantified risks of communities exposed to mercury in street dust through 

ingestion and inhalation? 

 

3.6 Novelty of the study 

The original contribution of this study is the quantification of mercury levels in PM25 

in urban dust, and its bioavailability in a negatively impacted gold mining metropolitan 

city, Johannesburg. It is also a contribution to the health risk assessment associated 

with ingestion and inhalation of dust contaminated with mercury. This information will 

be useful in developing national standards and/or limits of exposure of mercury in 

inhalable fraction of dust/particulate matter. 
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Chapter 4 

 

Materials and methods 

 

 

This chapter addresses the research approach used, namely: the collection, 

identification, handling and urban street dust, metal analysis and the experimental 

procedure followed by the bioavailability and sequential extraction studies. 
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4.1 Chemicals and reagents 

Deionized water (DW) was produced by a commercial mixed-bed ion-exchange system 

Millipore (Millipore, Billerica, USA). All reagents used for sample extraction and 

digestion were analytical grade (Sigma Aldrich) except for acids (hydrochloric (HCl), 

hydrofluoric (HF), nitric (HNO3), and sulphuric acid (H2SO4), used for the preparation 

of calibration and quality control standards, were suprapur grade for ultra-trace analysis 

(99.999% purity from Sigma Aldrich). Working standard solutions were prepared daily 

by serial dilutions of the 10 mg L-1 mercury standard solution (Ultraspec, from Merck, 

Dorset, UK). Tin (II) chloride solution (SnCl2) was prepared daily by dissolving SnCl2 

(≥ 98% trace metal analysis, Sigma Aldrich) in de-ionized water, and stabilizing it in 

3% (v/v) HCl solution. 

 

All digestion vessels, volumetric flaks, and other glassware used were pre-cleaned by 

detergent and rinsed with tap water. The vessels were soaked overnight in 10% HNO3, 

rinsed with tap water, soaked in 10% HCl, finally rinsed with deionized water (18.2 

MΩ cm, Milli-Q Plus, Millipore) and stored in cleaned zip lock polyethylene bags. 

 

4.2 Instrumentation 

Retsch sieves and AS200 Retsch Analytical Sieve Shaker (Haan, Germany) were used 

for all the separation procedures. Particle size distribution in the dust samples was 

determined by the Malvern MS-14 Particle Sizer (Malvern Instruments Ltd., 

Worcestershire, UK). Digestions of samples were carried out in a closed microwave 

system (Multiwave 3000, Anton Paar, Graz, Austria) (Figure 4.1). Totals (trace metals 

and metalloids concentration) were determined by inductively coupled plasma- optical 

emission spectrometer (Spectro Genesis ICP-OES, Kleve, Germany) designed for 

reliable analysis of environmental or industrial samples. Samples undergoing leaching 

experiments, were carried out at constant temperature of 37°C, shaken in a WiseCube 

Shaking Incubator (Seoul, Korea) and were centrifuged using Rotofix 32A (Hettich 

Zentrifugen, Germany). 
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Figure 4.1: Anton Paar Multiwave 3000 microwave assisted extraction system 

(Multiwave 3000, Anton Paar, Graz, Austria).  

 

 

Energy dispersive X-ray fluorescence spectrometry (ED XRF Bruker tracer SD III, 

Bruker-AXS Gmbh, Karlsruhe, Germany), D2 Phaser X-ray diffraction (D2 Phaser 

XRD, Bruker-AXS Gmbh, Karlsruhe, Germany), and scanning electron microscope 

(SEM, FEI Nova Nanolab 600 Dual beam FIB/SEM) equipped with an EDS X-ray 

detector were used to determine the elemental, chemical composition, and imaging of 

bulk and separated dust samples, respectively. The operating specifications are 

displayed in the Table 4.1 

 

Table 4.1. Specifications of ED-XRF and XRD spectrometry 

 

Description ED-XRF XRD 

Geometry  Theta/theta 

X-ray wavelengths Rh X-ray source and Pd 

slits 

Co, standard ceramic 

sealed tube 

X-ray generation Max: 30 µA at 40 kV; 55 

µA at 15 kV  

30 kV 10 mA-1 

Detectors 10 mm2 – Flash detector Scintillation counter, 1-

dimensional LYNXEYE 

Instrument type Hand held Portable desktop 
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A PerkinElmer Flow Injection Analysis-Mercury Hydride System (FIMS 400/FI-MH-

AAS) (Perkin Elmer, Norwalk, Connecticut, USA) in conjunction with a PerkinElmer 

(Norwalk, CT, USA) AAnalyst 200 atomic absorption spectrometer provided with a 

quartz cell in an electrically heated mantle and an AS-91 auto sampler was used for 

mercury determination. Peak area was used for the measurement of the analytical 

signal. Instrumental details and operating conditions are summarized in Table 4.2  

 

Table 4.2: Instrumental characteristics and settings for PerkinElmer FIMS 400. 

 

Instrument PerkinElmer FIMS 400 

Spectrometer  

Technique AA 

Integration time (s) 20 

Data processing Peak Height, Smoothing: 

0.5 sec or 19 points 

Cell temperature 100°C 

Lamp HCL or EDL 

EDL lamp current 190 mA 

Measurement mode Peak area 

Slit width 0.7nm 

Wavelength 253.7 nm 

  

Cold Vapour Generation  

Reducing Agent 1.1 % (m/v) SnCl2 in 3 % (v/v) HCl 

Reductant flow rate 5.5 mL min-1 

Carrier solution 10.5 mL min-1 

Carrier gas (N2) flow rate 50.0 mL min-1 

Sample loop volume 500 µL 

 

 

4.3 Sampling sites and sampling protocol 

4.3.1 Study area 

Street dust samples were collected from the industrial sites, central business district 

(CBD) and residential areas of Johannesburg. Johannesburg is situated in the 

Witwatersrand basin, the major gold bearing deposit in South Africa. It hosts a 

population over 10 million and the growth of the city has encroached around the TSFs 

covering an area of 44 000 ha (Rösner and van Schalkwyk, 2000; Funke, 1990). Mine 
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tailings storage facilities are, generally, situated close to major highways, important 

water courses and wetlands, residential and industrial areas. They are characterized by 

elevated proportions of pyrite and other minor metallic sulfides. Numerous ore 

minerals and enhanced levels of toxic metals and metalloids, including mercury and 

cyanide were found in the gold mine tailings dams. These tailings are alkaline when 

they are deposited, however, due to the exposure to rain water and oxygen, this leads 

to the oxidation of pyrites resulting in the tailings becoming extremely acidic (pH 2.5-

3.5), leaching of heavy metals, and low in plant nutrients (Moreno et al., 2007). 

Revegetation of such tailings, especially in semi-arid regions, presents a challenge due 

to erosion of the exposed bare tailings surfaces. 

 

The study area is characterized by hot, wet summers (October to April) and cold 

winters (May to September). During this time, temperatures are usually mild to hot 

with average maximum daytime temperatures of 26-30 °C dropping to an average 

maximum of about 8-16 °C in July. The months of July to August are the coldest in 

winter with dominant wind direction of North to North Westerly and North Easterly 

with wind speeds of 7 ms-1 and the temperatures occasionally drop to below freezing 

point at night, causing frost (Ojelede, 2012). The mean annual rainfall is 750 mm, with 

the average annual evaporation varying between 1600 and 1700 mm. Figure 4.2 shows 

the sampling sites whilst Table 4.3 describes the sampling sites, the land use, and 

characteristics of the sampling locations. 

 

For comparison and reference purposes, dust samples were also collected in the mining 

areas. The two mining sites chosen were; (i) Vaal River Complex, and (ii) West Wits 

mining complexes. The reasons why they were selected was mainly because they are 

active mining sites where pollution controls are poorly managed resulting in the 

emissions of dust from TSF, seepage of contaminated water from the TSF and waste 

rock dumps, trenches, and pollution control dams, uncontrolled release of process 

water from metallurgical plants, and finally, on-site secondary sources, and footprints 

(ores and mineral waste). These impacts led to severe contamination of land, surface 
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and ground water, and possible adverse health effects in the local population and 

surrounding communities.  
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Figure 4.2: A map showing the location of the dust samples from the study sites in Johannesburg, South Africa. 
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Table 4.3: Description of sampling sites. 
 

Site 

No. 

Sampling sites Land use Longitude Latitude 

1 Res. Centurion, 

Pretoria 

Residential area 25°52'10.03"S 28°10'31.06"E 

2 Res. Sandton Residential area  26° 1'53.91"S  28° 4'10.92"E 

3 Res. Greenside Residential area  26° 9'0.50"S  28° 1'7.53"E 

4 CBD 1 Commercial area  26°11'33.26"S 28° 2'12.69"E 

5 CBD 2 Commercial area  26°11'45.18"S  28° 2'11.22"E 

6 CBD 3 Commercial area  26°11'43.73"S  28° 1'58.13"E 

7 CBD 4 Commercial area  26°12'41.65"S  28° 2'18.44"E 

8 CBD 5 Commercial area  26°12'23.16"S  28° 3'4.13"E 

9 CBD 6 Commercial area  26°11'58.47"S  28° 3'8.69"E 

10 CBD Cemetery Commercial area  26°11'48.79"S  28° 1'29.02"E 

11 Crown North 1 Residential area  26°12'3.22"S  28° 0'29.10"E 

12 Crown North 2 Residential area  26°12'29.97"S  28° 0'52.07"E 

13 Crown South 1 Commercial area  26°12'59.76"S  28° 1'7.92"E 

14 Crown South 2 Commercial area  26°13'16.02"S  28° 0'53.52"E 

15 Ophirton Industrial area  26°13'42.28"S  28° 1'25.41"E 

16 Cross Industrial area  26°13'23.78"S  28° 1'36.48"E 

17 Trump Industrial area  26°12'52.61"S  28° 2'22.70"E 

18 Rosettenville Industrial area  26°13'1.77"S  28° 2'58.47"E 

19 Loveday Industrial area  26°13'9.33"S  28° 2'33.57"E 

20 Booysen Industrial area  26°13'46.86"S 28° 0'54.78"E 

21 Crownwood Industrial area  26°13'38.69"S  28° 0'8.76"E 

22 Soccer City Industrial area  26°14'12.66"S  27°58'31.39"E 

23 Aeroton 1 Industrial area  26°15'16.82"S 27°58'46.28"E 

24 Aeroton 2 Industrial area  26°15'26.42"S 27°58'22.94"E 

25 Aeroton 3 Industrial area  26°15'0.71"S 27°58'31.32"E 

26 Res. Diepkloof Residential area  26°15'0.79"S  27°57'45.55"E 

27 Res. Riverlea Residential area  26°12'32.92"S 27°58'12.88"E 

28 Res. Alberton 1 Residential area  26°18'5.05"S  28° 7'1.61"E 

29 Res. Alberton 2 Residential area  26°15'37.80"S  28° 7'9.05"E 

30 Res. Alberton 3 Residential area  26°17'42.08"S  28° 6'22.36"E 

31 Steeldale 1 Industrial area  26°14'25.39"S  28° 5'50.98"E 

32 Steeldale 2 Industrial area  26°14'50.35"S  28° 5'54.15"E 

33 Steeldale 3 Industrial area  26°14'36.67"S  28° 5'33.61"E 

34 City deep 1 Industrial area  26°13'31.81"S  28° 4'36.93"E 

35 City deep 2 Industrial area  26°13'21.49"S  28° 5'14.30"E 

36 City deep 3 Industrial area  26°13'39.87"S  28° 6'9.42"E 

37 Benrose 1 Industrial area  26°12'35.07"S  28° 4'26.93"E 

38 Benrose 2 Industrial area  26°12'14.80"S  28° 6'29.46"E 
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39 Benrose 3 Industrial area 26°12'56.27"S 28° 4'39.23"E 

40 Heriotdale Industrial area 26°12'50.83"S  28° 6'52.60"E 

41 PPC Cement Industrial area  26°13'5.87"S 28° 7'54.19"E 

42 Germiston 1 Industrial area  26°13'6.46"S  28° 8'21.69"E 

43 Germiston 2 Industrial area  26°13'36.03"S  28° 8'56.54"E 

44 Germiston 3 Industrial area  26°12'55.28"S  28° 8'38.58"E 

45 Res. Germiston Residential area  26°13'21.81"S 28°10'09.01"E 

46 Res. Boksburg 1 Residential area  26°14'47.80"S  28°15'30.56"E 

47 Res. Boksburg 2 Residential area  26°14'36.01"S  28°16'2.93"E 

48 Springs 1 Industrial area  26°16'54.19"S  28°27'36.57"E 

49 Springs 2 Industrial area  26°17'34.08"S  28°27'36.88"E 

50 Springs 3 Industrial area  26°12'28.34"S  28°24'36.57"E 

 

 

The Vaal River mining operations is located near the Free State - North West border 

(Figure 4.3) about 170 km from Johannesburg, and includes Great Noligwa, Kopanang 

and Moab Khotsong mining. These three mines share a milling and treatment plant. 

The area is characterized by extensive shallow mining of the black reef and large 

spillages from old mine tailings facilities. Some old tailings facilities have been re-

worked, however, reprocessing of old tailings is still being undertaken. There is 

overwhelming evidence of environmental degradation from the mining operations in 

the region, reports of artisanal mining activity using mercury amalgamation, and 

evidence of historical gold processing using mercury amalgamation from the sand 

dumps. Such activities have led to the long periods about 170 km from Johannesburg 

of contamination. All spillages, seepage, both ground and surface waters find their way 

into the Vaal River, situated in the south of the mining complex. This is influenced by 

the topography of the mining complex as it is sloped towards the Vaal River basin. 

 

The West Wits operations are composed of Mponeng and Tau Tona, situated southwest 

of Johannesburg, on the border between Gauteng and North West Province. Due to 

lack of proper implementation of environmental protection laws, there was an 

accumulation different types of waste materials such as ash, iron oxide, pyrite, slag, 

mine residue spillage, mine waste rock, steel, rubber, scales from gold and uranium 

plants and domestic waste in borrow pits and mine property (AGA, 2009a). Currently, 
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there is remediation work being carried out and it involves the removal of all types of 

waste followed by backfilling and profiling with inert material, placement of soil cover 

the disturbed sites and rehabilitation with vegetation with a high capacity for absorption 

of heavy metals. 

 

 

Figure 4.3: Vaal River and West Wits mining operations. 

 

4.3.2 Sampling protocol 

 Dust samples were collected across the city using a plastic brush and dustpan, on 

impervious pavements along both sides of the road, transferred to zip lock polyethylene 

bags, and transported to the laboratory. The samples collected were distributed as 

follows: industrial area (28), CBD (9), and residential areas (13). Samples were 
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collected during the dry and sunny weather conditions. These samples were dried in an 

oven at 40°C for two days and then separated into three particle size fractions (PM25; 

PM50; PM100). The size was chosen because finer fractions generally contain higher 

metal concentrations (Whicker et al., 1997) and particles below 25 µm are considered 

hazardous, as they easily adhere to children's hands (Duggan and Inskip, 1985) and 

furthermore are easily inhalable. After separation, the sieved samples were preserved 

in acid washed plastic containers in the refrigerator at 4°C until the bioaccessibility and 

extraction experiments began. 

 

4.4. Analysis procedure 

4.4.1 Elemental analysis 

4.4.1.1 Total mercury determination 

Dust samples were extracted using concentrated acids in a microwave system. Aliquots 

(0.25 g) of dust sample fractions PM25 were weighed out into digestion (PTFE) vessels 

and mixed with 13 mL of concentrated acids (HCl:HNO3:HF  = 9:3:1 (v/v/v)). The 

mixture was then introduced into a closed microwave system at 800 W for 30 min, 

followed by 600 W for 20 min and finally cooled for 10 min (the program is displayed 

in Table 4.4). The concentrated HF was later neutralized with 4% (w/v) boric acid 

(H3BO3) and all samples were then made up to 50 mL with de-ionized water. Blanks 

were simultaneously processed with dust samples. The clear digested samples were 

stored in plastic bottles and kept in a refrigerator. HgTOT was determined by mercury 

analyser (FIMS 400 FIAS-AAS), and AS-91 auto sampler. 

 

4.4.1.2 Total trace metal determination 

Total trace metal concentration was determined in concentrated acid extracts from dust 

samples. These samples were extracted with concentrated acids in a closed microwave 

system (Aton Paar Multiwave 3000), as described above, in section 4.4.1.1. The clear 

digested solutions were made up to 50 mL with deionized water, stored in plastic 

bottles and kept in a refrigerator, prior to analysis on inductively coupled plasma-

optical emission spectrometer (ICP-OES). 
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Table 4.45: Microwave assisted extraction program 
 

Sample Type: Dust                                                Mass: 0.250 g 

Phase Power (W) Ramp (min) Hold (min) Fan 

1 800 10 10 1 

2 600 10 10 1 

3 0 5 5 3 

 

 

4.4.2 Characterization of dust 

4.4.2.1 pH 

The pH of dust was measured in a 1:2.5 (m/v) mixture using Knick Calimatic pH meter 

(Berlin, Germany) (Al-Khashman, 2007; Banerjee, 2003). 

 

4.4.2.2 Particle size distribution 

The particle size distribution of dust samples was determined using a Malvern 

Mastersizer S Particle Size Analyzer capable of analyzing particles between 0.05 and 

1000 µm. The Malvern Mastersizer uses a laser to record the scattering pattern from a 

field of particles. It then uses an analytical procedure to determine the size of particles 

that created the scatter pattern. 

 

4.4.2.3 Scanning electron microscopy 

Morphological, mineralogical and chemical characterization was achieved by using a 

high vacuum SEM (FEI Nova Nanolab 600 Dual beam FIB/SEM) equipped with an 

EDS X-ray detector for single particle analysis, imaging, and quantification of elements 

in samples. Dust samples were prepared by mounting on stubs with a sticky carbon 

cover and then coated with carbon and gold/palladium prior to examination. 

Microscope conditions for backscatter imaging were accelerating voltage of 30 kV, 

working distance of 5 mm, and the beam spot size was 5. 

4.4.2.4 XRD 
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X-ray diffraction (XRD) analysis of the PM25 dust samples was performed by packing 

samples into a plastic holder and using a D2 Phaser X-ray diffractometer equipped with 

unique choice of detectors, and a very easy to use software DIFFRAC EVA, which 

allows measurement and analysis right out of the box.  

 

4.4.2.5 XRF 

All samples were analyzed after sieving using Bruker Tracer III SD handheld XRF 

spectrometer equipped with a rhodium target X-ray tube and a silicon drift detector 

with a resolution of ca. 145 eV FWHM for 5.9 keV X-rays (at 200,000 counts per 

second) in an area 10 mm2. The spot size on this specific instrument is less than 10mm 

diameter. Peak intensities for the Kα and Lα peaks were calculated as ratios to the 

Compton peak of rhodium and converted to parts-per-million (ppm) using Bruker’s 

factory installed calibration. 

 

4.4.2.6 CHNS 

The CHNS analyser (Leco-932, USA) used in this study was calibrated with standards 

of Sulfamethazine  and  Corn  Gluten  (Leco)  and  the  results  are  given  in  Table 

4.5. A Sartorius CP2P micro balance (Gottingen, Germany) with a precision of 10-6 g 

was used to weigh samples. The samples were weighed into silver capsules and 

introduced into the oxidation furnace by means of a carousel.  

 

Table 4.5: Standards calibration of the CHNS analyser 

 

Standard Carbon % Hydrogen % Nitrogen % Sulphur % 

Sulfamethazine 51.78 5.07 20.13 11.52 

Measured (n=3) 51.73 ± 0.22 5.03 ± 0.12 20.03 ± 0.10 11.52 ± 0.05 

Corn Gluten 52.29 ± 0.39 7.13 ± 0.07 11.35 ± 0.07 0.933 ± 0.04 

Measured (n=3) 52.23 ± 0.28 7.10 ± 0.12 11.38 ± 0.13 0.931 ± 0.11 
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The above standards were chosen because their certified values are reported for all 4 

elements (carbon, hydrogen, nitrogen and sulfur) although our components of interest 

for the study were only carbon and sulfur. 

 

4.4.2.7 Contamination assessment factors 

The enrichment factor (EF), contamination factor (Cf), and index of geo-accumulation 

(Igeo) were applied in order to evaluate and classify the level of pollution from dust. 

 

Enrichment factor (EF) 

Enrichment factors are generally used to characterize the magnitude of metal 

contamination in environmental samples (Tokalio et al., 2003; Voutsa et al., 2002; Lee 

et al., 1997). The enrichment factors were calculated with respect to Al (Aluminum) 

according to the following equation: 

 

ὉὊ    
ϳ

ϳ  

       (1) 

 

Where (Cx/CAl)dust is the ratio of concentration of the metals being determined (CHg) to 

that of Al (CAl) in the dust samples and (Cx/CAl)Earth’s crust is the ratio in the reference 

Earth’s crust (Atgin et al., 2000).Generally, EF values less than 10.0 are not considered 

significant, because such small enrichments may arise from differences in the 

composition of local soil material and reference soil used in EF calculations (Voutsa et 

al., 2002; Atgin et al., 2000). 

 

Contamination factor (Cf) 

The contamination factor was used to categorize the level of mercury contamination in 

dust samples by applying a modified contamination factor (Hakanson, 1980). The 

contamination factor (ὅ) was defined as follows: 
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ὅ            (2) 

 

Where ὅ  is the mean concentration of mercury and ὅ is the concentration of 

mercury at a relatively clean background site. In this study, the ὅ value represented 

the background concentration value of metals in a natural environment away from the 

industrial and traffic zones. Contamination factor was evaluated by four classes (Loska 

et al., 2004; Hakanson, 1980), which are as follows: low (ὅ < 1), moderate (1 ≤ ὅ < 

3), considerate (3 ≤ ὅ < 6), and very high (6 ≤ ὅ) contamination. 

 

Geoaccumulation index 

Geoaccumulation index have been used to assess the heavy metal contamination levels 

in dust samples (Škrbić and Mladenovic, 2010; Amato et al., 2009; Faiz et al., 2009; 

Lu et al., 2009; Wei et al., 2009). Geoaccumulation index was calculated by the 

following equation (Škrbić and Mladenovic, 2010; Wei et al., 2010; Amato et al., 2009; 

Lu et al., 2009; Wei et al., 2009): 

 

Ὅ    ÌÏÇ
Ȣ

        (3) 

 

Where Cn represented the measured concentration of the metal n of interest and Bn was 

the geochemical background value. The constant 1.5 allowed us to analyze natural 

fluctuations in the content of a given substance in the environment and to detect very 

small anthropogenic influences (Wei et al., 2009). The Igeo was classified as: 

uncontaminated (Igeo ≤ 0); uncontaminated to moderately contaminated (0 < Igeo ≤ 1); 

moderately contaminated (1 < Igeo ≤ 2); moderately to heavily contaminated (2 < Igeo ≤ 

3); heavily contaminated (3 < Igeo ≤ 4); heavily to extremely contaminated (4 < Igeo ≤ 

5); extremely contaminated (Igeo ≥ 5). 
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4.4.3 Bioaccessibility of mercury in gastrointestinal tract 

Two different models were tested in this study. The first model involved use of the 

synthetic gastrointestinal solutions and the second involved the use of synthetic 

solutions in saliva-gastro-intestinal model. 

 

For oral bioavailability, simulated gastric juices were prepared as listed in Table 4.6. 

Dust samples (~0.5 g) were accurately weighed, placed in a 50 mL vial, and 25 ml of 

appropriate simulated gastric juices were added. For the dilute HCl, the pH was 

adjusted to 1.5 whilst the artificial gastric juice was maintained at pH 2. The vials were 

sealed and placed in a Shaking Incubator, set at 37°C, shaken for 4 hrs at 150 rpm, 

mimicking the lung conditions. The vials were centrifuged at 1500 rpm for 15 minutes. 

The centrifuged samples were stored in clean sterile pyrex vials with teflon-lined cap 

and kept in a refrigerator prior cold vapour HgTOT determination by Hg analyzer (FIMS 

400, PerkinElmer). 

 

Table 4.6: Composition of simulated gastric solutions. 

 

Salt a Artificial Gastric 

Juice (mg L-1) 

b Dilute HCl (mL L-1) 

Calcium chloride 

dihydrate (CaCl2.2H2O) 

200  

Hydrochloric acid (HCl) 1380 5.9 

Potassium chloride (KCl) 820  

Sodium chloride (NaCl) 2750  

Sodium dihydrogen 

phosphate (NaH2PO4) 

270  

Ammonium chloride 

(NH4Cl) 

305  

 

pH 

 

2.0 

 

1.5 
a Adapted from Wittsiepe et al. 2001.  
b Adapted from Stopford et al. 2003. 
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4.4.4 Bioaccessibility of mercury in respiratory tract 

The bioavailability of mercury in dust samples were determined for the inhalable and 

oral fractions. For the inhalable fraction, three simulated lung fluids were used: 

Artificial lysosomal fluid (ALF), Gamble’s and Gray’s solution were used to simulate 

different interstitial conditions in the lung (Table 4.7). ALF is an acidic solution 

representing fluid present in the upper region of the lung, while Gray’s was a modified 

Gamble’s solution designed to model interactions of particles with extra-cellular lung 

fluid (Jurinski and Rumistidt, 2001; Eastes and Hadley, 1995; Mattson, 1994). 

Gamble’s solution, a neutral solution presents the interstitial fluid deep within the lung. 

When preparing the simulated lung fluids, citrate was used instead of proteins to avoid 

foaming and acetate instead of organic acids. Gamble’s and Gray’s solution had a pH 

of 7.4, whereas ALF has a pH of 4.5 and has a much higher organic content than 

Gamble’s solution (Barnett and Turner, 2001). 

 

Dust samples (~0.2 g) were accurately weighed into 50 mL vials and 20 mL of the 

appropriate leaching solutions were added. The vials were sealed and placed in a 

Shaking Incubator, set at 37°C, shaken for 24 hrs at 150 rpm, mimicking the lung 

conditions. The vials were centrifuged at 1500 rpm for 15 minutes. The centrifuged 

samples were stored in clean sterile pyrex vials with teflon-lined cap and kept in a 

refrigerator prior cold vapour HgTOT determination by Hg analyzer (FIMS 400, 

PerkinElmer). 
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Table 4.7: Composition of simulated lung fluids 

 

Salt (g L-1) 

Artificial 

lysosomal fluid 

Gamble’s 

solution 

Grays’ 

solution 

Phosphoric acid - - 1.2000 

Sodium chloride 3.2100 6.0193 6.8000 

Ammonium chloride - - 5.3000 

Sodium dihydrogen 

phosphate 

- - 1.7000 

Potassium acid phthalate - - 0.2000 

Calcium chloride dihydrate 0.1280 0.2771 0.2900 

Sodium acetate trihydrate - 0.9526 0.5800 

Sodium hydrogen 

carbonate 

- 2.6042 2.3000 

Tri-sodium citrate 

dihydrate 

0.0770 0.0970 0.5900 

Sodium hydroxide 6.0000 - - 

Sodium carbonate - - 0.6300 

Sulphuric acid - - 0.5100 

Glycine 0.0590 - 0.4500 

Citric acid 20.800 - 0.4200 

Magnesium chloride 

hexahydrate 

0.0500 0.2033 - 

Potassium chloride - 0.2982 - 

di-sodium hydrogen 

phosphate 

0.0710 0.1417 - 

Sodium sulphate anhydrous 0.0390 0.0710 - 

Sodium tartrate dihydrate 0.0900 - - 

Sodium lactate 0.0850 - - 

Sodium pyruvate 0.0860 - - 

    

Properties 

pH 
 

4.5 

 

7.4 

 

7.4 

 

 

4.4.5. Sequential extraction procedure (SEP) 

Three different sequential extraction protocols were applied in the study for mercury 

fractionation. Two SEPs were specifically designed for mercury fractionation (Neculita 

et al., 2005; Bloom et al., 2003), whilst one (m-BCR) has been used for the 
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fractionation of metals in sediments (Rauret et al., 1999). Brief details of these three 

methods are given in Table 4.8.  

For an internal check on the procedure an additional step was applied. After the 

sequential extraction steps, the residual mercury content was determined by digestion 

with nitric, hydrochloric and hydrofluoric acid. The inclusion of the residual step in the 

procedures was for an internal check for quality control purposes, where the sum of 

steps 1 to 4 or 5 was compared with results of a separate acid digestion (Rauret et al., 

2000). Extractions were performed using the reagents, and procedures given in Table 

4.8. Samples were extracted for 18 hours and the solution were centrifuged and filtered. 

After each fraction the residue was rinsed with deionized water and added to the filtrate 

and diluted to volume (specified volume). This procedure was repeated for each 

extraction except for the last (aqua regia extraction step). All extracts (fractions) were 

stored in glass bottles with lined-teflon caps in refrigerator (4 °C) until analysis. The 

SSE protocol has an extra step worth mentioning, where the first three fractions were 

centrifuged and filtered through nitrocellulose filter units. Fractions F1, F2 and F4 were 

oxidized by adding 1.25 mL of 0.2 M BrCl solution per 125 mL solution before the 

rinse was added and the solution diluted to the required volume. The F3 fraction due 

to its high alkalinity value, was oxidized by adding 8.0 mL of 0.2 M BrCl solution per 

100 mL solution. 

 

Details of the experimental protocols are described in Table 4.8 (Neculita et al., 2005; 

Bloom et al., 2003; Rauret et al., 1999). 
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Table 4.8: Reagents and conditions employed for the three sequential extraction procedures. 
 

STEP FRACTION SEQUENTIAL EXTRACTION PROCEDURE 
a novel sequential extraction 

procedure (n-SEP) 

(Neculita et al., 2005) 

b Sequential selective 

extraction (SSE) 

(Bloom et al., 2003) 

b Modified BCR (m-BCR) 

(Rauret et al., 1999) 

1 Water soluble 

(F1) 
 

20 mL of deionized water 

20 ± 2°C, 2 hrs, constant 

shaking 

40 mL of deionized water 

Room temperature, 18 ± 4 hrs, 

constant shaking 

40 mL of 0.11 mol L-1 

CH3COOH 

Room temperature, 16 hr, 

constant shaking 

2 Exchangeable 

(F2) 
 

20 mL of 1 M CaCl2 (pH 5) 

20 ± 2°C, 2 hrs, constant 

shaking 

40 mL of 0.1 mol L-1 

CH3COOH + 0.01 mol L-1 HCl 

(pH 2) 

 

 

 Iron and 

manganese 

oxyhydroxides 

  40 mL of 0.5 mol L-1 

NH2OH·HCl (pH 1.5) 

Room temperature, 16 hr, 

constant shaking 

3 Mercury bound  

with organic 

matter (F3) 

 

20 mL of 0.2 M NaOH 

20 mL of 4% (v/v) CH3COOH 

20 ± 2°C, 2 hrs, constant 

shaking 

40 mL of 1 mol L-1 KOH 

 

10 mL of 30% (w/v) H2O2 

Room temp., 1hr, occasional 

agitation + 85°C 

10 mL of 30% (w/v) H2O2 

50 mL 1 mol L-1 NH4Oac (pH 2) 

4 Elemental Hg 

(F4) 

 40 mL of 12 mol L-1 HNO3  

5 Residual 

mercury (F5) 

HCl/HNO3/HF 

(9:3:1, v:v:v) 

HCl/HNO3/HF 

(9:3:1, v:v:v) 

HCl/HNO3/HF 

(9:3:1, v:v:v) 
a For 2.00 ± 0.10 g sample; b for 1.00 ± 0.05 g sample 
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4.4.6 Health risk assessment of mercury in dust 

4.4.6.1 Exposure assessment 

In order to determine the average daily dose or chemical daily intake of mercury 

exposure to humans from dust, the United States Environmental Protection Agency 

(USEPA) model was used. This model was applied to three exposure routes, which 

are ingestion, inhalation, and dermal contact and were calculated using equations 

(4), (5), (6), and (7), respectively: 

 

Ingestion dose: 

ὅὈὍάὫ ὯὫ Ὠὥώ  ὅάὫ ὯὫ
    

   (4) 

 

Inhalation dose: 

ὅὈὍάὫ ὯὫὨὥώ   ὅάὫ ὯὫ  
  

  
    (5) 

 

Dermal contact dose: 

ὅὈὍ άὫ ὯὫὨὥώ   ὅάὫ ὯὫ  
     

 
  (6) 

 

Inhalation of vapours:  

ὅὈὍ άὫ ὯὫὨὥώ   ὅάὫ ὯὫ  
  

   
          (7) 

 

Where, CDIing is a daily exposure amount of mercury through ingestion (mg kg-1 

day-1); CDIinh is a daily exposure amount of mercury through inhalation (mg kg-1 

day-1); CDIderm is a daily exposure amount of mercury through the absorption via 

the skin (mg kg-1 day-1); CDIvapour is a daily exposure amount of elemental mercury 

through inhalation. The exposure factors for these models are displayed in Table 

4.9. 
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Table 4.9: Exposure factors for dose models. 
 

Factor Definition Units Value 

   Children Adult 

c Mean concentration of 

mercury 

mg kg-1   

2Ring Ingestion rate of soil mg day-1 200 100 
1EF Exposure frequency days year-1 350 350 
3ED Exposure duration years 6 24 
1BW Average body weight kg 15 55.9 
2AT Average time days 365×ED 365×ED 

CF Conversion factor kg mg-1 1.00×10-6 1.00×10-6 
1Rinh Inhalation rate m3 day-1 5 20 
1PEF Particle emission factor m3 kg-1 1.32×109 1.32×109 
1SA Surface area of the skin that 

contacts the dust 

cm2 1800 5000 

1SL Skin adherence factor for dust mg cm-2 1 1 
1ABS Dermal absorption factor 

(chemical specific) 

 0.001 0.001 

1VF Volatilization factor for 

elemental Hg 

m3 kg-1 32675.6 32675.6 

xRfDing   3.00×10-4 
yRfDinh   8.57×10-5 
zRfDdermal   2.10×10-5 

1 US Environmental Protection Agency, 2001 
2 US EPA, 1989. 
3 US EPA, 2001.  

 

 

4.4.6.2 Risk characterization 

Health risk assessment of exposure to dust was characterized into two categories, 

namely carcinogenic risk and non-carcinogenic risk. For the non-cancer risk, this 

was achieved by determining the hazard quotient (HQ) and hazard indices (HI) for 

enriched elements. The hazard quotient was determined by dividing the chronic 

daily intake (CDI) by a specific reference dose (RfD) as shown by eq. (8):  

 

Ὄὗ           (8) 

 

Ὄὗ    
    Ȣ

      (9) 
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Where, RfD is an estimation of maximum permissible risk on human population 

through daily exposure taking into consideration of sensitive group during a 

lifetime (mg kg-1 day-1), RfC is reference concentration of inhaled material (mg m-

3), EC is exposure concentration (mg kg-1), CDI is daily dose (mg kg-1 day-1) In 

order to estimate the risk factor, the HQ value was assessed and when HQ ≤ 1, it 

indicated no adverse health effects while HQ > 1 indicated likelihood of adverse 

health effects (USEPA, 1986). The threshold value of RfD can also be used to 

estimate whether or not there are adverse health effects during a life time. This is 

achieved by comparing with the average daily dose (CDI) value to the reference 

dose. In cases were ADD was lower than the reference dose, it indicated no adverse 

health effects whereas if ADD was higher than the reference dose, it indicated a 

greater possibility of adverse health effects would be experienced (USEPA, 1993).  

 

The determination of hazard index (HI) ascertains the cancer risk associated with 

various metals, and metalloids. Hazard index is calculated as shown in the eq. (10) 

(De Miguel et al., 2007; Lim et al., 2008; Zheng et al., 2010a, 2010b): 

 

ὌὍ   ВὌὗ          (10) 

 

If HI < 1, there is no adverse health effects. If HI > 1, there is a greater chance of 

adverse health effects (Kong et al., 2011). Carcinogenic risk is the probability of an 

individual developing any type of cancer from lifetime exposure to carcinogenic 

hazards. The acceptable or tolerable risk for regulatory purposes is in the range of 

10-6 – 10-4 (Ferreira-Baptista and De Miguel, 2005). 

 

For carcinogenic risk (CR), the dose was multiplied by the corresponding slope 

factor (kg day mg-1) to produce an estimate of cancer risk for the ingestion exposure 

pathway (U. S. Environmental protection Agency, 2011; Zheng et al., 2010a; 

Paustenbach, 2002; Kolluru et al., 1996), as shown by the eqn. (11): 

 

ὅὙ   Ὀ    ὛὊ         (11) 
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For the health effects of inhalation of particulate matter, the excess lifetime cancer 

risk was calculated by the following eq. (12) (U. S. Environmental protection 

Agency, 2011): 

 

ὅὙ   Ὁὅ    ὍὟὙὊ        (12) 

 

Where EC is chronic daily exposure concentration averaged over a 70 year lifetime 

for inhalation of particulate matter, IURF is inhalation unit risk factor (m3 mg-1). 

 

Total risk was calculated using the following equation (13) (US EPA, 1989): 

 

ВὙὭίὯ    ὅὙ     ὅὙ      (13) 

 

The interpretation of the risk values was done with aid of list values in Table 4.10. 

 

Table 4.10: Interpreting the risk numbers (Rendell and McGinty, 2007). 
 

Risk Risk in 

exponential 

Risk in decimal Read as a risk of 

… 

1.0E-08 1×10-8 0.00000001 1 in 100 million 

1.0E-07 1×10-7 0.0000001 1 in 10 million 

1.0E-06 1×10-6 0.000001 1 in 1 million 

1.0E-05 1×10-5 0.00001 1 in 100 000 

1.0E-04 1×10-4 0.0001 1 in 10 000 

1.0E-03 1×10-3 0.001 1 in 1 000 

1.0E-02 1×10-2 0.01 1 in 100 

1.0E-01 1×10-1 0.1 1 in 10 

 

 

The total risk assessed was interpreted using U. S. Environmental Protection 

Agency benchmark as far as it applies to South African conditions. Acceptable risk 

factors are reported to lie between 1.0E-06 and 1.0E-04 (U. S. Environmental 

Protection Agency, 1991). The value of acceptable risk at one in a million (1.0E-

06) has been widely accepted in scientific literature for various uses, however, it 

remains without scientific evidence and requires further investigations. 
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4.5 Quality Assurance/Quality Control (QA/QC) 

The QA/QC program comprised of the analysis of procedure blanks, reagent 

blanks, and certified reference materials (CRM) (Table 4.11). The reagent blanks 

were made up of the batch solutions used in the leaching experiments whilst 

procedural blanks consisted of running an aliquot of the extraction fluids (acids 

added to digestion vessels with no samples) simultaneously with the field samples 

while River Sediment-Extractable Metals (LGC6187), Metals in Sediments 

(CRM015-050), and Estuarine sediment (CC580) were used as the reference 

material. Results were blank corrected. All samples were run in triplicate unless 

otherwise stated and standard QA/QC measures taken during analysis, including 

calibration using standards prepared in the same solution matrices as the extraction 

tests, blanks, and control samples, all of which were analyzed at frequencies 

sufficient to ensure acceptable QA/QC. 

 

 

Table 4.11: Total mercury concentration in CRMs by FIMS 400/FI-MH-AAS. 
 

CRM HgTOT ± SD 

(n=5; mg kg-1) 

  

Type Name Certified Measured RSD (%) Recovery 

(%) 

Sediment RTC015-050 0.221 ± 0.006 0.220 ± 0.048 11.76   99.50 

Sediment LGC6187 1.400 ± 0.100 1.441 ± 0.117    9.98 103.00 

Sediment ERM-CC580 132.000 ± 3.00 131.240 ± 4.90    3.70   99.00 

 

 

The instrumental detection limit (LOD) was calculated using LOD = 3.00 × SD, 

where SD is the standard deviation of replicates of procedural blanks. Figure 4.4 

illustrates the calibration curve for mercury at a specific wavelength (253.7 nm) 

from mercury analyzer (FIMS 400/FI-MH-AAS). 
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Figure 4.4: Typical calibration curve for mercury from FIMS 400/FI-MH-AAS. 

  



111 
 

 

 

 

 

Chapter 5 

 

Determination of 

mercury in street dust 
 

Spatial distribution, contamination assessment factors, and seasonal variation of 

total mercury concentration in Johannesburg street dust was determined. The pH 

of the dust, its particle size distribution and total elemental analysis were carried 

out to understand the interactions with mercury in the dust. The dust was 

characterised by the following techniques: ED-XRF, XRD, SEM-EDS. 
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5.1 Mineralogical characteristics of dust 

ED-XRF results of some selected dust samples is presented in Table 5.1. Major 

elemental concentrations are: SiO2 (30.5 - 86.3%), Al2O3 (13.5 – 19.8%) and 

Fe2O3 (3.7–7.1%). From this, quartz is the principal oxide in the dust samples 

with an average of 66.3%, followed by small concentrations of alumina, arsenic, 

calcium, chromium, copper, manganese, nickel, potassium, and titanium oxides. 

Note, however, that alumina was the lowest oxide available in the selected 

samples. 

 

Mineralogy of the dust determined by XRD was dominated by quartz, and ranged 

from 74.3 to 97.6 wt. % with an average of 87.56 wt. % (Table 5.2). The rest of the 

mineral phases were below detection limit, and it ranged from 2 to 10 mg kg-1 

depending on the metal of interest (Figure 5.1; Rösner et al., 1999), and the quartz 

considerably prevailed over the minor mineral phases. For tailings material, both 

from East and West rand, quartz was by far the most dominant mineral phase 

ranging from 65 to 81 wt. % and 70 to 93 wt. %, averaging 71 and 78 wt. % (Table 

5.2). The presence of quartz in large quantities reflects the original type of rock 

present in this region. In comparison, dust had the highest amount of quartz as 

compared to the tailings materials. This could be attributed to the small particle 

sizes with a large surface area, which allows enrichment of different minerals and 

mineral phases to take place (Zverina et al., 2012; Duong and Lee, 2011; Luo et al., 

2011; Zhao et al., 2011; Zhao et al., 2010; Duong and Lee, 2009; Madrid et al., 

2008). The lack of pyrite in the tailings material can be attributed to the shallow 

sampling depth at the top of the tailings, within the oxidized zone, where the 

depletion of pyrite occurred due to years of oxygen exposure. The results of 

oxidation of pyrite led to the formation of secondary minerals such as gypsum 

(CaSO4) and jarosite (KFe3(SO4)(OH)6), and a low pH in the tailings pore water 

(AMD). Blight and Du Preez (1997) concluded that the top layer (1-1.5 m thick) of 

TSFs were characterized by high concentration of heavy metals and sulphates, and 

low pH due to oxygen exposure.  
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Table 5.1: ED-XRF mineral composition (wt. %) of PM25 dust. 
 

Sample Major Element (wt. %) 

SiO2 ZnO MnO Cr2O3 TiO2 CaO CuO V2O5 K2O Fe2O3 Al2O3 NiO As2O3 

Res. Alberton 1 86.3 3.16 2.50 1.82 1.61 1.64 2.35 - - - - 0.65 - 

Res. Alberton 2 63.4 3.67 6.90 4.15 4.01 7.75 3.06 2.60 2.30 1.56 0.59 - - 

Res. Alberton 3 55.6 7.18 11.6 8.92 6.20 6.34 - - - 2.60 1.53 - - 

Res. Boksburg 1 66.0 4.00 5.15 4.12 5.14 2.95 4.55 3.55 2.15 1.55 0.86 - - 

Res. Boksburg 2 30.5 12.5 16.5 13.0 11.5 7.65 - - - - - - 8.45 

Res. Diepkloof 68.9 1.45 2.20 1.52 3.75 5.94 1.33 1.47 2.24 8.30 1.62 1.31 - 

Res. Riverlea 77.4 - 2.81 2.03 3.78 8.75 - - 2.00 2.60 0.64 - - 

Res. Sandton 62.0 4.17 5.74 4.68 5.29 4.51 4.40 3.62 3.35 1.43 0.79 - - 

CBD 1 64.4 4.61 5.28 4.16 4.44 8.01 4.17 - 2.51 1.64 0.81 - - 

CBD 2 66.1 6.21 7.23 - 5.92 7.80 - - 3.12 2.39 1.18 - - 

CBD 3 81.0 6.78 1.69 1.41 1.58 1.48 2.06 - - - - - 3.99 

CBD 4 63.6 4.33 5.56 4.59 4.61 4.70 4.16 3.42 2.38 1.84 0.85 - - 

CBD Cemetery 84.4 4.51 - 2.89 2.79 - 5.38 - - - - - - 

Soccer City 73.1 - 4.45 3.59 5.73 3.28 - 3.09 2.31 3.56 0.91   

Ophirton 70.4 4.21 5.17 3.96 4.18 4.70 - 3.02 2.32 1.32 0.74 - - 

Selby 1 71.8 3.76 3.64 3.34 3.76 5.84 3.60 - 1.98 1.74 0.54 - - 

City Deep 54.8 6.67 8.59 12.2 5.41 5.49 - - 3.08 2.47 1.31 - - 

Crownwood 67.4 3.52 4.48 3.50 3.85 4.20 2.79 2.45 2.16 2.04 0.64 2.95 - 

Heriotdale 54.5 4.23 6.78 4.96 4.22 14.1 4.46 - 3.11 2.65 1.00 - - 

PPC Cement 64.6 3.14 3.97 3.18 3.07 5.60 3.73 2.18 1.95 2.15 0.63 5.81 - 

              

Detection limit  0.01  0.001 0.001 0.003 0.01 0.0003 0.001 0.005 0.02 0.01 0.001  
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Table 5.26: Comparison of X-Ray Diffraction (XRD) mineralogical results of street dust, tailings dust, gold ore, and material from gold 

mine tailings expressed in weight %. 
 

Sample Dust from this study aTailings 

material 

bPyrite 

bearing 

gold ore 

cGold Tailings 

Heriotdale City 

Deep 

CBD 2 Boksburg 

1 

Site 1 Site 2 Site 3 Site 4 Site 5 

Quartz 94.4 90.8 90.8 74.3 78.0 74.0 80.5 70.3 69.3 64.7 71.0 

Pyrophyllite *bdl *bdl *bdl *bdl 2.0 12.0 - - - 5.7 16.5 

Pyrite *bdl *bdl *bdl *bdl - 9.0 1.0 1.0 1.0 - 1.5 

Kaolinite/Chlorite *bdl *bdl *bdl *bdl - 2.0 7.3 8.3 6.7 5.0 3.0 

Jarosite *bdl *bdl *bdl *bdl 3.0 1 2.7 2.7 1.0 1.0 1.5 

Plagioclase *bdl *bdl *bdl *bdl - 1 - - - - - 

Mica *bdl *bdl *bdl *bdl - 1 9.5 9.8 6.3 5.3 5.5 

Chloritoid *bdl *bdl *bdl *bdl 6.0 - - 9.5 15.0 19.7 2.3 

K-Feldspar *bdl *bdl *bdl *bdl - - 1.0 1.0 1.0 1.0 - 

Clay *bdl *bdl *bdl *bdl - - - - 1 - - 

Gypsum *bdl *bdl *bdl *bdl 0.1 - 12 - - - - 

Muscovite            

*bdl – below detection limit 
a Rösner, (1999) 
b Tlowana et al., (2013) 
c Nengovhela et al, (2006) 
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Figure 5.1: X-ray diffractograms showing quartz as the main mineral in urban dust 

from Johannesburg for selected samples (Boksburg 1, Riverlea, CBD 2, Heriotdale 

and mine dust). The rest of diffractograms are placed in appendix B. 

 

 

This relationship between pyrite and oxygen was further confirmed by Nengovhela 

et al., (2006). The impact of the vegetation on the tailings in terms of the presence 

and consumption of oxygen was well described. The oxygen diffused deeper into 

the tailings due to the porosity caused by roots. This further accelerated pyrite 

oxidation leading to a continued AMD generation, and resulting in a prolonged 

pollution as long as the tailings exist. This highlighted the differences between the 

rehabilitated and unrehabilitated tailings. Unrehabilitated tailings were 

characterized by loosely bound fine particulate matter at the top, with high 

concentration of trace elements, with low pH (pH<3). The exposure of the tailings 

surface to oxygen resulted in the trace elements being leached out hence there were 

below detection limit from XRD (Table 5.2) on dust samples. Rehabilitated tailings 

had a greater depth of oxygenated zone, with low pH and the vegetation cover 

prevented any erosion talking place from the surfaces. However, precipitation of 

trace metals occured at outer toe walls of TSFs, and in surfaces where seepage 

discharge take places due to the evaporation of supersaturated solutions (AMD) 
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(Tutu et al., 2008; Naicker et al.,2003). Windblown dust from these tailings resulted 

in the distribution of dust laden with toxic trace metals. 

 

The minor mineral elements determined were as follows: mica, chlorite, chloritoid, 

pyrophyllite, clay, gypsum, pyrite, jarosite, pyrite, rutile, hematite, clinochlore, 

muscovite, and k-feldspar (Tlowana et al., 2013; Ojelede, 2012; Nengovhela et al., 

2006). Total elemental analysis determined the following trace elements: Al. As, 

Ca, Cd, Co, Cu, Cr, Fe, Hg, Ni, Mn, Mo, Si, Ti, Pb, S, U, V, and Zn (Table 5.2), 

and enrichment of Al, Ca, Fe, Mn, Ti, and Si was observed in the tailings material, 

street dust and windblown dust (PM10 and PM5 fractions) (Tlowana et al., 2013; 

Ojelede, 2012; Nengovhela et al., 2006). However, Al, Ca, Fe, Mn and Si elements 

are of geologic nature. 

 

In comparison with other cities, Moreno et al. (2007) identified silica, kaolinite, 

alunite, jarosite, illite and iron oxides in PM10 particles in the vicinity of an ore 

processing plant near a gold mine in Southeastern Spain, while Querol et al. (2000) 

identified pyrite as the main component, together with clay, quartz, calcite, gypsum 

and plagioclase after a spill of mining heavy metals in the South western Spain.  

 

The SEM was used to view the structure of particulate matter in the dust. A larger 

percentage of the particulate matter consisted of quartz with well define crystalline 

structures and at times coated with other elements such as sulphur, manganese etc. 

(Figure 5.2, 5.3, and 5.4). 
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SEM  

Figure 5.2: SEM images of Johannesburg dust and EDS spectra. (a.) Crownwood sample indicates the presence of Si, Al (dominant); Fe, 

Ca, Mg, Zn, K, Ti, and S. (b.) PPC Cement sample indicates the presence of Si, Al, Fe (dominant), S; K, Ca, Ni.   
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Figure 5.3: SEM images of Johannesburg dust and EDS spectra. (a.) Cemetery sample indicates the presence of Si, Al; Fe, Ca, Mg, Mn, 

Na, K, Ti, and S. (b.) Riverlea sample indicates the presence of Si, Al, Fe, S; K, Ca, Ti, Mn, Mg.  

b.)a.)
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Figure 5.4: SEM images of Johannesburg dust and EDS spectra. (a.) CBD 4 sample indicates the presence of Si, Al; Fe, Ca, Mg, K, Ti, and 

S. (b.) Sandton sample indicates the presence of Si, Al, Fe, S; K, Ca, Ti, Mg.  
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5.2 HgTOT concentration in dust fractions 

Results of HgTOT obtained from Johannesburg dust samples in 3 different particles 

size fractions are presented in Figure 5.5 (and in Table A.1 placed in appendix A) 

whilst the spatial distribution of HgTOT in PM25 fraction is shown in Figure 5.6. 

HgTOT in Johannesburg dust ranged from 80 to 243 (PM100), 122 to 499 (PM50), and 

270 to 1349 (PM25) µg kg-1, with a mean of 151, 291, and 600 µg kg-1, and are about 

2, 3, and 7 times higher than the crustal value of Hg in soils (85 µg kg-1) for PM100, 

PM50, and PM25, respectively. The percentage relative standard deviation (%RSD) 

between replicates in all samples was not greater than 10%.  

 

The highest HgTOT, was observed in the samples collected from the industrial sites 

followed by samples from the Central Business District (CBD), and lastly samples 

from residential areas. This trend was evident in the three different particle size 

fractions. High HgTOT values were mostly obtained in the south-eastern and south-

western parts of Johannesburg. This is mainly due to the presence of TSFs from 

historic gold mining activities in the area and clearly shows the impact of the 

prevailing wind direction on distribution of HgTOT. The dominant prevailing wind 

directions were north north-westerly, north westerly, northerly, and north north-

easterly with 13.9%, 13.5%, 9.1%, and 8.9%, respectively (Figure 5.7). These 

winds bring the greatest concentration of HgTOT, indicating possible anthropogenic 

emission sources in these directions. Lastly, the highest HgTOT was found in PM25 

whilst the lowest HgTOT was measured in PM100, showing that HgTOT increased as 

particle size decreased.  
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Figure 5.5: Comparison of mean HgTOT concentration in three different particle size fractions in dust samples. Error bars represent standard 

deviation of the mercury concentrations, (n=3). 
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Figure 5.6: Spatial distribution of HgTOT in PM25 in dust samples from Johannesburg, South Africa. 
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Figure 5.7: Dominant prevailing wind direction of Johannesburg, South Africa. 

 

HgTOT in PM25 from industrial sites ranged from 500 to 1349 µg kg-1, with an 

average of 687 µg kg-1. The highest HgTOT was found in the TSF reprocessing area 

(Heriotdale), followed by industrial sites built on TSF footprints (Selby 1 & 2, 

Loveday, Rosettenville, and Trump), and lastly industrial sites built next to TSF 

(Aeroton, Benrose, Booysen, City Deep, Germiston, PPC, and Steeldale). 

Significant quantities of residual tailings materials are left behind due to incomplete 

reclamation processes resulting in exposure of toxic heavy metals. These metals are 

susceptible to distribution through leaching by rain water, re-emission and 

resuspension of dust through wind erosion, and seepage to ground water (Ojelede 

et al., 2012; Tutu et al., 2008; 2005; Naicker et al., 2003; Rösner and van 

Schalkwyk, 2000; Marsden, 1986). Hence elevated levels of mercury and other 

toxic heavy metals. 

 

In the CBD, HgTOT concentration was found to range from 473 to 702 µg kg-1, with 

an average of 548 µg kg-1. The highest HgTOT concentration in the CBD area was 

found in the vicinity of the Braamfortein cemetery. During the cremation, mercury 

is released as elemental mercury (Hg0), and is deposited in the surrounding areas of 

the crematorium (Mari and Domingo, 2010; Takaoka et al., 2010; Nieschmidt and 
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Kim, 1997; Yoshida et al., 1994). Meanwhile, the HgTOT gradually decreased as 

you move further away from the cemetery. HgTOT in PM25 dust samples from 

Braamfontein cemetery were greater than 490, 370, and 115 µg kg-1 reported from 

soils surrounding Purewa crematorium, Hamilton crematorium, and South 

crematorium, respectively, situated in Remuera, Auckland, New Zealand 

(Nieschmidt and Kim, 1997). This demonstrated that crematoria acted as a 

considerable source of Hg to its immediate environment. The presence of Hg in the 

emissions from the crematorium was attributed to the high Hg content (0.5g) in the 

dental amalgam fillings in the teeth, which is approximately 50% mercury (Mari 

and Domingo, 2010). Studies of occupational exposure of individuals working in 

crematories was carried out in the United Kingdom (UK) by measuring the mercury 

levels in hair. Only 3% of the crematoria workers were found to have Hg 

concentration higher than 6 µg g-1, generally considered as a tolerable concentration 

for mercury in hair (Maloney et al., 1998). In countries such as Switzerland and 

UK, Hg emission calculations from crematories gave ranges of 0.61 to 1.53% of 

total Hg contamination produced by all waste incineration methods (Mari and 

Domingo, 2010), and 5.3 to 15.7% of UK mercury emissions to air in 2000 

(DEFRA, 2003), respectively. Unfortunately, in the South African case, this kind 

of study has not been carried out, therefore contribution of Hg from the 

crematorium to the atmospheric Hg emission was not determined. Globally, 

atmospheric Hg emissions from crematoria were estimated to account for about 

0.8% of the total anthropogenic Hg emissions (Nriagu, 1989; Nriagu and Pacyna, 

1988).  

 

In the residential areas, HgTOT ranged from 270 to 697 µg kg-1, with an average of 

462 µg kg-1.The highest HgTOT of 697 and 693 µg kg-1 were determined in Riverlea 

and Diepkloof (Soweto), respectively. In Riverlea, an old sand dump was being 

reprocessed, whilst Diepkloof is surrounded by three Crown Gold Recoveries 

tailings dams (CGR) situated to the north of the township (Figure 5.8). Heavy dust 

storms in these areas have resulted in dust fallout from tailings in excess of 2 400 

mg m-2 day-1 (Ojelede et al., 2012), and led to legal action being taken between 

communities and mining companies (Annegarn and Sithole, 2002; Annegarn et al., 
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1991; Marsden, 1987; Blight, 1989; Blight and Caldwell, 1984). The excessive dust 

fallout caused visibility problems, increased chances of exposure through ingestion 

and inhalation of particulate matter, became a nuisance due to its deposition on 

surfaces, and contamination of exposed environments (Figure 5.9). Ojelede et al., 

(2012), reported high levels of PM10 and PM5 (i.e. thoracic and respirable fractions) 

from TSFs surrounding Soweto, having a mean of 53% vol. and 37% vol., 

respectively. These results indicated that TSFs were rich in fine material, 

representing a higher risk factor during dust storm episodes. Literature has reported 

that respirable and thoracic fractions readily penetrate and are easily deposited in 

trachea-bronchial-alveoli region of the human respiratory track resulting in a host 

of respiratory problems (Pope III et al., 2004; Nemmar et al., 2002; Fernandez-

Espinosa et al., 2001; Renwick et al., 2001). Elemental analysis and physical 

examination of dustfall material revealed TSFs as the dominant source of 

particulate matter collected on filters (Ojelede et al., 2012).  

 

 

 

Figure 5.8: Sampling sites and HgTOT concentration results for Aeroton, Diepkloof, 

Riverlea townships, and Soccer City in relation to the tailings dams. 
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Figure 5.9: Dust storm episode associated DRD gold mine tailings in Soweto. 

 

The lowest HgTOT (270 µg kg-1) was determined in the suburb of Centurion in 

Pretoria. This residential area is far away from point sources of mercury emission. 

The presence of mercury and other metals and metalloids in dust in the residential 

areas was attributed to other anthropogenic sources, most likely traffic emissions 

(both exhaust and non-exhaust), as major highway passes through some suburbs. 

Elements such as Ba, Zn, and Pb found in fine/ultrafine and nano particles were 

attributed to road traffic emissions (Lin et al., 2005). While trace elements such as 

Cu, Zn, Ba, Sb, and Mn are characteristics of non-exhaust emissions (Kwon and 

Castaldi, 2012; Oliveira et al., 2011; Gietl et al., 2010; Amato et al., 2009; El 

Haddad et al., 2009). The volumes of the traffic increases during peak hours, 

increasing the emissions (Duong and Lee, 2011; Amato et al., 2011a, b; Omstedt et 

al., 2005). 

 

The contribution of mercury from burning petroleum-based fuels is relatively low, 

however, the actual figures on the concentration and fate of the mercury in common 

fuels is lacking (Wilhelm and Bloom, 2000). The use of mercury in cars is primarily 
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in switches that operate convenience lights under the hood and trunk, and in anti-

lock brake mechanisms (Lourie, 2003). Some of this mercury is released into the 

atmosphere during the wear and tear of the anti-lock braking mechanisms whilst 

most of this mercury is released during the recycling of the cars to make new steel 

(Lourie, 2003). In this case, the impact of traffic was observable, as the lowest Hg 

concentrations were determined in residential areas with low traffic intensity. Large 

traffic volumes were experienced on the highways situated next to the TSFs, and 

industrial areas. However, due to the large concentration of metals and metalloids 

in the tailings, the enrichment is believed to be from anthropogenic sources. 

 

To completely understand the spatial distribution of HgTOT in gold mining 

environment, samples were also collected from two different active mining sites 

and their concentrations were as follows: 541, 500, and 480 µg kg-1 for Vaal River 

(VR) 1 and 2, and West Wits (WW) mining sites, respectively (Figure 5.10). 

Possible sources of the dust could be the dusty road surfaces, emissions from 

mining processes, and exposed TSFs’ surfaces. 
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Figure 5.10: Sampling sites and results of HgTOT concentration of a.) Vaal River 1 and 2, and b.) West Wits mining areas, respectively. 
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Total mercury concentration in dust from the WW region was similar to the 

concentrations obtained in the VR region. These results were in agreement with the 

results obtained from old North tailings and sediments samples collected near the 

old North TSF (265 and 414 µg Hg kg-1, respectively) in WW area (Lusilao, 2012). 

Based on the results, the following order was observed: HgDust > HgSediments > 

HgSoils. This is expected, as metal concentration in dust are greatly enriched due 

to high adsorption capacity of the small particle size fractions whilst in sediments 

metals are thought to be higher than in soils due to the accumulation (Ordonez et 

al., 2002). Lusilao (2012), reported that the source of mercury pollution in this area 

was the gold mining and its activities. This was demonstrated by the decrease of 

mercury levels away from the point source (mainly TSFs and pollution control 

dams), as it was observed in this study of dust in Johannesburg. 

 

Of interest was the TSF deposits (both old and recent), where fine particulate matter 

(respirable and thoracic fractions) are enriched (Ojelede et al., 2012). According to 

Ojelede et al. (2012), PM5 and PM10 in the recent slimes dams ranged from 14 to 

24 vol.%, and 22 to 38 vol.%, respectively, while, in the older slimes dams and sand 

dumps, they ranged as follows: (6 to 17 vol.%; 11 to 26 vol.%), and (1 to 8 vol.%; 

2 to 12 vol.%), respectively. This explained the impact of improved gold processing 

technique, where the recent TSFs are characterized by finer particulate matter 

mainly due to advances in technology, which have resulted in optimized processing 

techniques leading to finer milling and extraction of residual gold content, hence 

the reprocessing of old TSFs (Durand et al., 201). Ojelede et al. (2012), also 

highlighted that the presence of coarse mode (1.0 to 10 µm) and giant suspended 

particle (GSP) modes in the airborne suspended particles was a confirmation that 

their source were the tailings dams. They further showed that the level of coarse 

fraction dust was highest during the day, and lowest at night occurring at lower 

wind speeds. Under the influence of high wind speeds, the GSP mode displayed 

dominance over the coarse mode. Therefore, the release of dust from exposed 

surfaces of the TSFs resulted in the dispersion and distribution of toxic metals and 

metalloids including mercury over great distances, causing a health hazard to 

nearby residents (Maseki, 2013; Oguntoke et al., 2013; Ojelede et al., 2012). The 
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wind speed and direction influenced the dispersion and distribution of dust from the 

TSF (Ojelede et al., 2012). This was evidenced by the high HgTOT in the 

communities downwind of the tailings. Areas associated with the gold mining belt 

are grossly affected and they stretch from the Springs (East Rand) to Randfontein 

(West Rand), a distance of 95 km. The south eastern and south western part of 

Johannesburg exhibited high HgTOT, an indication of the prevailing wind direction 

(north easterly, north, north westerly, particularly in the windiest months of the 

year, July to September).  

 

Therefore, anthropogenic sources from industry (gold mining and manufacturing) 

and traffic are thought to be the main cause of metal enrichment in the urban dust 

of Johannesburg. This is enhanced by the deposition of particles transported by air, 

which are subsequently a source of natural and anthropogenic elements in dust by 

means of re-suspension, re-emission, and particles washed-off urban surfaces 

which have been enriched anthropogenically.  

 

Comparative study of HgTOT in dust was carried out between Johannesburg and 

various cities in the world and presented in Table 5.3. HgTOT from Johannesburg 

was two times greater than that reported from Manchester, UK, i.e., 600 µg kg-1 

versus 368 µg kg-1. In both dust samples, Hg was determined in the fine fraction 

(i.e., PM25 and PM38 for Johannesburg and Manchester, respectively).  
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Table 5.3: HgTOT concentrations in dust of other cities reported in the literature. 
 

Sample Type Location HgTOT (mg kg-1) Reference 

Dust Johannesburg, 

South Africa  

0.60 This study 

Street dust Manchester, UK 0.37 Unpublished data 

Household dust Ottawa, Canada 0.03 

 

Rasmussen et al., 

2001 

Street dust Luanda, Angola 0.13 Ferreira-Baptista and 

De Miguel (2005) 

Street dust Kavala, Greece 0.20 Christoforidis and 

Stamatis, 2009 

Street dust Beijing, China 0.34 Zhang et al., 2006 

Street dust Hong Kong, 

China 

0.60 Tanner et al., 2008 

Topsoil Palermo, Italy 0.68 Manta et al., 2002 

Roadway dust Baoji, China 1.11 Lu et al., 2009 

Street dust Glasgow, 

Scotland 

1.20 Rodrigues et al., 

2006 

Street dust Huludao, China 1.22 Zhen et al., 2010 

Road dust Calcutta, India 1.95 Chatterjee and 

Banerjee, 1999 

Street dust Avile’s, Spain 2.56 Ordóñez et al. 2003 

Attic dust Idrija, Slovenia 129.00 Gosar et al., 2006 

 

The presence of Hg was attributed to anthropogenic sources, The average HgTOT in 

PM25 dust of Johannesburg was greater than those in Ottawa, Kavala, Luanda, and 

Beijing cities (Christoforidis and Stamatis, 2009; Zhang et al., 2006; Ferreira-

Baptista and De Miguel, 2005; Rasmussen et al., 2001). However, it was lower than 

those in Baoji, Glasgow, Huludao, Calcutta, and Aviles cities (Zhen et al., 2010; 

Rodrigues et al., 2006; Ordonez et al., 2003; Manta et al., 2002, Chatterjee and 

Banerjee, 1999). The high levels of HgTOT were from anthropogenic sources such 

as coal-fired power stations, coking plant, coal waste from coal usage for heat and 

power, and Hg/Pb/Zn smelting industries (Zhen et al., 2010; Rodrigues et al., 2006; 

Ordonez et al., 2003; Manta et al., 2002, Chatterjee and Banerjee, 1999). Samples 

from Hong Kong and Palermo were at the same level as those in Johannesburg.  

 

The results from Chinese and other cities, showed a similar trend as the results 

obtained from the dust samples of Johannesburg, i.e., the highest mercury 

concentration was observed in the industrial areas, mainly near coal-fired power 
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station, coke oven plant, cement plant, and zinc smelting (Sun et al., 2013; Zhen et 

al., 2010; Lu et al., 2009; Ordonez et al., 2002). In China, coal consumption is very 

high, mainly due to the fact that coal is the main energy source, and Hg 

concentration in consumed raw coal averaged 260 ppb, which is higher than the 

average Hg concentration in the world (130 ppb) (Jiang et al., 2005). Extremely 

high HgTOT concentration from attic dust was observed from Idrija, Slovenia, where 

the anthropogenic source of pollution was the smokestack of the smelter (mercury 

processing) (Gosar et al., 2006). As such the distribution of the pollution was 

influenced by the local wind direction, and therefore, mercury was enriched in the 

finer particulate matter at great distances from the source of pollution as compared 

to the point source. Interestingly, the most bioavailable fraction, non-cinnabar 

bound Hg was found to be enriched in the finer grained material (dust) at a great 

distance from the source of pollution. 

 

 

5.3 Total metal analysis in dust 

The total elemental analysis in dust samples showed a similar trend as observed for 

HgTOT with higher concentrations of heavy metals in industrial areas and lower 

concentrations in the residential areas (Table 5.4). The gold, pyrite (Fe, As) and 

other sulphides occur together with minor elements such as Ag and Hg (Kirk et al., 

2003; Kirk et al., 2001). Since these elements and gold occur together, they are 

found in the same areas. This relationship is further confirmed by high correlation 

coefficients between Fe and Hg (R2 = 0.801), Fe and S (R2 = 0.773), and Hg and S 

(R2 = 0.789) (Table 5.5). The inter-dependence in the PM25 size fraction could 

indicate that these three elements come from the same source, possibly the TSFs 

(Table 5.2). It is believed that the presence of Cu could be from mining activity 

(Csavina et al., 2011). In the study carried out by Meza-Figueroa et al., (2009), the 

enrichment factors of Hg, Cu, As, Zn and Pb in residential soils was reported to be 

caused by the wind erosion from Nacozari tailings in Sonora, (Mexico).  

 

Moreover, the uniform spatial distribution of elements like Ca, Cd, Co, Cu, Ni, Pb, 

V, and Zn across all the different land uses is proof that traffic emission is a 
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significant source (Omar et al., 2007; De Miguel et al., 1999; Salim Akhter and 

Madany, 1993). However, in some areas its contribution is overshadowed by the 

emission from the tailings. Studies of trace elements in ambient air have shown that 

traffic emissions could be a significant contributor to the atmosphere and hence 

accumulation in soils and dust (Martuzevicius et al., 2004; Gao et al., 2002; 

Espinosa et al., 2001; Janssen et al., 1997). The principal source of Co, Ni, and V 

is the combustion of fuel while Cd, Cu, Pb, Sb, and Zn are released from tire rubber 

abrasion and brakes (Adachi and Tainosho, 2004; Singh et al., 2002; Sternbeck et 

al., 2002; Pacyna, 1998). Huang et al. (1994), were able to show that Al, Fe, and 

Zn, were emitted from vehicles with catalytic converters. It has been proven that 

these elements increase in heavily impacted traffic regions as compared to lesser 

traffic impacted areas. Elements such as Ca, Al, Mn, Fe, and Sc are crustal elements 

and therefore their presence in the dust is an indication of the vehicle re-suspension 

of road dust. 
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Table 5.4: Total metal concentration in studied PM25 particle size fraction samples. 

 
SAMPLE METAL CONCENTRATION 

103 × mg kg-1 mg kg-1 

Al As Ba Ca Cr Cu Fe K Mg Mn S Si Ti Zn Cd Co Li Ni Pb U V 

Sandton 44.7 0.3 5.1 15.8 0.8 0.3 46.9 55.3 4.7 13.6 1.4 16.8 5.9 0.6 35.0 29.0 152 0.0 0.0 118 133 

Diepkloof 71.7 0.2 5.9 27.4 0.4 0.1 66.0 42.1 3.0 0.9 1.5 26.7 4.9 0.4 36.9 0.0 157 0.0 0.0 151 138 

Riverlea 60.5 0.1 3.4 29.8 0.4 0.1 66.1 31.4 3.7 0.9 3.6 21.2 4.9 0.3 33.9 22.0 149 0.0 0.0 155 147 

Boksburg 1 80.5 0.2 7.5 11.4 0.4 1.1 85.4 14.6 2.9 1.1 1.5 21.8 8.2 0.8 35.9 20.5 158 0.0 0.0 157 255 

Boksburg 2 54.4 0.3 6.2 29.8 0.6 0.2 52.7 19.2 7.6 1.5 3.6 19.1 6.2 08 35.1 35.3 144 18.9 0.0 115 176 

Alberton 1 50.2 0.2 5.9 28.7 2.1 0.6 77.5 17.4 7.5 2.8 3.1 23.7 5.2 0.8 34.6 57.0 135 23.4 98.7 352 190 

Alberton 2 46.7 0.4 7.4 41.3 3.0 0.4 62.4 17.0 12.3 6.1 3.8 23.0 5.9 0.9 35.7 38.5 127 0.0 93.4 0.0 166 

Alberton 3 47.9 0.3 8.1 39.1 4.4 0.4 72.5 16.8 9.4 9.0 2.1 21.8 4.4 1.6 365 47.2 141 16.6 162 132 187 

CBD 1 44.9 0.2 3.1 38.1 0.8 0.6 66.0 25.6 7.7 1.5 3.1 14.9 4.6 1.1 32.1 41.2 136 22.0 0.0 204 131 

CBD 2 55.9 0.3 5.5 45.3 0.7 0.6 63.5 22.9 7.1 1.5 4.2 14.6 4.7 1.1 34.2 32.4 144 41.9 0.0 96.6 129 

CBD 3 49.1 0.2 4.2 24.0 1.0 0.6 73.0 18.1 58.6 1.5 3.8 17.2 4.8 1.5 33.8 37.5 137 19.6 275 147 146 

CBD 4 55.3 0.2 7.0 30.1 0.9 0.5 83.2 15.3 7.5 2.1 4.7 16.9 4.6 1.2 31.1 53.2 137 25.1 1083 119 163 

Cemetery 51.8 0.1 2.8 19.1 2.0 0.9 84.2 13.0 8.3 2.1 33.6 12.5 0.0 0.9 34.4 36.4 139 14.6 0.0 116 185 

Soccer City 51.6 0.2 3.5 10.1 0.5 0.1 48.1 35.8 3.5 0.8 2.4 20.3 6.9 0.3 34.8 17.5 133 0.0 0.0 189 130 

Ophirton 48.7 0.1 3.2 18.3 0.8 0.4 75.4 15.9 5.8 1.5 5.7 23.1 4.3 1.1 37.8 29.3 145 0.0 0.0 0.0 151 

Selby 1 52.7 0.1 2.7 27.7 1.2 2.4 82.8 15.1 9.1 1.8 5.3 16.8 5.4 2.2 37.7 66.6 148 52.1 530 266 162 

City Deep 50.9 0.3 6.6 24.2 4.8 1.4 83.5 13.9 7.1 3.2 4.7 17.7 4.4 6.0 34.3 422.0 150 193.0 277 63.1 182 

Crownwood 52.1 0.2 3.7 20.9 1.6 0.3 75.1 13.3 8.3 2.0 4.6 24.9 0.0 1.1 35.8 24.5 145 52.3 0.0 142 163 

Heriotdale 57.5 0.1 1.6 74.5 0.8 0.3 59.5 14.9 23.4 2.8 7.4 7.6 2.9 0.5 26.3 143 133 69.2 0.0 280 120 

PPC Cement 45.7 0.3 0.2 36.7 1.7 3.1 132 11.6 14.0 2.4 88.6 11.4 0.0 0.9 0.0 0.81 121 7.97 0.0 224 173 

VR 1 35.8 0.5 2.0 13.7 0.2 0.3 60.8 10.1 2.6 3.7 18.1 17.5 0.0 0.6 28.3 94.8 112 40.4 0.0 411 63.4 

VR 2 24.0 0.1 1.60 4.67 0.1 0.1 44.9 4.40 1.7 8.3 18.1 14.7 0.0 0.6 25.3 23.0 105 0.0 0.0 240 75.4 
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Table 5.5: Pearson correlation between elements in PM25 dust samples from Johannesburg. The values in bold red indicate the strongest 

correlations (R>0.5). 

 

 
 

Al As Ba Ca Cd Co Cr Cu Fe Hg K Li Mg Mn Ni Pb S Si Ti U V Zn

Al 1.00

As -0.15 1.00

Ba 0.28 0.61 1.00

Ca -0.12 0.08 -0.17 1.00

Cd -0.13 0.35 0.42 0.12 1.00

Co -0.25 0.11 -0.40 0.18 -0.16 1.00

Cr -0.39 0.41 0.35 0.10 0.53 0.34 1.00

Cu -0.13 -0.16 -0.39 0.00 -0.16 0.76 0.23 1.00

Fe 0.15 -0.34 -0.39 0.46 -0.02 0.31 0.09 0.25 1.00

Hg -0.04 -0.31 -0.61 0.46 -0.17 0.19 -0.11 -0.01 0.80 1.00

K 0.05 0.13 0.06 -0.25 -0.07 -0.31 -0.38 -0.43 -0.48 -0.25 1.00

Li 0.61 -0.10 0.37 -0.42 0.05 -0.42 -0.18 -0.22 -0.34 -0.42 0.36 1.00

Mg -0.28 -0.01 -0.38 0.83 0.02 0.39 0.22 0.25 0.69 0.64 -0.45 -0.60 1.00

Mn -0.33 0.51 0.43 0.36 0.79 0.09 0.80 0.00 0.13 -0.08 -0.32 -0.32 0.38 1.00

Ni -0.22 0.09 -0.49 0.12 -0.16 0.89 0.06 0.72 0.19 0.15 -0.21 -0.50 0.32 0.00 1.00

Pb -0.03 -0.09 0.27 0.01 -0.01 0.01 0.13 0.20 0.13 -0.17 -0.24 -0.06 0.03 0.10 -0.09 1.00

S 0.05 -0.33 -0.43 0.66 -0.09 0.07 -0.06 -0.05 0.77 0.79 -0.24 -0.25 0.79 0.05 -0.02 -0.11 1.00

Si 0.37 -0.10 0.28 -0.58 0.21 -0.33 -0.15 -0.29 -0.40 -0.34 0.24 0.62 -0.70 -0.22 -0.28 -0.09 -0.50 1.00

Ti -0.10 0.42 0.41 0.13 -0.03 -0.17 0.23 -0.16 -0.11 -0.24 0.00 -0.27 0.11 0.40 -0.16 0.06 -0.15 -0.43 1.00

U 0.07 -0.39 -0.39 0.25 -0.08 0.14 -0.21 0.27 0.28 0.30 -0.03 -0.19 0.28 -0.16 0.20 -0.01 0.29 0.05 -0.40 1.00

V 0.38 0.11 0.43 -0.37 0.19 0.13 0.33 0.32 0.00 -0.37 -0.49 0.21 -0.19 0.23 0.09 0.09 -0.25 0.21 0.06 -0.02 1.00

Zn -0.18 0.17 0.24 -0.05 0.09 0.38 0.66 0.35 0.07 -0.18 -0.30 0.17 -0.01 0.23 -0.02 0.30 -0.17 0.02 -0.04 -0.20 0.19 1.00
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5.4 Seasonality variation of HgTOT in PM25 size fraction in Johannesburg street 

dust 

In this part of the study, temporal trends of HgTOT were determined during the wet 

season (Figure 5.11). 

 

 

Figure 5.11: Spatial distribution of HgTOT in PM25 size fraction in Johannesburg street 

dust during the wet season. 

 

HgTOT ranged from 91.00 to 318.00 µg kg-1 with an average of 177.2 µg kg-1. According 

to the land usage, it ranged from 101.9 to 318.0 µg kg-1 with an average of 191.7 µg 

kg-1; 182.0 to 220.5 µg kg-1 with an average of 195.1 µg kg-1; and 91.5 to 232.0 µg kg-

1 with an average of 130.2 µg kg-1 for industrial, CBD, and residential areas, 

respectively. The same trend observed in HgTOT in the dry season was observed in the 

HgTOT in the wet season, i.e. the highest HgTOT concentration was reported for samples 
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in the industrial area, followed by CBD, and lastly residential area. Of interest, in this 

case was that the average HgTOT of the CBD was slightly higher than the average of 

HgTOT in the industrial areas. This could be attributed to the presence of tall buildings, 

which acts as a wind break during the windy months (July to October) prior to the onset 

of rains. Therefore dust accumulates, thereby accumulating large amounts of mercury 

in the finer particulate matter. This period coincides with high dust period, i.e. spring 

season, in the Witwatersrand region. This period is usually characterized by high wind 

speeds, high erodibility of dust, humidity, and low rainfall (Oguntoke et al., 2013; 

Annegarn et al., 1991). During this period, huge amounts of dust are distributed over 

great distances while some dust being deposited locally.  

 

HgTOT concentration values are far less than what was obtained during the dry season, 

where the dust is allowed to accumulate on the surfaces next to the roads due to 

prevailing weather and environmental conditions, which favour the deposition of dust. 

This points out that there is a lot of washing away of the dust during the wet season 

(Oguntoke et al., 2013). The on-set of rains comes with high relative moisture, and 

high rainfall. High moisture in the atmosphere provides water that binds dust particles 

thereby reducing dust erodibility by wind, and also reducing wind speed and erosivity 

(Smith and Lee, 2003; Lee et al., 1994). The accumulated road-deposited sediment 

(RDS-dust) constitutes washoff particles that leads to urban runoff pollution (Zhao et 

al., 2010a). Studies conducted by Lusilao (2012), reported that during the wet season, 

mercury concentration in the sediment surfaces near the TSFs decreased from about 

950 to 320 µg kg-1, while the Schoonspruit river sediments recorded an increase from 

103 to 1004 µg kg-1, indicating transportation and distribution of mercury along water 

courses, and receiving environments downstream.  

 

5.5 pH of dust 

The pH of the dust ranged from 5.3 to 10.3, with an average of 7.6 (Figure 5.12). Most 

of the investigated dust samples were neutral, with the exception of samples from the 

mining sites, and some from industrial sites. Samples from the mining sites were 
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slightly acidic and were as follows: 5.3, 5.4, and 5.4, for VR 1 and 2, and West Wits 

mining areas, respectively. These pH values were within the expected pH of the soil in 

the VR area and varied between 5.5 and 6.4 (AGA VR EMP, 2009). This could be 

evidence of acidification of the TSF due to pyrite oxidation, and exposure of the TSFs 

to the atmosphere. Characterization of pH of five different tailings dams carried out by 

Nengovhela et al. (2006), showed that the pH ranged from 2 to 4, an indication of the 

generation of the AMD by the tailings dams. The actual mobility of contaminants in 

the tailings is determined by the pH, redox conditions and the presence of other ions, 

dissolved organic matter and clays. 

 

 

 

Figure 5.12: Spatial distribution of pH of the dust samples from Johannesburg, South 

Africa. 
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On the other hand some samples from the industrial sites were slightly alkaline to 

alkaline. These were City Deep 2 & 3, Loveday, Springs 3, and Cross with pH values 

8.73, 8.86, 8.53, 8.60, and 10.26, respectively. The presence of trace carbonates and 

the liming of cyanide containing solution, added to control pH during gold ore 

processing, resulted in the tailings having a near-neutral pH (Naicker et al., 2003). The 

loss of material from the unoxidised dry slimes dams surfaces due to wind erosion leads 

to the distribution of dust characterized by near-neutral pH and laden with toxic metals 

and metalloids. Most of the TSFs were left undisturbed in the Johannesburg area for 

almost a century, and were left exposed to a combination of oxygen and rainwater. This 

resulted in the oxidation of the pyrite and other sulphides in the tailings material, which 

produced AMD (Marsden, 1986). The acidified waters leached out toxic heavy metals 

into ground water beneath the dumps and some found its way into rivers and streams 

on surface (Naicker et al., 2003; Jones et al., 1988).  

 

 

5.6 Size distribution of dust samples 

The particle size distributions of a few selected dust samples are illustrated in Figure 

5.13. The distribution patterns of the dust samples were similar, characterized by 

unimodal distribution with most particles in the range from 100 to 400 µm. The PM25 

fraction in dust samples ranged from 0.8 to 10.1 % volume from Sandton to Heriotdale, 

respectively, (Figure. 5.14).  
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Figure 5.13: Particle size distribution of dust samples (a) Industrial area - Heriotdale. 

(b) Industrial Area – City Deep. (c) Residential Area – Sandton (d) CBD 2. 

 

Particles smaller than 100 µm could easily be re-suspended under windy conditions 

resulting in adverse health effects on human beings, due to the dust entering the nose 

and mouth during normal breathing (Driver et al., 1989). The thoracic dust (PM10) and 

respirable dust (PM2.5), both found within the PM25, may remain suspended in the air 

for long periods of time (De Miguel et al., 1997). PM10 passes through the nose and 

throat, reaching the lungs, whilst PM2.5 will penetrate the alveoli, where gaseous 

exchange takes place in the lungs. High HgTOT in dust samples was associated with 

high % volume of PM25 fraction. The particle size analysis results showed that the 

contents of PM25, PM50, PM100, and >PM100 in the dust samples of Johannesburg ranged 

from 0.8 to 10.1, 0.6 to 7.4, 1.4 to 15.9 and 71.7 to 97.2% with averages of 4.6, 3.9, 

12.0, and 79.4%, respectively (Figure 5.13). These results show that about 21% of dust 

could become suspended into the atmosphere, whereas about one twentieth (i.e. less 

than 0.1%) could enter the respiratory system. 
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Figure 5.14: Particle size distribution in dust samples from Johannesburg, South 

Africa. 

 

The highest % volume of PM25 fraction was recorded in industrial samples and were 

as follows: Heriotdale, 10.1%; Crownwood, 10.0%; Selby I, 8.4%; City Deep, 7.2%, 

and Ophirton, 4.8%. The least % volume of PM25 fraction was recorded in residential 

area of Sandton, which was 0.80%. Particles less than 25 µm from industrial areas 

made up a mean of 7.2% of the dust, which is about 2 times higher than the CBD’s 

mean (3.8%), and 3 times higher than the residential area’s mean (2.3%). The 

remaining particle size fractions (PM50 and PM100) followed the same trend as PM25 

with the following % volume order: industrial area > CBD > residential area. Therefore, 

dust from the industrial areas consisted of higher proportions of inhalable, thoracic and 

respirable particles with increased risk of adverse health effects to human beings. 
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The particle size distribution followed the same trend as for HgTOT. The samples that 

contained low HgTOT also had low % volume of PM25, whilst samples with high HgTOT 

also had high % volume of PM25. However, considering particle size distribution, the 

larger the particle size, the lower HgTOT whilst the smaller the particle size, the higher 

the HgTOT. It can be concluded that there is a negative correlation between the particle 

size fraction and HgTOT with a correlation coefficient of -0.77, as shown in Figure 5.15. 

In this study, correlation analysis also showed that mercury concentration positively 

correlated with the % volume of PM25 in dust samples (R2 = 0.51), as shown in Figure 

5.16. This may explain the significant decrease of mercury levels observed in dust 

samples moving away from the vicinity of the gold tailings dams (TSFs, tailings 

footprints, TSF reprocessing sites) to the residential areas and also confirmed that gold 

mining tailings are the main source of mercury pollution in the area. 

 

 

Figure 5.15 Correlation between HgTOT and particle size distribution in street dust from 

Johannesburg. 
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Figure 5.16: Correlation between HgTOT and % volume in PM25 street dust from 

Johannesburg. 

 

HgTOT increased as particle size decreased in dust due to the presence of high specific 

surface area (Zverina et al., 2012; Duong and Lee, 2011; Luo et al., 2011; Zhao et al., 

2011; Zhao et al., 2010; Duong and Lee, 2009; Madrid et al., 2008). Smaller particle 

sizes have high surface area per unit of mass, and are able to adsorb large quantities of 

heavy metals (Deletic and Orr, 2005). Therefore, the smaller the particle size, the 

higher the adsorption capacity for mercury and other metals/metalloids. In addition, 

industrial areas where TSFs are being re-processed, dust is generation. Therefore, there 

is an increase in the finer particulate matter resulting in the increase of HgTOT in the 

dust and leading to a greater potential of human health risk when people are exposed.  

 

The presence of organic matter, clay and mineral phases, in the finer particle size 

fraction, generally have a tendency to exchange or replace cations in clays or adsorb 

ions on mineral and organic material surfaces (Duong and Lee, 2009). Clay minerals 

consist of plate-like sheets, have large specific surface area, and contain negatively 

charged surfaces. These surfaces are balanced by cations, which can be replaced or 
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exchanged by other cations with stronger affinities for the surfaces. This process 

describes an important property of clays known as cation exchange capacity (CEC), 

which is responsible for the use of clays in the remediation processes of contaminants.  

 

Therefore, different studies have reported a higher concentration of HgTOT in the dust 

with the smaller particle size (Ajmone-Marsan et al., 2008; Wang and Qin, 2007; 

Beckwith et al., 1986). Similar observations were made by Londonio et al., (2012) and 

Moreno et al., (2005), where higher HgTOT were found in the finer fraction of the dust 

samples coming from industrial areas and were closest to the point sources, such as 

mining sites, coal-fired power stations, cement plant, and coking plant. 

 

 

5.7 Contamination assessment factors 

In order to assess the contamination assessment factors, enrichment factor (EF), 

contamination factor (Cf), and geoaccumulation index (Igeo) were calculated using 

equations 1 to 3 in Chapter 4, respectively. To calculate EF, aluminum was set as the 

reference element and its concentration in the crust was adopted as background value 

assuming that its anthropogenic contribution is minimal (Rashed, 2008). A value of EF 

close to 1 indicates the source as crustal origin, whereas values > 10 are considered to 

be a non-crustal (anthropogenic) source (Meza-Figueroa et al., 2007; Liu et al., 2003; 

Gilbert, 1987). EF can also assist in determining the degree of metal contamination. 

The mercury contamination of urban dust was also evaluated based on the 

contamination factor suggested by Hakanson (1980). In order to calculate Igeo of dust 

samples from Johannesburg, the average Hg content (0.080 mg kg-1) in the earth crust 

was used as the background (Taylor, 1964) because there is no published data on the 

background level of Hg in soil and dust from Johannesburg or South Africa. This 

assessment was handy in making a clear distinction between natural and anthropogenic 

sources of mercury.  
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Table 5.6, lists the contamination assessment factors of mercury in PM25 dust samples. 

All samples from the industrial areas had elevated levels of HgTOT and this was mainly 

attributed to TSF sources. These contamination assessment factors generally decreased 

from industrial areas to residential areas. 

 

Table 5.6: Contamination assessment factors for selected PM25 dust samples from 

Johannesburg. 
 

Site 

No. 

Sampling Sites Enrichment 

Factor (EF) 

Contamination 

Factor (Cf) 

Geoaccumulation 

index (Igeo) 

1 Res. Alberton 1 12.82 5.98 1.99 

2 Res. Alberton 2 12.98 5.55 1.89 

3 Res. Alberton 3 6.90 5.75 1.94 

4 Res. Boksburg 1 8.78 5.68 1.92 

5 Res. Boksburg 2 7.93 5.25 1.81 

6 Res. Diepkloof 9.34 5.44 2.44 

7 Res. Riverlea 11.12 5.46 2.45 

8 Res. Sandton 6.97 3.80 1.34 

9 CBD 1 9.63 6.29 2.07 

10 CBD 2 9.84 7.15 2.25 

11 CBD 3 6.87 5.72 1.93 

12 CBD 4 9.83 6.17 2.04 

13 CBD Cemetery 8.43 8.26 2.46 

14 Soccer City 21.91 9.48 2.66 

15 Crownwood 10.66 11.74 2.97 

16 Ophirton 12.43 6.96 2.21 

17 Selby 1 10.66 6.54 2.13 

18 City Deep 18.50 7.97 2.41 

19 Heriotdale 27.68 15.87 3.40 

20 PPC Cement 18.08 10.44 2.80 

 

 

5.7.1 Enrichment factor (EF) 

EF of mercury was from 7.3 to 29.4, with an average of 12.7 (Figure 5.17). Seventy 

percent of dust samples had EF of mercury above 10, indicating that the mercury 

pollution was predominantly from anthropogenic sources. All samples from industrial 

areas had EFs above 10 and ranged from 11.3 to 29.4 with an average of 18.2, 

indicating mercury sources are predominantly of anthropogenic sources (i.e., gold mine 
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TSFs as well as tailings reprocessing). On the other hand, 75% of samples from 

residential areas fell below the EF value of 10 and ranged from 7.33 to 13.79 with an 

average of 10.1 implying that the mercury source is natural. Exception were observed 

in the samples collected from Diepkloof and Riverlea residential areas, heavily 

impacted by TSFs and tailings reprocessing, respectively. Forty percent of samples 

from CBD were borderline, ranging from 7.3 to 10.5 with an average 9.5.  

 

 

 

Figure 5.17: Spatial distribution of enrichment factor (EF) of mercury in PM25 size 

fraction in Johannesburg street dust. 

 

EF of mercury in road dust samples from Baoji (China) was reported to range from 8.0 

to 41.4, with an average of 20.7 (Lu et al., 2009). 94.7% samples had EF of mercury 

above 10, indicating that the source of mercury originated from anthropogenic 

activities, namely coal-fired industrial activities. In Taipei, EF of mercury in street dust 
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samples was of 189 indicating that the source was overwhelmingly anthropogenic, 

particularly from the incineration of municipal solid waste, and emissions from 

electronic, paper, and pharmaceutical industries (Zhang et al., 2014; Al-Khashman, 

2007). Some Chinese cities such as Hangzhou and Xi’an reported EF values of 8.1 and 

21.3 for street and urban dust (Zhang and Wang, 2009; Han et al., 2006). Their 

contamination status ranged from significant to very high enrichment. This was 

possible due to the various sources of pollution encountered in this region, coming 

from engineering, and textile industries. 

 

5.7.2 Contamination factor (Cf) 

The mercury contamination factor for PM25 urban dust samples from Johannesburg 

ranged from 4.0 to 16.9 with an average of 7.5, and was classified from moderate to 

very high contamination (Figure 5.18). The contamination factor (Cf) indicated very 

high contamination levels of mercury in industrial (Heriotdale; Crownwood, PPC 

Cement, Soccer City, City Deep, Ophirton, and Selby 1), and CBD areas (Cemetery, 

1, 2, and 4), respectively. Samples from the residential areas were categorized as 

considerable contamination levels (3 ≤ Cf < 6). 
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Figure 5.18: Spatial distribution of contamination factor (Cf) of mercury in PM25 size 

fraction in Johannesburg street dust. 

 

5.7                                                                                                                                                                                                                                                                                                                                                                                                                                                           

.3 Geoaccumulation index (Igeo) 

The Igeo ranged from 1.2 to 3.5 with a median and a mean value of 2.2 and 2.3, 

respectively, indicating contamination to be from moderately to strongly polluted (refer 

to Table 5.7). The Igeo was between 2.1 to 3.5, 1.7 to 2.6, and 1.2 to 2.5 with averages 

of 2.3, 2.1, and 1.9 for samples from industrial, CBD, and residential areas, respectively 

(Figure 5.19). Categorically, contamination ranged from unpolluted to strongly 

polluted for samples from residential to industrial areas. 
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Table 5.77: Mercury contamination assessment of the dust samples from 

Johannesburg with Igeo (no unit). 
 

Class Value Quality # of sampling site 

0 Igeo < 0 Practically unpolluted - 

1 0 ≤ Igeo < 1 Unpolluted to moderate polluted - 

2 1 ≤ Igeo < 2 Moderately polluted 1-5, 8, 11 

3 2 ≤ Igeo < 3 Moderately to strongly polluted 6-7, 9-10, 12-18, 

20 

4 3 ≤ Igeo < 4 Strongly polluted 19 

 

 

 

 

Figure 5.19: Spatial distribution of geo accumulation index (Igeo) of mercury in PM25 

size fraction in Johannesburg street dust. 

 

In comparison with other cities, Kong et al. (2011) obtained similar results of Igeo (-0.2 

to 3.2) for road dust samples from Fushun (China), a coal based city. They identified 
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the anthropogenic source of mercury as coming from the combustion of coal. In 

Zhuzhou (China), a heavily industrialized city, characterized by metal production 

(Pb/Zn smelting operation being the largest operation) reported Igeo of mercury in the 

range from 0 to 2 for street dust samples, with contamination status from 

uncontaminated to moderate contaminated (Li et al., 2013). In Baoji (China), the 

studied road dust samples had a higher Igeo index than the Johannesburg dust. It ranged 

from 3.01 to 5.27, with an average of 4.13 (Lu et al., 2009), and was classified as 

strongly to extremely polluted. In agricultural soils, Chengdu and Guangzhou cities 

were moderately contaminated with Hg with Igeo values of 1.2 and 2.0 while Gansu, 

Kunshan, and Yangzhou appeared to be least contaminated with Igeo values of 0.4, 0.7, 

and 0.7. These Igeo values gave indication that the agricultural soils in these cities were 

moderately contaminated by Hg from an anthropogenic source (mining, fertilization, 

and pesticide application). Compared with the dust from Johannesburg, the agricultural 

soils were less contaminated, probably due to the practice of agriculture, where the soil 

is turned during the ploughing period, and the heavy metals are leached deeper into the 

soil due to the watering effect. On the other hand, dust consisting of fine particulate 

matter has a tendency of adsorbing huge amount of heavy metals, and tends to be left 

undisturbed for longer periods, unless it rains. Therefore, heavy metals accumulate 

resulting in huge concentration levels being reported in dust. 

 

Samples from industrial areas were classified as strongly polluted by all the 

contamination assessment indices. This indicated that the source was predominantly 

anthropogenic. However, residential and CBD areas exhibited low to moderately 

polluted samples with sources being predominantly natural, with exception of 

residential areas affected by the presence of TSFs. 
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Chapter 6 

 

Availability and 

bioaccessibility of mercury 

in dust  
 

 

 

The results discussed in this chapter address issues of environmental mobility and 

bioavailability of mercury from dust samples. This was achieved by determining the 

bioaccessibility of mercury in the gastrointestinal tract and respiratory tract. 

Synthetic solutions mimicking the digestive and lung fluids were used in the 

determination of bioavailable mercury. A sequential extraction procedure (SEP) was 

carried out to determine the fractionation of mercury in the urban dust. These results 

were used to predict the potential health risk associated with human exposure to 

mercury through ingestion and inhalation of dust. 
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6.1 Determination of bioaccessibility of mercury in dust 

The bioavailability of mercury, which is defined in this study, as the quantity of 

mercury that dissolves in the simulated gastric and lung fluids, was determined in the 

ingestion and inhalation fractions of the dust samples. The obtained results are 

presented in the Appendix B (Tables B.1 and B.2). 

 

 

6.1.1 Bioaccessibility of mercury from ingestible fraction in dust samples 

The fraction of mercury in dust samples extracted by the artificial gastric fluid (AGF) 

and dilute HCl (0.07M HCl) are shown in Figure 6.1.  

 

 

Figure 6.1: Comparison of Hg extracted by oral leachates (artificial gastric fluid, pH 

= 2.0 and dilute HCl, pH = 1.5) from dust samples from Johannesburg (PM25 particle 

size fraction, n=3). 

 

 

Bioaccessibility was expressed as the percentage of mercury concentration extracted 

by AGF with respect to its independently determined total concentration in dust 

samples (25 µm particle size fraction). Mercury extracted by AGF ranged from 1.3 to 
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6.2 µg kg-1 with an average of 3.1 µg kg-1. According to the different land uses, it 

ranged from 3.0 to 6.2 µg kg-1 (average 4.64 µg kg-1) in industrial road dust; 2.1 to 3.3 

µg kg-1 (average 2.9 µg kg-1) in CBD road dust, and 1.3 to 3.6 µg kg-1 (average 1.56 

µg kg-1) in residential road dust (Appendix B). The relative gastric Hg bioaccessibility 

expressed as a percentage of HgTOT ranged from 0.33 to 0.93% with an average of 

0.51%. According to the land use, it ranged from 0.40 to 0.93%, 0.33 to 0.60%, and 

from 0.39 to 0.67% with an average of 0.61, 0.49, and 0.42%, in industrial dust, CBD 

dust, and residential dust, respectively. Higher bioaccessible Hg concentration was 

observed in the dust samples from industrial areas, followed by samples from CBD and 

lastly samples from residential areas. These results show a similar trend and are 

comparable to those obtained by Hu et al. (2011) who reported an average 

bioaccessible mercury value 45 µg kg-1 in dust. However, Hg concentration extracted 

in this study was much lower and the extracting solution used was different. Recent 

leaching studies have shown that contaminant matrix will affect the availability of a 

contaminant (Luo et al., 2011). Bioavailable mercury from the AGF fraction did not 

exceed the probable mercury effect concentration of 1.06 µg g-1, above which harmful 

effects are likely to be observed in sediment-dwelling organisms (MacDonald et al., 

2000).  

 

Mercury concentration extracted by dilute HCl (pH 1.5) solution ranged from 12.1 to 

65.6 µg kg-1 (average 26.0 µg kg-1) in industrial dust; 11.4 to 16.1 µg kg-1 (average 

13.7 µg kg-1) in CBD dust; and 5.5 to 9.7 µg kg-1 (average 7.6 µg kg-1) in residential 

dust. The overall Hg concentration extracted ranged from 5.5 to 65.6 µg kg-1, with an 

average of 15.6 µg kg-1. In relation to HgTOT concentration, the percentage of Hg in the 

dilute HCl fraction remained below 5% in all dust samples, showing average values of 

2.9%, 2.4% and 1.9% in industrial, CBD and residential dust, respectively. These 

values are comparable to previous studies, which showed that low percentages (0.1 to 

3.5%) of Hg are soluble in dilute HCl solutions (Biester et al., 2002; Boszke et al., 

2008; Issaro et al., 2009). In comparison with concentrated HCl, mercury extracted 
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was 10 times higher in concentrated HCl fraction than in the dilute HCl fraction (Figure 

6.2).  

 

 

 

Figure 6.2: Comparison of oral leachates (concentrated HCl and dilute HCl) in the 

extraction of mercury from dust samples (PM25 particle size fraction, n=5). 

 

 

The overall Hg extracted by concentrated HCl ranged from 50.9 to 655.2 µg kg-1, with 

an average of 157.6 µg kg-1. According to land usage, mercury concentrations extracted 

by concentrated HCl ranged from 123.8 to 655.2 µg kg-1 (average 253.1 µg kg-1) in 

industrial dust, 144.4 to 159.7 µg kg-1 (average 135.4 µg kg-1) in CBD dust, and 50.9 

to 76.9 µg kg-1 (average 74.2 µg kg-1) in residential dust. The percentage of mercury 

distribution was as follows: 21.7 to 42.6%, 17.0 to 31.5%, and 14.8 to 21.4% with 

averages of 29.1, 23.3, and 18.0% for industrial, CBD, and residential samples.  

 

The mercury concentrations extracted by simulated gastric fluids (AGF, 0.07M HCl, 

and conc. HCl) demonstrated a strong correlation to the HgTOT in the dust samples with 
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correlation coefficients of 0.63, 0.87, and 0.85 (Figure 6.3, Figure 6.4, and Figure 6.5). 

These results indicates that the simulated gastric fluid extractable Hg is determined by 

HgTOT levels in the dust. 

 

 

Figure 6.3: Correlation between HgTOT and conc. HCl in street dust from 

Johannesburg. 

 

Figure 6.4: Scatterplot of correlation between HgTOT and ACF extractable Hg fraction 

in Johannesburg dust samples. 
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Figure 6.5: Scatterplot of correlation between HgTOT and dilute HCl extractable Hg 

fraction in Johannesburg dust samples. 

 

 

Mercury concentrations extracted by gastric fluids showed the following order: 

industrial > CBD > residential dust, and the percentage of Hg extracted by simulated 

gastric fluids were as follows: conc. HCl > dil. HCl > AGF. These results suggest that 

conc. HCl was able to extract, not only the mobile fraction, but also part of the semi-

mobile fraction (Hg bound to amorphous and crystalline iron and manganese oxides). 

Even though, the amount extracted by the gastric juices was very small (3.08 µg Hg 

kg-1or 0.51% bioaccessible Hg), it’s still a cause for concern as Hg is not biodegradable. 

Instead in the ecosystems, Hg can be converted from one form to another depending 

on the environmental conditions. The presence of sulphate reducing bacteria can 

convert elemental mercury to methyl mercury which accumulates in aquatic life forms. 

Hg can, therefore, biomagnify, bioconcentrates and bioaccumulates in the food chain 

leading to Hg poisoning in the human beings when they consume fish contaminated 

with Hg. 
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On the other hand, the implication of ingestion of dust, the exposure, solubilization and 

uptake of trace metals (including mercury) into the human system causes considerable 

adverse health effects in human beings. For instance, dust can be transferred to humans 

through hand to mouth ingestion or dermal contact, especially in children due to their 

outdoor activities (Bright et al., 2006). This activity is governed by the fineness of the 

particles (Siciliano et al., 2009; Yamamoto et al., 2006; Sheppard and Evenden, 1994). 

Furthermore, very fine clay particles (<2 µm) attach themselves onto the surface of the 

skin (through dermal absorption), because they are of the same scale of roughness as 

the surface of the skin, and become resistant to cleaning (Sheppard and Evenden, 

1994). Moreover, the fine clay fraction is usually enriched with trace metals (including 

Hg) therefore its ingestion leads to a higher intake of toxic trace metals as compared to 

the coarse particulate matter. The increase in the HgTOT content with the decrease in 

particle size attests to the accumulation of Hg in finer particulate matter (Figure 5.5). 

This highlights the potential health risk associated with the ingestion and inhalation of 

finer particulate matter (dust). Furthermore, HgTOT in dust was significantly correlated 

(R2 = 0.51) with % volume in the PM25 fraction in dust (Figure 5.8). 

  

6.1.2 Bioaccessibility of mercury from inhalable fraction in dust samples 

The results of the lung leaching from the inhalable fraction in the dust samples are 

shown in Figure 6.6.  

 

The Hg concentration extracted by the artificial lysosomal fluid (ALF) (pH 4.5) is 

substantially higher than Hg found in Grays’ (pH 7.4) and Gamble’s (pH 7.4) solution, 

as expected at lower pH. Overall extraction by lung fluids ranged from 4.2 to 34.4 µg 

kg-1 and 0.4 to 3.6 µg kg-1 with an average of 11.1 and 1.71 µg kg-1 for ALF and Grays’, 

respectively. ALF extracted Hg ranged from 8.3 to 34.4 µg kg-1 (average 17.5 µg kg-1) 

in industrial dust; 6.7 to 15.9 µg kg-1 in CBD dust (average 10.4 µg kg-1); and 4.2 to 

8.1 µg kg-1 in residential dust (average 6.0 µg kg-1). 
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Figure 6.6: Comparison of Hg extracted by simulated lung fluids (ALF, pH =4.5 ± 0.1, 

and Grays, pH = 7.4 ± 0.1) from Johannesburg dust samples (PM25, n=3). 

 

 

Grays’ extractable Hg varied from 0.8 to 3.6 µg kg-1 (average 1.7 µg kg-1) in industrial 

dust; 0.8 to 1.4 µg kg-1 in CBD dust (average 1.0 µg kg-1); and 0.4 to 0.8 µg kg-1 in 

residential dust (average 0.6 µg kg-1). In terms of percentage of Hg extracted, ALF 

extractable Hg ranged from 1.6 to 2.7% (average 2.0%) in industrial dust; 1.4 to 2.1% 

in CBD dust (average 1.7%); and 1.2 to 1.6% in residential dust (average 1.4%). For 

Grays extractable Hg, it ranged from 0.1 to 0.3% (average 0.2%) in industrial dust; 0.1 

to 0.2% in CBD dust (average 0.2%); and 0.1 to 0.2% in residential dust (average 

0.1%).These results were lower than what has been previously published (Guney et al., 

2013; Hu et al., 2011; Barnett and Turner, 2001; Davies et al., 1997). The concentration 

of Hg extracted by ALF showed the following order: Industrial areas > CBD > 

Residential areas. The same trend was observed for Hg concentration extracted by 

Grays’ solution. However, Grays’ extractable Hg was lower than in ALF leachates. 
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Gamble’s solution extraction results were below the method detection limit of 0.028 

µg Hg L-1.  

 

Less than 3% of HgTOT in dust could be dissolved in the lung fluids. This implies that 

mercury is most likely to be taken up in the upper region of the lung due to the acidic 

conditions whereas the bottom region would experience minimal uptake due to the 

neutral nature of the lung. The higher concentration of Hg extracted by ALF can be 

attributed to the higher organic content found in the ALF as compared to Grays’ and 

Gamble’s solution (Colombo et al., 2008). The percentage Hg extracted in both ALF 

and Grays’ decreased as follows: industrial area > CBD > residential area, respectively. 

To understand the relationship between HgTOT and lung fluid extractable Hg fractions, 

correlation studies were carried out, as shown Figure 6.7 and Figure 6.8. The 

correlation coefficient values for ALF extractable Hg and Grays’ extractable Hg 

fractions showed a strong correlation between HgTOT and lung extractable Hg fractions 

form Johannesburg dust samples (ALF: r2 = 0.97, Grays’: r2 = 0.90). This suggests that 

the bioaccessible Hg fraction is influence by the HgTOT in the Johannesburg dust. 

Therefore, lung fluid extracted Hg fractions are directly proportional to HgTOT, 

implying that an increase in the HgTOT results in an increase in the bioaccessible Hg 

fraction. This result is similar to the reported AGF extracted Hg fraction. However, in 

the latter, the Hg extracted was approximately 3 times greater than in AGF leachates. 

 

Results from the in vitro tests showed that despite the elevated acidity of the simulated 

gastric solution (pH 1.5) compared to pH 4.5 in the simulated lung fluid, ALF was able 

to extract more Hg in the analyzed dust samples. The higher extraction efficiency was 

related to the higher concentration of organic chelators in simulated lung fluid (Barnett 

and Turner, 2001; Biester et al., 2002). 
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Figure 6.7: Scatterplot of correlation between HgTOT and ALF extractable Hg from 

Johannesburg dust samples. 

 

 

Figure 6.8: Scatterplot of correlation between HgTOT and Grays extractable Hg from 

Johannesburg dust samples. 

 

6.2 Sequential extraction procedure (SEP) of mercury from dust 

Three different SEPs were used to assess Hg fractionation in dust samples, namely: 

modified BCR (m-BCR), novel Sequential extraction procedure (n-SEP), and 
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Sequential Selective Extraction (SSE), respectively (Neculita et al., 2005, Bloom et al., 

2003, Rauret et al., 2000). The obtained results for all three procedures are presented 

in Appendix C (Tables C.1, C.2, and C.3). 

 

6.2.1 Sequential extraction of mercury using modified BCR (m-BCR) 

Hg fractionation results are presented in Figure 6.9. The concentration of Hg in the 

water, exchangeable and acid-soluble fraction (F1) was very low for all the dust 

samples tested and represented less than 2.5% of HgTOT content. Mercury in F1 ranged 

from 0.1 to 2.5% with an average of 0.8%. This fraction highlights the most easily 

available Hg content under environmental weathering conditions (Bloom et al., 2003; 

Wallschläger et al., 1998). In some instances, the contribution of water soluble mercury 

species is very small and often below the detection limit (Kot and Matyuskina, 2002; 

Kot et al., 2002). 

 

Hydroxylamine hydrochloride (F2), being a more aggressive solvent, extracted a little 

more Hg as compared to acetic acid (F1 fraction). In this fraction, percentage Hg 

extracted ranged from 0.3 to 3.8% with an average of 1.1%. This fraction targets Hg 

adsorbed onto amorphous Fe and Mn oxides and some Hg in the mineral matrix. 

Samples from the industrial areas leached out a higher percentage of Hg (1.0%) as 

compared to the residential area samples (0.7%). This was expected as the industrial 

area samples had a higher % volume of the PM25 size fraction, therefore a larger surface 

area for the adsorption of mercury and mineral oxides. 
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Figure 6.9: Hg fractionation using the modified BCR SEP in selected dust samples 

from Johannesburg (PM25 size fraction, n=3). 

 

The mercury fraction bound to amorphous and crystalline iron oxide and organic matter 

(F3) had the second highest contribution to the HgTOT content and ranged from 1.8 to 

11.4% with an average of 3.8%. This fraction, known as the “oxidisable metals 

fraction,” is extracted by ammonium acetate and hydrogen peroxide, which are more 

aggressive than hydroxylamine hydrochloride, and target both amorphous and 

crystalline iron oxides as well as organic matter. Although the oxidisable mercury 

compounds represent one of the least soluble fractions they are still a cause for concern 

as they can be leached out from dust particles under extreme environmental conditions 

such as those encountered in AMD imp acted areas. The fraction contributing the most 

to the HgTOT in the dust was mercury bound to sulphides (F4), which ranged from 88 
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to 97% with an average of 94.8%, representing mostly insoluble compounds of 

mercury such as cinnabar (HgS), metacinnabar (m-HgS), and mercury selenide (HgSe). 

 

The average percentage of each Hg fraction extracted from dust samples had the 

following trend: residual (94.80%) > organic crystalline iron oxides (3.76%) 

>amorphous Fe-Mn oxides (1.11%) ≥ exchangeable (0.83%), which were similar to 

the findings of Sanchez et al., (2005), even though the substrate were different. For 

soils heavily contaminated with mercury from mercury mining, Sanchez et al., (2005), 

reported negligible mercury concentration in the water-soluble, exchangeable, and 

carbonate fraction (F1), 1.7% of HgTOT concentration in the reducible fraction (F2), 

33% of HgTOT concentration in the oxidisable fraction (F3), and 54% of HgTOT 

concentration in the residual fraction.  

 

Correlation studies between m-BCR fractions revealed positive correlation between 

them (Table 6.1). The following fractions: F1, F2, F3, and residual are influenced by 

HgTOT. On the other hand, the residual fraction affects F1, F2, and F3. However, F2 

and F3 are mostly affected as compared to F1 because of percentage composition 

implying that an increase in the amount of the residual fraction leads to the decrease in 

the amounts of fractions F2 and F3. It’s important to keep in mind that m-BCR is a 

non-selective SEP for mercury, and is an operationally defined procedure influenced 

by concentration of metals and metalloids and matrix. 

  

Table 6.1: Correlation among different Hg fractions extracted using m-BCR. 
 

 

 

HgTOT Conc. F1 F2 F3 Residual

HgTOT Conc. 1.00

F1 0.36 1.00

F2 0.64 0.20 1.00

F3 0.69 0.06 0.80 1.00

Residual 1.00 0.35 0.61 0.65 1.00
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6.2.2 Sequential extraction of mercury using Bloom’s SSE method 

Mercury fractionation results for dust samples determined by Bloom’s SSE procedure 

are shown in Figure 6.10.  

 

 

Figure 6.10: Hg fractionation using the SSE in selected dust samples from 

Johannesburg (PM25 size fraction, n=3). 

 

The dust samples contained a small percentage of Hg in the water-soluble fraction (F1, 

2.2%), whilst a significant percentage of Hg was present in highly insoluble form, 

cinnabar and metacinnabar, HgS (F5, 76.8%). This was in agreement with what was 

mentioned by Kocman et al., 2004 and Biester et al., 2000, 1999) who reported that up 

to 1% and 93% of total mercury was found in water soluble and residual fractions, 

respectively, and the residual fraction was characterized by a combination of cinnabar 
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and non-cinnabar mercury. The exchangeable Hg concentration in dust samples ranged 

from 10.7 to 73.9 µg kg-1 (average of 31.7 µg kg-1) accounting for 2.0 to 10.5% with 

an average of 5.1% of HgTOT. A sum of F1 and F2 yielded 6.7%, which is still less than 

10% of HgTOT concentration.  

 

Organically bound Hg (F3), extracted from Johannesburg dust, contributed with an 

average of 29.4 µg kg-1, and ranged from 11.9 to 76.6 µg kg-1 accounting for 2.3 to 

10.5% averaging 4.5% of HgTOT. This result is expected as the total carbon content of 

selected dust samples averaged 5.4%. A similar result (7%) was reported by Bloom et 

al., (2003) for gold mine tailings and he also confirmed that F3 fraction selectivity 

extracted organo bound mercury (99%) and by leaching pure organo-Hg dispersed in 

kaolin powder. There is an expectation that mercury concentration in this fraction (F3) 

would be high in samples with high amounts of organic matter due to the fact that 

mercury is associated mostly with humic organic matter (Kocman et al., 2004). This is 

an important fraction as it is correlated with methylation potential (Bloom et al., 2003).  

 

Elemental Hg and strongly complexed Hg species (F4) had a higher contribution than 

the organically bound Hg. It range from 1.3 to 125.7 µg kg-1 (average of 70.3 µg kg-1), 

accounting for 0.4 to 22.4% with an average of 11.3%. A combination of F3 and F4 

fractions yielded 16.4%. Bloom et al., (2003), reported from his studies that F4 fraction 

extracted > 95% elemental Hg from pure compound of Hg0. 

 

The mercury sulphide fraction and the residual fraction were combine to form one 

fraction (F5), and had the following percentage Hg extraction in the range of 61.2 to 

86.8% with an average of 76.8%, and was in the HgS form. Using pure compounds of 

cinnabar (HgS), meta-cinnabar (m-HgS), and mercury selenide (HgSe), Bloom et al., 

(2003), was able to extract 100% Hg using aqua regia. This showed that the aqua regia 

was capable of extracting 100% Hg from HgS compounds therefore its use in the 

leaching of the HgS fraction (F5). F5 showed a strong positive correlation (r2 = 0.95) 

with the HgTOT concentration (Figure 6.11). This indicated that F5 is influenced by the 
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sample concentration (HgTOT). On the other hand, correlation studies between the 

fractions within the dust samples revealed a moderate correlation between them (Table 

6.2). This indicates that there exists a direct proportionality relationship between each 

of the following fractions: F1, F2, F3, and F4. An increase in any one fraction will lead 

to an increase in the remaining three fractions. However, an increase in the amount of 

fraction F5 resulted in the decreased amounts of fractions F1 to F4. This suggested that 

most chemical processes involved in mercury cycling in the soil/dust occur within the 

non-cinnabar mercury forms (F1–F4), as cinnabar (F5) is an insoluble form of mercury 

that does not enter in the mercury cycle. 

 

 

 

Figure 6.11 HgTOT correlated with the residual fraction (F5). 
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Table 6.2: Correlation among different Hg fractions using SSE. 
 

 

 

 

6.2.3 Sequential extraction of mercury using Neculita’s (n-SEP) method 

Neculita’s SEP results for Hg are presented in Figure 6.12.  

 

 

 

Figure 6.12: Hg fractionation using the n-SEP in selected dust samples from 

Johannesburg (PM25 size fraction, n=3). 

F1 F2 F3 F4 Residual

F1 1.00

F2 0.52 1.00

F3 0.56 0.65 1.00

F4 0.08 0.36 0.31 1.00

Residual 0.44 0.26 0.48 0.13 1.00
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The F1 (water-soluble), F2 (exchangeable), and F3 (organic) fractions represents low 

percentages of Hg extracted and they ranged from 0.0 to 3.2%, 4.1 to 12.7%, and 0.1 

to 2.6% with averages of 1.1%, 8.3%, and 1.4%, respectively. The organic fraction (F3) 

was very low and these results were consistent with the low total carbon content (5.4%) 

of the dust samples. This phenomena was observed by Bloom et al., (2003). 

 

In all dust samples, the largest Hg proportion was found within the residual fraction, 

and ranged from 85.1 to 93.9% of the HgTOT. Generally in naturally occurring 

conditions, the residual fraction represents the immobile form of Hg, based on the 

matrix of the substrate and source of contamination (Bloom et al., 2003; Wallschläger 

et al., 1998). In this study, there is a reason to believe that Hg0 deposited was eventually 

converted to other Hg species that can be adsorbed by the sulphides, based on the 

presence of high concentration of sulphides, generally found within the tailings.  

 

Correlation studies between the fractions within the dust samples revealed a moderate 

correlation between them (Table 6.3). This was confirmed by the high correlation 

coefficients between HgTOT and Residual (r2 = 1.00), HgTOT and F2 (r2 = 0.89), HgTOT 

and F1 (r2 = 0.45), F1 and residual (r2 = 0.43), F1 and F2 (r2 = 0.38), and F2 and 

Residual (r2 = 0.86). This indicates that there exists a direct proportionality relationship 

between each of the following fractions: F1, F2, residual and HgTOT. 

 

Table 6.3: Correlation among different Hg fractions using n-SEP. 
 

 

 

 

HgTOT F1 F2 F3 Residual

HgTOT 1.00

F1 0.45 1.00

F2 0.89 0.38 1.00

F3 -0.28 0.00 -0.28 1.00

Residual 1.00 0.43 0.86 -0.33 1.00
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6.2.4 Discussion 

Hg fractions have different mobility and potential bioavailability characteristics. 

Water-soluble and exchangeable fractions (n-SEP), exchangeable, water and acid-

soluble fraction (m-BCR), and water soluble and human stomach acid soluble fraction 

(SSE) are the most active, mobile and bioavailable phases of Hg and probably the most 

important Hg classes in view of environmental concerns (Kot and Matyushkina, 2002). 

From all three SEPs, extractable Hg in F1 fraction was 0.5%, 1.1%, and 2.2% for m-

BCR, n-SEP, and SSE, respectively. These result were similar to the results reported 

by Bloom et al., (2003) for gold mine tailings, with extractable Hg in F1 fraction of 

3%. Kocman et al. (2004) reported extractable Hg in F1 fraction of up to 1% using SSE 

procedure determined in the soil from Idrija Hg-mine region, Slovenia. These results 

were comparable to the results obtained in this study. Despite the different substrates 

(soils, sediments, dust), Hg extracted in F1 fraction was less than 5%, this implied that 

mercury deposited was transformed into other Hg species depending on the 

environmental conditions. In several studies, it was demonstrated that Hg0 

transformations take place immediately after being deposited in the soil and slowly 

converted into Hg species present in the sediments (Hg associated with organic matter) 

(Bloom et al., 2003; Wang et al., 2003; Boening, 2000). However, the oxidation of Hg0 

to Hg2+ in soils is considered to be slow kinetically, therefore most of the Hg0 might be 

re-emitted before oxidation takes place (Biester et al., 2002a). This was confirmed by 

studies carried out in areas of Hg, naturally enriched and highly contaminated, whereby 

high rates of gaseous Hg flux were observed (Gustin et al., 2000). The F1 extractable 

Hg fraction results were compared to the AGF extractable Hg and the F1 fraction 

(average of 1.4% of HgTOT) was three times more than the AGF extractable Hg (0.5% 

of HgTOT). This was attributed to the under estimation by gastric fluid. It was expected 

that, both bioaccessible Hg in F1 fraction and AGF extractable Hg would have similar 

results, since they both represent the mobile and bioavailable fraction. 

 

The acid-soluble fraction is approximately equivalent to the sum of water-soluble and 

exchangeable fractions (Li et al., 2009). F2 fraction, simulating human stomach acid 



170 
 

soluble Hg species, was determined as the fraction of Hg in soil potentially available 

for absorption in the human digestive system. This kind of absorption through the 

gastrointestinal tract appears to be the most critical endpoint and exposure pathway for 

the human community around Hg contaminated soil sites (Barnett and Turner, 1995). 

A sum of the first three fractions yielded the following: 5.4%, 10.8%, and 11.9% for 

m-BCR, n-SEP, and SSE. This combination was made up of the mobile and semi-

mobile fractions, and of interest, they are similar except for m-BCR, a non-selective 

SEP for Hg. The implication is that these two methods (n-SEP and SSE) extract the 

same Hg species from dust. Very low concentration of Hg was determined in the water-

soluble (F1) and exchangeable (F2) fractions regardless of the different land use types. 

Even though the concentration of Hg extracted was very low, this is the bioavailable 

Hg fraction, which is converted into methylmercury either by biotic or abiotic 

processes in the environment resulting in the bioconcentration, biomagnification and 

bioaccumulation of Hg in the food chain (Covelli et al., 2009; Boszke et al., 2006; 

Piani et al., 2005; Biester et al., 2002b, 1999; Kim et al., 2000; Wallschläger et al., 

1998; Barnett et al., 1997). 

 

Amorphous or poorly crystalline or hydrous oxides of manganese and iron are 

extracted together and are well known sinks in the surface environment for heavy 

metals contaminants due to their large surface area and/or microporous structure 

(Trivedi and Axe, 2001). Secondary oxides deposited as coatings on mineral surfaces 

or as fine discrete particles, can occur by any or a combination of the following 

mechanisms: co-precipitation, adsorption, surface complex formation; ion exchange 

and penetration of the lattice (Hall et al., 1996). According to Jenne (1968) Fe and Mn 

oxides are the principal soil surface that control the mobility of metals in soils and 

natural water. They are able to achieve this by immobilizing metals by providing large 

surface areas for adsorption to take place. Initially, the amorphous oxyhydroxides of 

iron and manganese strongly sorb trace elements in exchangeable forms, however, as 

time goes by, they are transformed to less mobile, and specifically adsorbed forms. The 

use of acidified hydroxylamine hydrochloride 0.1 M releases metals mainly from 
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amorphous manganese oxide phases with little attack on iron oxide phases (Shuman, 

1982). Increasing the hydroxylamine hydrochloride concentration to 0.5 M (Sahuquillo 

et al. 1999) and decreasing the pH from 2 to 1.5 (Chao 1972; Sahuquillo et al. 1999) 

provides effective attack on the iron oxide phases while still releasing metals from 

manganese oxide phases. 

 

Organo-bound mercury (F3) in dust samples was reported as 3.8%, 1.4%, and 4.5% for 

m-BCR, n-SEP and SSE, respectively. These values indicate low total carbon content 

in the Johannesburg dust, this was attributed to the typically low organic material in 

mine wastes. The source of Hg possibly was the result of leaching of some sulphide 

minerals. Some of the extractants can dissolve sulphides with enhanced selectivity 

whilst silicates are attacked to some extent (Klock et al., 1986). Even though the organo 

–bound mercury was very low in concentration, it is still a cause for concern, as this is 

the most toxic form of Hg. It will biomagnify, bioaccumulate and bioconcentrates in 

the food chain resulting in exposure to humans. 

 

Organic matter exhibit a high degree of selectivity for divalent trace metal ions as 

compared to monovalent ions and the order of binding strength being Hg > Cu > Pb > 

Zn > Ni > Co (Filgueiras et al., 2002). Mercury has a high affinity for soil organic 

matter, especially for reduced sulphur groups such as thiol ligands (Skyllberg et al., 

2006; Khwaja et al., 2006; Skyllberg et al., 2000; Schuster, 1991). According to 

Kennedy et al., (1997), metallic pollutants in the oxidisable fraction are thought to 

remain immobilized in the soil/dust for longer periods. However, due to decomposition 

processes, they are mobilized. Maximum sorption onto soil organic surfaces occurs in 

the pH range of 3 to 5, however, an increase in pH leads to a decrease in sorption, 

mainly due to the increase in dissolved organic matter complexed with Hg (Yin et al., 

1996). F3 (Hg bound to organic matter) was regarded as a stronger complex 

(Wallschläger et al., 1998a) due to its association with stable high molecular weight 

humic substances that release small amounts of metals in a slow manner (Filgueiras et 

al., 2002). Therefore they are considered as having limited mobility and bioavailability. 
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It also should be borne in mind that: (1) Hg bound to organic matter (F3) could include 

methylmercury species (mainly monomethylmercury) in spite of being a very small 

proportion in general (Bloom et al., 2003); (2) in addition to the organic matter 

concentration, redox potential, pH and Cl-ions play a key role in the determination of 

Hg speciation in soil solution and the resultant chemical transformation that may occur 

(Ravichandran, 2004); (3) organochelated Hg (F3) was observed to be strongly 

correlated with methylation potential and thus seems to play an important role in the 

biogeochemical cycle of Hg in some cases (Bloom et al., 2003; Kocman et al., 2004); 

and (4) Hg fractionation (and speciation) in soil/sediment is dynamic (Wallschläger et 

al., 1998a, 1998b) and subject to shift with alteration of environmental conditions 

including physical, chemical factors, and especially microbial population and 

activities.  

 

Residual fraction is generally thought to contain significant quantities of sulphides, 

which tend to act as one of the major sinks of Hg. Mercury sulphide (HgS) formed is 

an immobilized form of mercury due to its low solubility (10-54 mol dm-3) (Barnett and 

Turner, 2001; Lechler et al., 1997). In all three sequential extraction procedures, the 

residual fraction had the following percentage Hg extraction: 87.6 to 97.7%, 85.1 to 

93.9%, and 61.2 to 86.8% with averages of 94.8%, 89.6%, and 76.8% for m-BCR, n-

SEP, and SSE, respectively. This indicated that most of the Hg in the dust was found 

in the residual form and inside the dust mineral matrix. Therefore the amount of Hg 

was distributed as follows: residual > inside mineral matrix > surficially adsorbed > 

water soluble and loosely adsorbed. One factor to be consider in the release of Hg from 

the residual fraction is the presence of pyrites. These have a tendency to increase the 

risk of Hg pollution because they are a significant acid mine drainage producing 

mineral and Hg compounds, particularly cinnabar and meta-cinnabar) are more soluble 

and reactive in acids (Bloom et al., 2003). It has been reported that the presumably 

non-soluble cinnabar appeared to become soluble and form aqueous complexes with 

sulfide if it accumulated to a high enough concentration (Ravichandran et al., 1998; 
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Jay et al., 2000) due to sulfate reduction mediated by sulfate reducing bacteria (SRB) 

(Mason and Benoit, 2003). 

 

In comparison with other sequential extraction studies conducted on different 

substrates, various outcomes have been observed and in most cases there have been 

similarities with results obtained in this study (refer to Table 6.4). According to Bloom 

et al. (2003) and Bloom and Katon (2000), mercury species from the soils/sediments 

had the following ranges of: 0.4 to 1.3%; 0.8 to 1.2%; 0.5 to 1.0; 3.4 to 12.3%; and 

85.9 to 93.1% for water-soluble, human stomach acid-soluble, humic/organic matter, 

elemental Hg and complex-compounds, and residual/mercuric sulphide, respectively. 

Most of the Hg determined in the mine and contaminated sites were found in the F4 

and F5 fractions, indicating that this Hg is immobile and not bioavailable (Bloom and 

Katon, 2000). The use SSE of Hg has been useful in defining the different Hg species 

present in different substrates and the transformation they may undergo when 

introduced to different environments. 

 

For example, floodplain soils contaminated 50 years ago by soluble Hg(NO3)2, most 

of the Hg determined was in the form of non-bioavailable cinnabar, having been 

transformed in to insoluble, non-bioavailable cinnabar (Bloom and Katon, 2000). 

Addition of mine tailings to sediments resulted in most of the Hg being converted to 

organo-mercury. This implies that all Hg from mine sources has the potential to 

increase methyl mercury production if transported to wetlands. 

 

Application of SSE on sediments led to the following distribution of mercury released 

in each fraction: F1 and F2 were found to be almost negligible, contributing less than 

5% of the HgTOT concentration, indicating low risk of Hg mobility in the sediments; F3 

and F4 were the dominant phases representing nearly 80% of HgTOT in the sediments 

(Yu et al., 2012). 
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Table 6.4: Sequential extraction methods proposed by others to determine the mercury species in soils and/or sediments (Values 

presented in red are obtained in this study). 

 
Reagents Compounds extracted Bloom et al (2003) & 

Bloom and Katon, 

2000 

Neculita et al (2005) Sánchez et la., 2003  

(Modified BCR) 

Deionized water Water soluble 0.4 – 1.3%, (2.2%) <1.1%, (1.1%)  

HCl/CH3COOH Human stomach acid soluble 0.8 -1.2%, (5.1%)   

0.5M NH4Ac- 

EDTA + CaCl2 

Exchangeable compounds  2.1 – 39.6%, (8.3%)  

0.11 mol L-1 

CH3COOH 

Exchangeable, water soluble, 

and carbonate fractions bound 

Hg 

  0%, (0.9%) 

0.2M NaOH + 

CH3COOH (4% 

v/v) 

Organic compounds  0.1 – 2%, (1.4%)  

0.5 mol L-1 

NH2OH/HCl (pH 

1.5) 

Reducible Hg   1.7%, (0.8%) 

8.8 mol L-1 H2O2 

(pH 1.5)/1 mol L-1 

CH3COONH4 (pH 

2) 

Oxidisable Hg   3.3%, (3.8%) 

KOH Humic/Organic 0.5 – 1.0%, (4.5%)   

HNO3 Complex compounds 3.4 – 12.3%, (11.3%)   

Aqua regia Residual and HgS 85.9 – 93.1%, (76.8%) 65 – 116%, (89.6%) 54.0%, (94.8%) 
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According to Liu et al. (2006), the most abundant Hg fraction was the organically 

bound Hg (F3) with percentage higher than 50% of total Hg. The second highest 

fraction was F4 (20–30%), representing Hg0 based on the fact that all free Hg0 

present in a sample could be dissolved in cold 12 M HNO3 (Gerlach et al., 1995; 

Bloom et al., 2003). It should be noted that some other classes of Hg compounds 

such as Hg(I), Hg associated with amorphous organo-sulfur, Hg–Ag amalgams, and 

Hg associated with crystalline Fe/Mn oxide phases may be extracted into F4 

fraction. Besides F3 and F4, the aqua regia soluble Hg fraction (F5), operationally 

termed as mercuric sulfide (HgS) including both cinnabar and metacinnabar and 

mercuric selenide (HgSe), also contributed an accountable portion to total Hg in the 

samples (about 10%).  

 

In conclusion, the Hg extracted by the gastric juices, lung fluids and F1 and F2 of 

the sequential extraction procedures were in agreement. The SEP results 

complemented the oral and lung leaching results. In both cases, the concentration 

of Hg leached out was very low, approximately 2.5% for the highest Hg 

concentration leached out (oral and lung) and 2.2% for water-soluble fraction from 

the three sequential extraction. This means that there is a high concentration of the 

insoluble cinnabar Hg species in the dust samples. These result indicated that the 

highest concentration of Hg found in the residual fraction corresponds to a very 

stable Hg species (HgS), which is immobilized. The implications are that when the 

environmental conditions change to favour the leaching of the insoluble cinnabar 

Hg species, there will be a great deal of mercury released into the environment 

leading to greater contamination and exposure to humans.  
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Chapter 7 

 

Health risk assessment 

model 
 

 

Health risk assessment model was used to identify areas where potential health 

risks lie due to mercury pollution. It was also used to determine the exposure 

pathway which resulted in the highest levels of risk for humans exposed to road 

dust mercury. 
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7.1 Risk assessment 

Risk assessment was carried out to estimate the potential health risk faced by human 

beings when exposed to toxic heavy metals in street dust. In this study, Hg, As, Cd, 

and Cr(IV) were identified as potential hazardous agents with respect to human 

health.. According to USEPA, (2011a), all these elements have toxicological health 

effects on humans, and some are carcinogenic (As, Cd, Cr) (WHO, 2011). The 

biggest concern about these chosen elements is the fact that they are released and 

dumped on TSFs during the gold mining activity becoming a health risk when 

humans are exposed to windblown dust from the TSFs, and exposed to AMD 

polluted waters, and sediments. In order to assess the exposure of humans (children 

and adults) to trace elements (Hg, As, Cd, and Cr(IV)) in street dust, a model 

developed by US Environmental Protection Agency (USEPA, 1996) was used. 

Equation (4) – (13), in Chapter 4, were used in the model to calculate the exposure 

of children and adults to trace metals in street dusts. Exposure of humans to trace 

elements in street dust can occur via three main pathways: (a) oral ingestion of dust 

particles; (b) inhalation of resuspended particulates through the mouth and nose; (c) 

dermal absorption of trace elements in particles adhered to exposed skin; and 

vapour inhalation, in the case of mercury. Both non-cancer and cancer risk of the 

exposure routes were considered. 

 

7.1.1 Non-cancer Risk 

The non-cancer health risk to children from exposure to mercury in street dust via 

different pathways are shown in Table 7.1. The hazard quotient (HQ) values for 

each of the pathways used in the model for the exposure of children to mercury in 

dust were as follows: 9.16E-04 to 1.76E00 for exposure by vapour inhalation; 

9.06E-02 to 1.01E-01 exposure by oral ingestion; 9.11E-04 to 1.01E-03 for dermal 

contact; and 9.59E-07 to 1.19E-06 for exposure by inhalation of dust and suspended 

soil particles, respectively. These results indicate that greatest exposure of children 

to mercury was observed via the vapour inhalation and the least was observed in 

the inhalation of resuspended dust particulate matter.  
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Table 7.1 Non carcinogenic risk, chronic daily intake (CDI), Hazard quotient (HQ), and Hazard index (HI) for mercury in dust (PM25) via 

ingestion, inhalation, dermal, and vapour exposure pathways for children. 
 

SAMPLE 

SITES 

[HgTOT] 

mg kg-1 

mg kg-1 day-1 HQing HQinh HQdermal HQvapour HI = 

ΣHQi CDIing CDIinh CDIdermal CDIvapour 

Sandton 0.32 4.13E-06 1.15E-10 1.16E-08 1.26E-04 4.82E-02 3.84E-07 5.50E-04 4.21E-01 0.47 

Diepkloof 0.69 8.87E-06 2.48E-10 2.48E-08 2.71E-04 1.03E-01 8.26E-07 1.18E-03 9.04E-01 1.01 

Riverlea 0.70 8.91E-06 2.49E-10 2.49E-08 2.73E-04 1.04E-01 8.30E-07 1.19E-04 9.09E-01 1.01 

Boksburg 1 0.48 6.17E-06 1.72E-10 1.73E-08 1.89E-04 7.20E-02 5.75E-07 8.23E-04 6.29E-01 0.70 

Boksburg 2 0.45 5.71E-06 1.60E-10 1.60E-08 1.75E-04 6.66E-02 5.32E-07 7.61E-04 5.82E-01 0.65 

Alberton 1 0.51 6.49E-06 1.81E-10 1.82E-08 1.99E-04 7.58E-02 6.05E-07 8.66E-04 6.62E-01 0.74 

Alberton 2 0.47 6.04E-06 1.69E-10 1.69E-08 1.85E-04 7.04E-02 5.62E-07 8.05E-04 6.16E-01 0.69 

Alberton 3 0.49 6.25E-06 1.75E-10 1.75E-08 1.91E-04 7.29E-02 5.82E-07 8.33E-04 6.38E-01 0.71 

CBD 1 0.53 6.83E-06 1.91E-10 1.91E-08 2.09E-04 7.97E-02 6.36E-07 9.11E-04 6.97E-01 0.78 

CBD 2 0.61 7.77E-06 2.17E-10 2.18E-08 2.38E-04 9.06E-02 7.24E-07 1.04E-03 7.92E-01 0.88 

CBD 3 0.49 6.21E-06 1.74E-10 1.74E-08 1.90E-04 7.25E-02 5.79E-07 8.29E-04 6.34E-01 0.71 

CBD 4 0.53 6.71E-06 1.87E-10 1.88E-08 2.05E-04 7.82E-02 6.25E-07 8.94E-04 6.84E-01 0.76 

Cemetery 0.70 8.98E-06 2.51E-10 2.51E-08 2.75E-04 1.04E-01 8.36E-07 1.20E-03 9.16E-01 1.02 

Soccer City 0.81 1.03E-05 2.88E-10 2.88E-08 3.15E-04 1.20E-01 9.59E-07 1.37E-03 1.05E+00 1.17 

Ophirton 0.59 7.56E-06 2.11E-10 2.12E-08 2.31E-04 8.82E-02 7.04E-07 1.01E-03 7.71E-01 0.86 

Selby 1 0.56 7.11E-06 1.99E-10 1.99E-08 2.18E-04 8.29E-02 6.62E-07 9.48E-04 7.25E-01 0.81 

City Deep 0.68 8.66E-06 2.42E-10 2.43E-08 2.65E-04 1.01E-01 8.07E-07 1.15E-03 8.84E-01 0.99 

Crownwood 1.00 1.28E-05 3.57E-10 3.57E-08 3.91E-04 1.49E-01 1.19E-06 1.70E-03 1.30E+00 1.45 

Heriotdale 1.35 1.72E-05 4.82E-10 4.83E-08 5.28E-04 2.01E-01 1.61E-06 2.30E-03 1.76E+00 1.96 

PPC 

Cement 

 

0.89 1.13E-05 3.17E-10 3.18E-08 3.47E-04 1.32E-01 1.06E-06 1.51E-03 1.16E+00 1.29 
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HQ value through inhalation of dust particles is 3 to 6 orders of magnitude lower 

than the other three exposure pathways (vapour inhalation, ingestion and dermal 

contact), and therefore inhalation of resuspended particles through the mouth and 

nose is almost negligible compared to the other routes of exposure. Considering the 

non-cancer hazard index (HI) for the exposure of children to mercury in dust, some 

sites were higher than the threshold value of 1, indicating greater adverse health 

risks. These sites included Cemetery, Crownwood, Heriotdale, PPC Cement, and 

Soccer City,  (industrial areas, grossly affected by mine tailings and reprocessing 

of tailings dams, and presence of tailings footprint), Diepkloof and Riverlea 

(residential areas surrounded by mine tailings) (Figure 7.1).  

 

 

 

Figure 7.1: Spatial distribution of hazard index (HI) for the children exposed to 

mercury from Johannesburg street dust.  
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Pearson correlation studies (p< 0.05) showed that the calculated HI value for 

exposure of children to mercury in dust was dependent on the HgTOT. It had a 

correlation coefficient of 1 (Figure 7.2). The sites with the HI values higher than 

the threshold value of 1, also had high HgTOT concentration in the dust, i.e. the lower 

the HI values the lower the concentration of HgTOT, the reverse was true.  

  

 

Figure 7.2: Correlation between HgTOT concentration and HI values for the non-

cancer health risk exposure of children to mercury in street dust. 

 

 

The non-carcinogenic health risk to adults from exposure to mercury in street dust 

via different pathways are shown in Table 7.2. The HQ values for each of the 

pathways used in the model for the exposure of adults to mercury in dust were as 

follows: 9.81E-02 to 1.13E-01 for exposure by vapour inhalation; 9.71E-03 to 

1.08E-02 for exposure by ingestion; 8.40E-04 to 1.76E-03 for dermal contact; and 

9.06E-07 to 3.00E-07 for exposure by inhalation of dust and suspended soil 

particles, respectively. It exhibited the same trend as observed by the children. 

However, the non-cancer health risk for adults was lower than that of children and 

the HI values were lower than the threshold value of 1. This indicated that adults 

had little adverse health risk due to exposure of mercury in the street dust. 
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Table 7.2: Non carcinogenic risk, chronic daily intake (CDI), Hazard quotient (HQ), and Hazard index (HI) for mercury in dust (PM25) via 

ingestion, inhalation, dermal, and vapour exposure pathways for adults. 

 

SAMPLE 

SITES 

[HgTOT] 

mg kg-1 

mg kg-1 day-1 HQing HQinh HQdermal HQvapour HI = 

ΣHQi CDIing CDIinh CDIdermal CDIvapour 

Sandton 0.32 4.42E-07 6.50E-11 1.76E-08 1.35E-05 5.16E-03 2.17E-07 8.40E-04 4.51E-02 0.05 

Diepkloof 0.69 9.50E-07 1.40E-10 3.79E-08 2.91E-05 1.11E-02 4.66E-07 1.80E-03 9.69E-02 0.11 

Riverlea 0.70 9.54E-07 1.40E-10 3.81E-08 2.92E-05 1.11E-02 4.68E-07 1.81E-03 9.73E-02 0.11 

Boksburg 1 0.48 6.61E-07 9.72E-11 2.64E-08 2.02E-05 7.71E-03 3.24E-07 1.26E-03 6.74E-02 0.08 

Boksburg 2 0.45 6.12E-07 9.00E-11 2.44E-08 1.87E-05 7.14E-03 3.00E-07 1.16E-03 6.24E-02 0.07 

Alberton 1 0.51 6.96E-07 1.02E-10 2.78E-08 2.13E-05 8.12E-03 3.41E-07 1.32E-03 7.10E-02 0.08 

Alberton 2 0.47 6.47E-07 9.51E-11 2.58E-08 1.98E-05 7.55E-03 3.17E-07 1.23E-03 6.60E-02 0.07 

Alberton 3 0.49 6.70E-07 9.85E-11 2.67E-08 2.05E-05 7.81E-03 3.28E-07 1.27E-03 6.83E-02 0.08 

CBD 1 0.53 7.32E-07 1.08E-10 2.92E-08 2.24E-05 8.54E-03 3.59E-07 1.39E-03 7.47E-02 0.08 

CBD 2 0.61 8.32E-07 1.22E-10 3.32E-08 2.55E-05 9.71E-03 4.08E-07 1.58E-03 8.49E-02 0.10 

CBD 3 0.49 6.66E-07 9.79E-11 2.66E-08 2.04E-05 7.77E-03 3.26E-07 1.27E-03 6.79E-02 0.08 

CBD 4 0.53 7.18E-07 1.06E-10 2.87E-08 2.20E-05 8.38E-03 3.52E-07 1.37E-03 7.33E-02 0.08 

Cemetery 0.70 9.62E-07 1.41E-10 3.84E-08 2.94E-05 1.12E-02 4.72E-07 1.83E-03 9.81E-02 0.11 

Soccer City 0.81 1.10E-06 1.62E-10 4.40E-08 3.38E-05 1.29E-02 5.41E-07 2.10E-03 1.13E-01 0.13 

Ophirton 0.59 8.10E-07 1.19E-10 3.23E-08 2.48E-05 9.45E-03 3.97E-07 1.54E-03 8.26E-02 0.09 

Selby 1 0.56 7.62E-07 1.12E-10 3.04E-08 2.33E-05 8.89E-03 3.73E-07 1.45E-03 7.77E-02 0.09 

City Deep 0.68 9.28E-07 1.36E-10 3.70E-08 2.84E-05 1.08E-02 4.55E-07 1.76E-03 9.47E-02 0.11 

Crownwood 1.00 1.37E-06 2.01E-10 5.46E-08 4.18E-05 1.60E-02 6.70E-07 2.60E-03 1.39E-01 0.16 

Heriotdale 1.35 1.85E-06 2.72E-10 7.37E-08 5.66E-05 2.16E-02 9.06E-07 3.51E-03 1.89E-01 0.21 

PPC 

Cement 

 

0.89 1.22E-06 1.79E-10 4.85E-08 3.72E-05 1.42E-02 5.96E-07 2.31E-03 1.24E-01 0.14 
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The major highlights were that all sample areas showed HI values < 1, indicating 

that there is a little adverse health risk or no potential risk of toxic pathology 

resulting from the ingestion or inhalation or dermal contact of Hg in dust. 

 

Non-carcinogenic exposure of Hg for both children and adults exhibited the 

following order of exposure: vapour ingestion > ingestion > dermal contact > 

inhalation. Inhalation of soil vapour Hg is significant due to the fact that Hg has a 

low vapour pressure, and elemental mercury is usually deposited in the surrounding 

environments from mining and smelting activities (Ordonez et al., 2011). Exposure 

of children to mercury in dust increases with the increase in the frequency of pica 

behaviour, hand and finger sucking behaviour (Mielke et al., 1999; Rasmussen et 

al., 2001), increased playtime outdoors, the proximity to TSFs (e.g. Diepkloof, 

Soweto residence, where they are surrounded by TSFs and occasionally experience 

dust storms leading to tailings materials being distributed over a wide area and 

affecting even the playgrounds), poor hygiene, and serving food outdoors in areas 

highly affected by dust storms. 

 

Mercury risk factor characterization in different cities and urban areas has showed 

that ingestion is the major exposure pathway, followed by inhalation and lastly 

dermal (James et al., 2012). In one study, mercury source was identified as 

vehicular traffic on unpaved roads (James et al., 2012), paving these roads resulted 

in a large reduction of the amount of soil particles resuspended into the atmosphere, 

ranging from 13 to 50% (James et al., 2012). On other hand, some studies have 

shown that dermal absorption is the main exposure pathway (Li et al., 2014). They 

further showed that mining activities pose potentially high non-carcinogenic risk to 

the public, especially children. Children and infants were shown to be highly 

susceptible to exposure to environmental contaminants per unit body weight due to 

behavioural and physiological characteristics (hand to mouth activities for soils-

pica behaviour, deficient hygienic habits, higher respiration rates per unit body 

weight, and increased gastrointestinal absorption of some substances) (Qu et al., 

2012; Zota et al., 2011; Man et al., 2010; Madrid et al., 2008; Ljung et al., 2007). 

Generally, children’s exposure to toxic metals was one order of magnitude higher 
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than for adults. The following order of exposure to Hg from dust was observed: 

ingestion > dermal contact > inhalation (Ordonez et al., 2011; Shi et al., 2011). 

These sites exhibited HI greater than 1 as compared to other regions (Li et al., 2012; 

Zhang et al., 2012; Ordonez et al., 2011). 

 

Comparison of the impact of mining was carried out by compiling data from 

countries with an active mining fraternity such as China, India, Iran, South Korea, 

Spain, and Vietnam (Table 7.3). Of interest, is the fact that the environment 

surrounding the mining areas is grossly polluted by heavy metals dispersed from 

mining operations.  
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Table 7.3: Comparison of trace elements (mg kg-1) observed in this study with those found in other metal soil studies. 
 

Site As Cd Cr Cu Ni Pb Zn Hg References 

Johannesburg, 

South Africa 

280.00 35.00 790.00 260.00    0.60 This study 

China (72 

examined mines) 

195.50 11.00 84.28 211.90 106.60 641.30 1163 3.82 Li et al., 2014 

Iran (3 examined 

mines) 

146.20 1.49  88.40  1002 363.40 3.13 Dayani and Mohammadi, 

2010; Rafiei et al., 2010; 

Rahimsouri et al., 2011 

Spain (16 

examined) 

191.90 6.59 63.20 120.80 28.35 881.80 465.80 52.90 Lambrechts et al., 2011; 

Oyarzun et al., 2011 

South Korea (70 

examined) 

70.08 1.99  79.09 22.00 111.10 183.20 1.12 Chon et al., 2011; Jung, 

2008; Kim et al., 2008; 2005; 

Ko et al., 2010; Lee et al., 

2005; Lim et al., 2008 

Vietnam (3 

examined mines) 

3144 135 1501 271.40 2254 30635 41094  Chu Ngoc et al., 2009; Ha et 

al., 2011; Kien et al., 2010 

India (5 

examined mines 

18.62 3.82 1509 63.49 1069 304.70 338.80  Anju and Banerjee, 2012; 

Das and Chakrapani, 2011; 

Krishna et al., 2010; Ladwani 

et al., 2012;  

China 21 urban 

soils 

15.00 0.88 76.80 99.20 99.60 61.30 133.00 0.35 Luo et al., 2012 

China (12 

Agricultural 

soils 

10.18 0.43 58.87 31.71 27.53 37.55 117.70 0.24 Wei and Yang, 2010 
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For examples, in the northern and southern regions of Spain, the surrounding soils 

are heavily contaminated by heavy metals (Ordonez et al., 2011); in South Korea, 

agricultural land surrounding mines is heavily polluted with heavy metals (Kim et 

al., 2005); in Vietnam, heavy metal pollution flows into low streams and farmland 

due to collapse of dykes constructed around the mines in the rainy season (Ha et 

al., 2011; Kien et al., 2010); and lastly in China, small scale coal, gold and mercury 

mining is responsible for emitting large amounts of mercury annually into the 

environment (Li et al., 2008; Gunson and Veiga, 2004; Li and Jiang, 2004). China 

is currently facing a difficult task of effectively balancing mineral resource 

development and usage with implementation of environmental protection laws. 

This is worsened by the use of obsolete technology and inefficient mining 

operations, poor mine waste management, weak enforcement of relevant laws and 

regulations (Li, 2006; Zhong, 1997).  

 

In South Africa, the number of tailings dams left unattended and not rehabilitated 

are in excess of 270. Therefore, the dust generated from the mine tailings finds its 

way to the surrounding communities and neighbouring environments, and due to 

the high levels of trace metal pollutants, it poses a high potential health risk to 

human beings inhabiting the environment and the surrounding ecosystems. This 

was evident in this study as high levels of Hg concentration were experienced in 

the areas surrounded by or in close proximity to the mine tailings or gold ore 

processing plant. As the distance increased away from the mine tailings, the Hg 

concentration decreased, indicating that the anthropogenic source of Hg were mine 

tailings from the gold mining activity. The health risk assessment model also 

confirmed the findings by showing some sampling sites from industrial and 

residential areas next to the tailings had a hazard index (HI) greater than 1, which 

was above the safe level of 1 (HI = 1). 

 

The non-cancer Hg exposure results showed that exposure pathway which resulted 

in the highest levels of risk for human exposed to road dust was vapour inhalation 

of elemental Hg emitted from dust/soils followed by ingestion of this dust, which 

was followed by dermal contact, lastly inhalation of dust particles and resuspended 
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soil particles. Children were highly susceptible to non-cancer effects of Hg and if 

they were exposed to large doses, it would trigger neurological and developmental 

disorders (Ferreira-Baptista and De Miguel, 2005). The atmospheric deposition of 

dust (particulate matter) due to windblown dust from the mine tailings, is the main 

source of Hg pollution in the urban street dust, whilst vehicular emissions and 

population weigh in with a small contribution of heavy metals pollution.  

 

7.1.2 Cancer risk 

The carcinogenic risk was calculated based on the estimated lifetime exposure of 

an individual developing cancer as a result of exposure to the carcinogen. The 

carcinogenic risk results due to ingestion exposure to As, Cd, and Cr for children 

and adults are summarised in Table 7.4. For children, the carcinogenic risk levels 

ranged from 1.46E-04 to 5.75E-04; 1.82E-04 to 2.61E-04; and 1.12E-02 to 9.31E-

03 for As, Cd, and Cr, respectively. For adults, the carcinogenic risk levels ranged 

from 1.02E-04 to 8.99E-05; 1.00E-04 to 9.50E-05; and 1.03E-02 to 9.30E-04 for 

As, Cd, and Cr, respectively. The total carcinogenic risk values for ingestion 

exposure for both children and adults to these elements in dust were slightly higher 

than the internationally acceptable precautionary criterion value (10-4 and 10-6) 

(Corzine and Mauriello, 2009; Granero and Domingo, 2002, Kelly, 1991; U.S. 

Environmental Protection Agency, 1991b), which indicates that the carcinogenic 

risk for all elements due to street dusts exposure is cause for concern in 

Johannesburg. In both cases, the highest cancer risk was calculated to be from 

exposure to Cr, while exposure to both As and Cd produced similar risk. Cr 

contributed 91% to the total cancer risk (i.e., CRAs +CRCd + CRCr) from ingestion 

exposure to As, Cd and Cr (VI) in the street dust for both children and adults. 
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Table 7.4: Carcinogenic risk for children and adults via ingestion exposure to As, Cd, and Cr in Johannesburg street dust. 

 

SAMPLE 

SITES 

CrAs CRCd CRCr Total CR 

Children Adults Children Adults Children Adults Children Adults 

Sandton 4.66E-04 2.00E-4 2.42E-04 1.04E-04 3.97E-03 1.70E-03 4.68E-03 2.00E-03 

Diepkloof 3.87E-04 1.66E-4 2.55E-04 1.09E-04 2.18E-03 9.34E-04 2.82E-03 1.21E-03 

Riverlea 1.89E-04 8.10E-5 2.34E-04 1.00E-04 2.08E-03 8.91E-04 2.50E-03 1.07E-03 

Boksburg 1 3.48E-04 1.49E-4 2.48E-04 1.06E-04 1.96E-03 8.42E-04 2.56E-03 1.10E-03 

Boksburg 2 5.15E-04 2.21E-4 2.42E-04 1.04E-04 3.10E-03 1.33E-03 3.86E-03 1.66E-02 

Alberton 1 2.91E-04 1.25E-4 2.39E-04 1.02E-04 1.12E-02 4.81E-03 1.18E-02 5.04E-03 

Alberton 2 5.75E-04 2.46E-4 2.56E-04 1.96E-04 1.65E-02 7.07E-03 1.73E-02 7.43E-03 

Alberton 3 5.50E-04 2.36E-4 2.52E-04 1.98E-04 2.40E-02 1.02E-02 2.48E-02 1.06E-03 

CBD 1 3.01E-04 1.29E-4 2.22E-04 9.50E-05 4.11E-03 1.76E-03 4.64E-03 1.99E-03 

CBD 2 4.64E-04 1.89E-4 2.36E-04 1.01E-04 3.94E-03 1.69E-03 4.64E-03 1.99E-03 

CBD 3 3.55E-04 1.52E-5 2.33E-04 1.00E-04 5.59E-03 2.40E-03 6.18E-03 2.65E-03 

CBD 4 3.46E-04 1.48E-4 2.15E-04 9.22E-05 4.97E-03 2.13E-03 5.53E-03 2.37E-03 

Cemetery 2.07E-04 8.99E-5 2.38E-04 1.02E-04 1.12E-02 4.80E-03 1.17E-02 4.99E-03 

Soccer City 3.48E-04 1.49E-4 2.40E-04 1.03E-04 2.46E-03 1.05E-03 3.05E-03 1.31E-03 

Ophirton 1.75E-04 7.57E-5 2.61E-04 1.12E-04 4.12E-03 1.77E-03 4.56E-03 1.95E-03 

Selby 1 1.46E-04 6.30E-5 2.60E-04 1.12E-04 6.67E-03 2.86E-03 7.08E-03 3.03E-03 

City Deep 4.43E-04 1.90E-4 2.37E-04 1.01E-04 2.62E-02 1.12E-02 2.69E-02 1.15E-02 

Crownwood 4.06E-04 1.72E-4 2.47E-04 1.06E-04 8.56E-03 3.67E-03 9.21E-03 3.95E-03 

Heriotdale 2.37E-04 1.02E-4 1.82E-04 7.80E-05 4.36E-03 1.87E-03 4.77E-03 2.05E-03 

PPC Cement 4.03E-04 1.73E-4 0 0 9.31E-03 3.99E-03 9.71E-03 4.16E-03 
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The carcinogenic risk from inhalation exposure to As, Cd and Cr (VI) in the street 

dust by humans (children and adults) was summarised in Table 7.5. For children, 

the carcinogenic risk levels ranged from 1.17E-11 to 4.13E-11; 3.38E-11 to 4.86E-

11; and 1.23E-08 to 9.76E-10 for As, Cd, and Cr, respectively. For adults, the 

carcinogenic risk levels ranged from 1.04E-11 to 9.94E-11; 1.01E-11 to 9.95E-12; 

and 1.18E-08 to 9.85E-09 for As, Cd, and Cr, respectively. In both cases, the 

inhalation exposure of both children and adults to dust, Cr (VI) is the highest 

contributor to the overall cancer risk followed by As, and lastly the Cd. Cr (VI) is 

two orders of magnitudes higher than the As and Cd elements. However, these 

results are lower than the cancer safety limit of 10-6. Therefore the risk of 

developing cancer following inhalation exposure to As, Cd, and Cr from urban 

street dusts is almost negligible and exposure to these elements from the street dust 

would not cause serious health impacts, i.e., are too low for inhalation cancer risk.  

 

The total cancer risk for As, Cd, and Cr via ingestion and inhalation exposure over 

a period of a lifetime (25550 days) are presented in Table 7.6. The contribution 

from inhalation exposure for both children and adults is almost negligible and the 

overall cancer risk is almost entirely due ingestion exposure of dust containing As, 

Cd, and Cr elements. It is believed that Cr is enriched in the road dust and body 

tissue can accumulate considerable amounts before pathological changes can be 

seen. Studies have shown that excessive build-up of the Cr in human bodies may 

trigger lung cancer and stomach cancer. As could be accumulated in the body, as a 

carcinogen which can cause lung and skin cancer. According to its concentration 

and enrichment factors, both Cr and As are of more concern than other heavy metals 

(e.g., Cu) (Zheng et al 2010a, b). 

 

Basically, total risk for all elements via ingestion and inhalation exposure showed 

that 1 in 100 to 1 in 1000 for children while 1 in 100 to 1 in 1000 for adults could 

develop cancer. In other studies similar results have been reported, whereby an 

increased risk of cancer due to the inhalation of Cr in resuspended urban soils was 

observed (Nadal et al., 2004, 2005; Schuhmacher et al., 2009). 
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Table 7.5: Carcinogenic risk for children and adults via inhalation to As, Cd, and Cr in Johannesburg street dust. 

 

SAMPLE 

SITES 

CrAs CRCd CRCr Total CR 

Children Adults Children Adults Children Adults Children Adults 

Sandton 3.74E-11 8.43E-11 4.50E-12 1.01E-11 1.86E-09 4.20E-09 2.97E-09 4.29E-09 

Diepkloof 3.10E-11 6.99E-11 4.75E-12 1.07E-11 1.02E-09 2.31E-09 2.18E-09 2.39E-09 

Riverlea 1.51E-11 3.41E-11 4.36E-12 9.83E-12 9.76E-10 2.20E-10 2.03E-10 2.24E-10 

Boksburg 1 2.79E-11 6.30E-11 4.62E-12 1.04E-11 9.22E-10 2.08E-10 2.05E-10 2.15E-10 

Boksburg 2 4.13E-11 9.30E-11 4.51E-12 1.02E-11 1.45E-09 3.29E-09 2.57E-09 3.39E-09 

Alberton 1 2.33E-11 5.26E-11 4.45E-12 1.00E-11 5.27E-09 1.19E-09 6.35E-09 1.20E-09 

Alberton 2 4.61E-11 1.074-11 4.59E-12 1.04E-11 7.75E-09 1.75E-09 8.89E-09 1.76E-09 

Alberton 3 4.41E-11 9.94E-11 4.69E-12 1.06E-11 1.13E-08 2.54E-08 1.24E-08 2.55E-08 

CBD 1 2.41E-11 5.44E-11 4.13E-12 9.31E-12 1.93E-09 4.36E-09 2.94E-09 4.42E-09 

CBD 2 3.71E-11 8.38E-11 4.40E-12 9.92E-12 1.85E-09 4.18E-09 2.94E-09 4.27E-09 

CBD 3 2.84E-11 6.41E-11 4.35E-12 9.81E-12 2.62E-09 5.92E-09 3.69E-09 5.99E-09 

CBD 4 2.77E-11 6.25E-11 4.00E-12 9.02E-12 2.33E-09 5.26E-09 3.31E-09 5.33E-09 

Cemetery 1.66E-11 3.73E-11 4.42E-12 9.98E-12 5.26E-09 1.18E-09 6.32E-09 1.19E-09 

Soccer City 2.79E-11 6.28E-11 4.48E-12 1.01E-11 1.15E-09 2.60E-09 2.24E-09 2.68E-09 

Ophirton 1.41E-11 3.16E-11 4.86E-12 1.10E-11 1.93E-09 4.36E-09 3.11E-09 4.41E-09 

Selby 1 1.17E-11 2.65E-11 4.85E-12 1.09E-11 3.13E-09 7.06E-09 4.30E-09 7.10E-09 

City Deep 3.54E-11 8.00E-11 4.41E-12 9.95E-12 1.23E-08 2.78E-08 1.34E-08 2.78E-08 

Crownwood 3.21E-11 7.23E-11 4.60E-12 1.04E-11 4.02E-09 9.07E-09 5.15E-09 9.15E-09 

Heriotdale 1.90E-11 4.28E-11 3.38E-12 7.63E-12 2.04E-09 4.61E-09 2.87E-09 4.66E-09 

PPC Cement 3.23E-11 7.28E-11 0 0 4.37E-09 9.85E-09 4.40E-09 9.93E-09 
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Table 7.6: Comparison of concentration, enrichment factor and total risk of As, Cd, and Cr in Johannesburg street dust. 

 

Sample sites Concentration (mg kg-1) Enrichment Factor Total CR 

As Cd Cr As Cd Cr Children Adults 
Sandton 283.7 35.0 724.0 285.8 317.4 14.4 4.68E-03 2.00E-03 

Diepkloof 235.2 36.9 397.9 147.6 208.42 4.5 2.82E-03 1.21E-03 

Riverlea 114.9 33.9 379.3 85.5 227.1 5.1 2.50E-03 1.07E-03 

Boksburg 1 212.0 35.9 358.6 118.5 180.6 3.6 2.56E-03 1.10E-03 

Boksburg 2 313.3 35.1 566.6 259.4 261.5 8.4 3.86E-03 1.66E-03 

Alberton 1 177.1 34.6 2049.5 158.8 279.2 33.1 1.18E-02 5.04E-02 

Alberton 2 349.8 35.7 3011.9 336.5 309.0 52.1 1.73E-02 7.43E-02 

Alberton 3 334.6 36.5 4379.3 314.4 308.7 74.1 2.48E-02 1.06E-02 

CBD 1 183.1 32.1 750.7 183.5 289.5 13.5 4.64E-03 1.99E-03 

CBD 2 282.1 34.2 719.7 227.2 247.9 10.4 4.64E-03 1.99E-03 

CBD 3 215.7 33.8 1020.2 197.5 278.6 16.8 6.18E-03 2.65E-03 

CBD 4 210.4 31.1 906.2 171.2 227.8 13.8 5.53E-03 2.37E-03 

Cemetery 125.7 34.4 2044.2 109.1 268.8 31.9 1.17E-02 4.99E-02 

Soccer City 211.6 34.8 448.6 184.5 273.1 7.0 3.05E-03 1.31E-03 

Ophirton 106.7 37.8 752.0 98.5 314.2 12.5 4.56E-03 1.95E-03 

Selby 1 89.1 37.7 1217.7 76.1 289.8 18.7 7.08E-03 3.03E-03 

City Deep 269.2 34.3 4784.0 237.9 272.8 76.1 2.69E-02 1.15E-03 

Crownwood 243.6 35.8 1563.0 210.9 278.1 24.3 9.21E-03 3.95E-03 

Heriotdale 144.2 26.3 794.9 112.9 185.4 11.2 4.77E-03 2.05E-03 

PPC Cement 245.2 0 1698.4 241.7 0 30.1 371.3-03 4.16E-03 
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Chapter 8 

 

Conclusions and 

recommendations 
 

 

The novel findings associated with exposure to street dust, and risk faced by 

Johannesburg community were presented. Conclusions were drawn based on the 

results obtained and recommendation were made to advance the health risk 

assessment model for toxic metals. 
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8.1 General conclusions 

The HgTOT concentration reported in the PM25 size fraction was the highest, 

followed by PM50, and PM100 size fractions. This was attributed to the high specific 

surface area where toxic heavy metals adsorb and are enriched. In the PM25 size 

fraction, mercury exhibited the following decreasing order of HgTOT: industrial area 

> CBD > residential area. This order shows that the HgTOT concentration in the 

street dust decreased with increased distance from the TSFs. The highlight was that 

the highest HgTOT was reported in industrial areas next to the TSFs, tailings 

reprocessing areas, and tailings footprints. Furthermore, in residential areas grossly 

affected by TSFs and tailings reprocessing, they reported high HgTOT values similar 

to those reported for industrial samples. These results indicated that the source of 

the anthropogenic mercury is majorly TSFs although traffic emissions, 

crematorium, industrial waste also contributed to a certain extent. In addition, 

climatic conditions play a key role in the distribution and spread of environmental 

mercury. 

 

Based on particle size distribution analysis, the results demonstrated that the greater 

the fraction of finer material, the greater the HgTOT concentration. Correlation 

studies reported similar and consistent results as the particle size analysis. 

Significant high levels of mercury are observed in certain fractions of dust with 

lower diameters. 

 

Mineralogy and elemental analysis on the dust and the TFSs were done to determine 

which components represent the hazardous materials and identify the source of the 

dust in relation to the TSFs. Quartz was reported as the most dominant mineral 

component in the dust and TSFs with averages of 88.0, and 72 wt.%. The dust had 

a higher quartz content as compared to the TSF, mainly due to the large volume of 

small particle size fractions, which tended to trap and enrich chemical compounds 

and elements alike. The minor mineral components determined were as follows: 

chloritoid, chlorite, K-feldspar, jarosite, mica, muscovite, pyrite, and pyrophyllite, 

and were all below 10 wt. %. The geochemical profile of the dust is predominantly 

quartz intertwined with alumina-silicates coated or binding trace elements such as: 
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Al, As, Ca, Co, Cr, Cu, Fe, Hg, Mg, Mn, Ni, Pb, S, U, and Zn. Al, Ca, Fe, Mn and 

Si elements are enriched in the dust, however, they are of geologic nature. These 

results, when compared to those of tailings from the Witwatersrand past studies, 

exhibited similar and consistent chemical composition and elemental 

concentrations, indicating that the source of the dust was largely due to the wind 

erosion of the tailings dams. 

 

The pH of the street dust varied from slightly acidic to alkaline (pH 5.4 to 10.1). 

Samples located near the mining sites had slightly acidic pH, an indication of acid 

mine drainage formation. The neutral to alkaline pH values were an influence from 

the dolomitic background and the liming effect during the processing of the gold 

ore, resulting in the dumping of tailings material that is alkaline. 

 

Contamination assessment factor was carried out to classify the pollution levels and 

indicate whether they are from natural or anthropogenic sources. Based on the EF, 

Cf, and Igeo, 70, 82, and 84% of the street dust samples were classified as heavily 

enriched, very highly contaminated, and strongly polluted by mercury, respectively. 

 

The bioaccessible Hg extracted by lung fluid (up to 3% of HgTOT) was higher than 

that of gastric fluid (up to 1% of HgTOT) and was related to the mobile pool of Hg 

in dust. This suggests that human exposure to Hg in dust via inhalation is greater 

than that via the gastric tract. Basically, areas affected by windy and dusty 

conditions (e.g. Soweto, which experience periodic dust storms resulting in 

windblown dust from the tailings) where exposure to Hg is through inhalation are 

at a greater risk of suffering mercury related illnesses as compared to areas with 

similar conditions but where exposure to Hg is through ingestion for similar Hg 

levels in the dust. 

 

The developed human health risk model was useful in identifying the areas of health 

risks from exposure to mercury pollution. Spatial HQ patterns related to land use 

were employed to assess the human health risk assessment in this study. The spatial 

patterns of the HQ and HgTOT concentration in dust are similar, and the HQ for Hg 



195 
 

is greater than 1.0 in industrial areas affected by TSFs, tailings reprocessing and on 

the tailings footprints. It was concluded that Hg is the major pollutant contributing 

to human health risk in the study area. The results shows that children faced greater 

harmful health risk due to street dust mercury than adults. The exposure pathways 

which resulted in the highest levels of risk for humans exposed to road dust mercury 

showed the following order: ingestion > dermal contact > inhalation dust particles. 

For non-cancer risk in children, Hg exhibited a Hazard Index (HI) greater than 1, 

above the benchmark value of 1 for dust samples from industrial areas (Heriotdale, 

PPC Cement, Crownwood, Soccer City, and Cemetery), and residential areas 

(Diepkloof and Riverlea). This is because these areas have a substantial high HgTOT 

concentration and are in close proximity to the TSFs. The overall risk of non-cancer 

in industrial area was greater than those in the CBD and residential areas. 

 

To conclude, this study showed that risks of human Hg exposure and absorption are 

not related to the total concentration of Hg in dust but actual intake depends on 

exposure pathways (i.e. dust intake vs. inhalation of dust particles vs. diet) which 

is related to land use and history of the land itself (source of Hg, soil geochemistry, 

atmospheric particulate matter emissions). Currently, there are different analytical 

tools to quantify the levels of the potential exposure for each of these pathways. It 

is recommended that site specific methods should be used in order to give a more 

realistic estimation of the health risk posed by mercury contamination. Risk 

assessment has proven to be a very useful tool to identify the contaminants and 

exposure pathways of metals in the dust from mining and TSF sites. 

 

8.2 Recommendations  

Arising from the findings of this study, the following recommendations are made  

 

¶ There is a need for performing controlled regularised monitoring programs, 

mainly for (i) assessment of the toxic trace elements within the TSFs areas, 

(ii) adherence to set environmental standards (Department of environmental 

affairs) and regulations, and (iii) development of remediation methodology 

based on the levels of pollution experienced. 
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¶ Due to large population in a residential area, there is a higher chance of 

adverse human health effects occurring. Therefore, epidemiology studies 

should be carried out, on the population affected by these periodic dust 

storms, to determine the impact of toxic heavy metals such as As, Cd, Co, 

Cr, Cu, Hg, Mn, Ni, U, and Zn.. Studies have shown that during these 

storms, ambient particulate matter (PM10, PM5) concentration levels as high 

as 2160 µg m-3 were experienced at the TSF sites (i.e. DRD tailings dams 

in Soweto), and these values were above the South African air quality limit 

(120 µg m-3). This demonstrates that pollution is occurring unabated and its 

impact has not been ascertained. Once conclusive figures are available, 

remediation can be implemented, medical interventions given to the 

affected residents, and the responsible parties will be prosecuted. 
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Munthe, J.; Prestbo, E. M.; Schneeberger, D.; Slemr, F.; Sommar, J.; Urba, A.; 
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Appendix A 

 

Table A.1: Comparison of mean HgTOT (µg kg-1) in three different particle size 

fractions in dust samples (Mean ± standard deviation) collected in the month of 

September 2014. 

 

Site 

No. 

Sampling sites PM100 PM50 PM25 pH 

1 Res. Alberton 1 122.33 ± 6 205.05 ± 9 507.90 ± 33 7.77 

2 Res. Alberton 2 117.05 ± 5 224.80 ± 15 472.14 ± 36 7.75 

3 Res. Alberton 3 124.71 ± 6 201.67 ± 15 488.79 ± 24 7.74 

4 Res. Boksburg 1 192.63 ± 14 247.51 ± 16 482.45 ± 23 7.61 

5 Res. Boksburg 2 148.73 ± 24 229.22 ± 23 446.60 ± 24 7.78 

6 Res. Centurion 80.32 ± 12 121.51 ± 23 269.84 ± 22 7.11 

7 Res. Diepkloof 172.02 ± 17 389.41 ± 41 693.43 ± 36 7.60 

8 Res. Germiston 118.85 ± 28 171.26 ± 7 418.73 ± 07 8.01 

9 Res. Greenside 89.20 ± 9 132.56 ± 29 289.37 ± 30 7.21 

10 Res. Riverlea 184.81 ± 14 356.33 ± 14 696.58 ± 14 7.67 

11 Res. Sandton 107.19 ± 9 211.97 ± 5 322.83 ± 13 7.33 

12 CBD 1 143.78 ± 16 215.89 ± 20 534.40 ± 12 7.84 

13 CBD 2 163.57 ± 22 332.59 ± 33 607.59 ± 12 7.89 

14 CBD 3 142.33 ± 19 240.63 ± 27 486.07 ± 12 7.90 

15 CBD 4 187.68 ± 26 271.82 ± 21 524.54 ± 41 7.86 

16 CBD 5 156.03 ± 6 255.72 ± 10 505.44 ± 10 8.18 

17 CBD 6 191.73 ± 9 246.18 ± 13 473.01 ± 46 7.59 

18 CBD Cemetery 137.64 ± 12 349.56 ± 7 702.26 ± 13 7.10 

19 Crown North 1 109.90 ± 17 193.89 ± 10 491.81 ± 09 7.36 

20 Crown North 2 111.57 ± 4 198.01 ± 8 473.04 ± 07 7.52 

21 Crown South 1 136.57 ± 9 255.18 ± 22 483.80 ± 53 7.90 

22 Crown South 2 155.56 ± 13 257.82 ± 11 494.98 ± 11 8.11 

23 Ophirton 136.30 ± 7 267.02 ± 26 591.18 ± 40 7.45 

24 Cross 170.92 ± 12 250.34 ± 15 570.00 ± 19 10.06 

25 Selby 1 155.68 ± 11 267.02 ± 5 556.20 ± 52 6.93 

26 Selby 2 118.29 ± 22 316.65 ± 34 607.38 ± 41 7.48 

27 Loveday 199.50 ± 2 316.29 ± 5 690.05 ± 45 8.53 

28 Booysen 128.89 ± 24 360.28 ± 24 769.82 ± 38 7.61 

29 Crownwood 121.96 ± 31 415.24 ± 29 998.08 ± 45 7.55 

30 Soccer City 122.04 ± 12 498.98 ± 41 805.56 ± 23 6.76 

31 Aeroton 1 125.47 ± 8 248.11 ± 18 583.80 ± 18 6.93 

32 Aeroton 2 142.99 ± 6 222.35 ± 18 560.52 ± 18 7.20 

33 Aeroton 3 114.77 ± 17 205.56 ± 14 595.68 ± 14 7.33 

34 Steeldale 1 139.14 ± 12 248.49 ± 16 549.19 ± 37 7.25 

35 Steeldale 2 127.14 ± 14 266.96 ± 15 509.57 ± 16 7.27 

36 Steeldale 3 123.71 ± 17 239.31 ± 16 500.67 ± 27 7.22 

37 City deep 1 153.10 ± 11 363.05 ± 11 677.44 ± 19 7.87 
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38 City deep 2 188.13 ± 15 336.04 ± 32 619.25 ± 38 8.73 

39 City deep 3 224.04 ± 13 394.62 ± 39 701.92 ± 16 8.86 

40 Benrose 1 114.77 ± 17 345.55 ± 11 502.73 ± 13 7.55 

41 Benrose 2 203.57 ± 27 333.67 ± 11 537.34 ± 66 7.73 

42 Benrose 3 209.14 ± 25 383.11 ± 29 624.97 ± 11 7.64 

43 Heriotdale 139.74 ± 3 419.13 ± 20 1348.63 ± 4 8.01 

44 PPC Cement 149.21 ± 11 406.37 ± 26 887.36 ± 17 7.64 

45 Germiston 1 136.53 ± 6 240.81 ± 15 541.65 ± 43 8.15 

46 Germiston 2 153.60 ± 5 247.91 ± 31 531.46 ± 22 8.06 

47 Germiston 3 242.78 ± 9 336.95 ± 35 719.25 ± 61 7.68 

48 Springs 1 189.51 ± 21 445.10 ± 43 840.25 ± 144 7.80 

49 Springs 2 203.36 ± 22 431.33 ± 27 956.72 ± 106 7.85 

50 Springs 3 209.07 ± 28 420.98 ± 35 854.18 ± 152 8.60 

      

51 VR 1   541.31 ± 05 5.32 

52 VR 2   500.01 ± 04 5.40 

53 West Wits dust   479.66 ± 43 5.36 

      

 MDL (µg L-1) 0.6139 0.1269 0.1310  
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Table A.2: Contamination assessment factors for selected PM25 dust samples 

from Johannesburg. 
 

Site 

No. 

Sampling sites Enrichment 

Factor (EF) 

Contamination 

Factor (Cf) 

Geoaccumulation 

index (Igeo) 

1 Res. Alberton 1 13.79 6.35 7.77 

2 Res. Alberton 2 13.09 5.90 7.75 

3 Res. Alberton 3 7.33 6.11 7.74 

4 Res. Boksburg 1 9.33 6.03 7.61 

5 Res. Boksburg 2 8.42 5.58 7.78 

6 Res. Centurion  8.67 7.11 

7 Res. Diepkloof 9.92 8.67 7.60 

8 Res. Germiston  5.23 8.01 

9 Res. Greenside  3.62 7.21 

10 Res. Riverlea 11.81 8.71 7.67 

11 Res. Sandton  4.04 7.33 

12 CBD 1 10.23 6.68 7.84 

13 CBD 2 10.46 7.59 7.89 

14 CBD 3 7.3 6.08 7.9 

15 CBD 4 10.44 6.56 7.86 

16 CBD 5  6.32 8.18 

17 CBD 6  5.91 7.59 

18 CBD Cemetery 8.95 8.78 7.1 

19 Crown North 1  6.15 7.36 

20 Crown North 2  5.91 7.52 

21 Crown South 1  6.05 7.9 

22 Crown South 2  4.94 8.11 

23 Ophirton 13.21 7.39 7.45 

24 Cross  7.13 10.26 

25 Selby 1 11.34 6.95 6.93 

26 Selby 2  7.59 7.48 

27 Loveday  8.63 8.53 

28 Booysen  9.62 7.61 

29 Crownwood 11.33 12.48 7.55 

30 Soccer City 23.28 10.07 6.76 

31 Aeroton 1  7.3 6.93 

32 Aeroton 2  7.01 7.2 

33 Aeroton 3  7.45 7.33 

34 Steeldale 1  6.86 7.25 

35 Steeldale 2  6.37 7.27 

36 Steeldale 3  6.26 7.22 

37 City deep 1 19.65 8.47 7.87 

38 City deep 2  7.74 8.73 
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39 City deep 3  8.77 8.86 

40 Benrose 1  6.28 7.55 

41 Benrose 2  6.72 7.73 

42 Benrose 3  7.81 7.64 

43 Heriotdale 29.40 16.86 8.01 

44 PPC Cement 19.21 11.09 7.64 

45 Germiston 1  6.77 8.15 

46 Germiston 2  6.64 8.06 

47 Germiston 3  8.99 7.68 

48 Springs 1  10.5 7.8 

49 Springs 2  11.96 7.85 

50 Springs 3  10.68 8.6 
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APPENDIX B 

 

Table B.1: Mercury concentration (µg kg 1) extracted by simulated gastric solutions. 

 

SAMPLE 

SITES 

Oral Leachates HgTOT 

Artificial gastric juice Dil. HCl Conc. HCl 

Mean ± SD  % Mean ± SD % Mean ± SD % 

Sandton 1.35  ± 0.01 0.39 5.47  ± 0.34 1.56 50.87  ± 0.33 14.78   344.08 

Boksburg 1 1.40  ± 0.01 0.39 7.26  ± 0.56 2.03 68.95  ± 3.53 19.33   356.78 

Boksburg 2 1.27  ± 0.01 0.35 8.33  ± 0.41 2.31 76.85  ± 5.53 21.35   359.97 

Alberton 1 1.59  ± 0.01 0.38 8.49  ± 0.65 2.02 78.75  ± 5.89 18.76   419.69 

Alberton 2 1.56  ± 0.01 0.48 7.64  ± 0.66 2.34 68.75  ± 3.89 21.03   326.95 

Alberton 3 1.68  ± 0.01 0.38 8.02  ± 0.57 1.83 93.84  ± 8.04 21.44   437.61 

Diepkloof 2.23  ± 0.01 0.49 6.00  ± 0.35 1.31 63.74  ± 4.98 13.95   456.75 

Riverlea 3.56  ± 0.02 0.67 9.71  ± 0.71 1.81 92.17  ± 7.33 17.15   537.40 

CBD 1 3.25  ± 0.02 0.60 13.85  ± 0.91 2.57 135.66  ± 9.98 25.18   538.82 

CBD 2 3.08  ± 0.02 0.49 11.41  ± 0.81 1.82 120.63  ± 10.9 19.24   627.14 

CBD 3 3.07  ± 0.02 0.62 11.85  ± 1.01 2.40 116.46  ± 9.78 23.63   492.78 

CBD 4 2.13  ± 0.01 0.42 16.12  ± 1.29 3.18 159.69  ± 11.6 31.54   506.32 

Cemetery 2.83  ± 0.01 0.33 15.10  ± 1.33 1.77 144.37  ± 11.9 16.97   850.78 

Soccer City 5.08  ± 0.03 0.49 26.36  ± 1.82 2.52 235.55  ± 18.5 22.55 1044.55 

Crownwood 5.32  ± 0.04 0.57 27.78  ± 2.22 2.99 298.88  ± 23.8 32.13   930.13 

Ophirton 5.30  ± 0.05 0.93 12.49  ± 1.41 2.19 123.82  ± 9.21 21.67   571.29 

Selby 1 3.01  ± 0.02 0.64 12.18  ± 1.21 2.58 127.85  ± 10.3 27.06   472.49 

City Deep 4.41  ± 0.03 0.82 12.13  ± 0.97 2.25 137.50  ± 10.5 25.53   538.67 

Heriotdale 6.22  ± 0.05 0.40 65.57  ± 0.33 4.26 505.22  ± 36.7 30.27 1669.18 

PPC Cement 3.17  ± 0.02 0.40 25.52  ± 0.18 3.21 301.43  ± 15.6 37.91   795.14 
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Table B.2: Mercury concentration (µg kg 1) extracted by simulated lung fluids. 

 

SAMPLE 

SITES 

Lung Leachates HgTOT 

Artificial lung fluid Grays’ solution Gamble’s solution 

Mean ± SD % Mean ± SD % Mean ± SD % 

Sandton   4.22  ± 0.21 1.23 0.48  ± 0.02 0.14 0.17  ± 0.01 0.0 344.08 

Boksburg 1   4.69  ± 0.28 1.32 0.46  ± 0.02 0.13 0.13  ± 0.01 0.0 356.78 

Boksburg 2   4.55  ± 0.27 1.26 0.42  ± 0.02 0.12 0.11  ± 0.01 0.0 359.97 

Alberton 1   6.35  ± 0.37 1.58 0.61  ± 0.03 0.15 0.12  ± 0.01 0.0 419.69 

Alberton 2   6.68  ± 0.21 1.55 0.64  ± 0.04 0.15 0.09  ± 0.01 0.0 326.95 

Alberton 3   6.85  ± 0.48 1.41 0.59  ± 0.04 0.12 0.26  ± 0.01 0.0 437.61 

Diepkloof   6.38  ± 0.51 1.57 0.72  ± 0.05 0.18 0.31  ± 0.02 0.0 537.25 

Riverlea   8.11  ± 0.67 1.58 0.81  ± 0.06 0.16 0.40  ± 0.02 0.0 593.94 

CBD 1 10.78  ± 0.92 1.72 0.99  ± 0.07 0.16 0.17  ± 0.01 0.0 538.82 

CBD 2 10.52  ± 0.81 1.68 0.94  ± 0.08 0.15 0.18  ± 0.01 0.0 627.14 

CBD 3   6.67  ± 0.32 1.37 0.60  ± 0.04 0.12 0.17  ± 0.01 0.0 492.78 

CBD 4   8.35  ± 0.41 1.59 0.83  ± 0.07 0.16 0.33  ± 0.02 0.0 506.32 

Cemetery 15.67  ± 1.20 2.09 1.44  ± 0.11 0.19 0.82  ± 0.04 0.0 850.78 

Soccer City 24.60  ± 1.89 2.27 2.48  ± 0.21 0.23 0.72  ± 0.04 0.0 1044.55 

Crownwood 16.51  ± 1.43 1.86 1.19  ± 0.09 0.13 0.88  ± 0.06 0.0 930.13 

Ophirton 12.36  ± 1.01 1.99 1.11  ± 0.10 0.18 0.29  ± 0.01 0.0 571.29 

Selby 1   8.29  ± 0.69 1.55 0.83  ± 0.06 0.15 0.49  ± 0.03 0.0 472.49 

City Deep 11.79  ± 0.93 1.85 1.52  ± 0.11 0.24 0.39  ± 0.02 0.0 538.67 

Heriotdale 34.40  ± 2.48 2.68 3.59  ± 0.23 0.28 0.61  ± 0.03 0.0 1669.18 

PPC Cement 14.78  ± 1.36 2.06 1.42  ± 0.12 0.20 0.53  ± 0.03 0.0 795.14 
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APPENDIX C 

 

Table C.1: Mercury concentration (µg kg-1) extracted by n-SEP (Neculita et al., 2005). 

 
SAMPLE 

SITES 

Fractions Totala HgTOT % 

Recoveryb F1 F2 F3 Residual 

Mean ± SD  % Mean ± SD % Mean ± SD % Mean ± SD % 

Sandton   2.87  ± 0.10 1.08    25.73  ± 1.87 9.67 3.75  ± 1.23 1.41 233.71  ± 15.5 87.82   266.06   266.14 99.97 

Boksburg 1   4.85  ± 0.23 1.35   31.36  ± 1.06 8.71 1.25  ± 0.11 0.35 321.25  ± 21.7 89.24   358.71   359.97 99.65 

Boksburg 2   5.12  ± 0.39 1.43   29.83  ± 2.11 8.36 1.38  ± 0.07 0.39 321.07  ± 17.3 89.99   357.39   356.78 100.17 

Alberton 1   8.33  ± 0.13 2.07   30.33  ± 1.33 7.54 43.62  ± 2.33 10.84 320.93  ± 23.7 79.73   403.20   402.50 100.17 

Alberton 2   5.19  ± 0.09 0.29   37.06  ± 2.03 8.62 15.33  ± 1.09 3.57 375.24  ± 30.7 87.30   432.81   429.84 100.69 

Alberton 3   1.61  ± 0.07 0.94   30.65  ± 0.17 6.30 29.39  ± 2.51 6.04 422.81  ± 18.3 86.95   487.43   486.24 100.24 

Diepkloof   6.92  ± 0.48 1.38   48.81  ± 2.43 9.71 7.66  ± 0.43 1.52 436.74  ± 13.8 86.87   500.13   502.74 99.48 

Riverlea   4.94  ± 0.32 0.86   41.18  ± 1.78 7.14 6.16  ± 0.37 1.07 528.22  ± 22.4 91.62   580.50   576.50 100.69 

CBD 1   4.52  ± 0.44 0.72   50.70  ± 2.52 8.08 2.08  ± 0.17 0.33 570.67  ± 33.7 90.99   627.96   627.21 100.12 

CBD 2   6.72  ± 1.03 1.07   79.65  ± 4.59 12.73 0.62  ± 0.05 0.10 543.06  ± 42.8 86.78   630.05   625.79 100.68 

CBD 3   1.25  ± 0.11 0.26   30.92  ± 2.42 6.35 0.26  ± 0.01 0.05 457.41  ± 23.7 93.91   489.84   487.06 100.57 

CBD 4   0.65  ± 0.04 0.12   51.19  ± 3.13 9.77 1.56  ± 0.08 0.30 471.84  ± 10.1 90.03   525.24   524.11 100.22 

Cemetery 17.90  ± 1.07 2.35   72.89  ± 5.01 9.59 2.97  ± 0.19 0.39 672.76  ± 19.7 88.47   766.52   760.44 100.80 

Soccer City 10.03  ± 0.10 1.16   76.88  ± 3.16 8.90 2.29  ± 0.11 0.27 772.42  ± 39.9 89.45   861.63   863.52 99.78 

Crownwood 26.15  ± 0.14 2.95   61.89  ± 1.04 6.98 0.35  ± 0.01 0.04 804.84  ± 67.9 90.73   893.23   887.05 100.70 

Ophirton   2.77  ± 0.11 0.45   25.62  ± 1.73 4.12 1.62  ± 0.01 0.26 596.09  ± 29.3 95.95   626.10   621.28 100.78 

Selby 1   1.04  ± 0.08 0.20   27.11  ± 1.24 5.08 1.73  ± 0.01 0.31 501.21  ± 28.9 93.92   531.08   533.63 99.52 

City Deep   0.80  ± 0.06 0.12   56.28  ± 3.63 8.82 1.42  ± 0.01 0.22 587.08  ± 3.19 91.98   645.58   638.26 101.15 

Heriotdale   7.25  ± 0.36 0.56 123.26  ± 9.73 9.61 3.13  ± 0.02 0.24 1149.25  ± 42.4 89.57 1282.88 1283.00 99.99 

PPC Cement   6.75  ± 0.31 0.94   70.20  ± 5.46 9.78 2.26  ± 0.02 0.32 647.12  ± 36.7 90.13   726.33   718.00 101.16 

aFraction Total = F1 + F2 + F3 + Fresidual 

bRecovery = (F1 + F2 + F3 + Fresidual)/HgTOT 
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Table C.2: Mercury concentration (µg kg 1) extracted by modified BCR SEP (Rauret et al., 1999). 

 
SAMPLE 

SITES 

Fractions Fraction 

Totala 

HgTOT % 

Recoveryb F1 F2 F3 Residual 

Mean ± SD  % Mean ± SD % Mean ± SD % Mean ± SD % 

Sandton 2.48  ± 0.1 0.72 1.23  ± 1.07 0.36 10.18  ± 0.63 2.96 333.41  ± 15.1 96.90 347.30   344.08 100.94 

Boksburg 1 0.95 ± 0.03 0.27 2.04  ± 0.06 0.57 11.85  ± 1.53 3.32 342.02  ± 3.18 95.86 356.85   356.78 100.02 

Boksburg 2 1.17  ± 0.09 0.33 1.95  ± 0.11 0.54 13.81  ± 1.17 3.84 34505  ± 10.1 95.85 361.98   359.97 100.56 

Alberton 1 1.79  ± 0.13 0.37 2.00  ± 0.17 0.41 15.69  ± 1.23 3.23 466.31  ± 24.3 95.90 485.79   486.24 99.91 

Alberton 2 1.17  ± 0.09 0.29 2.17  ± 0.12 0.54 13.46  ± 0.89 3.34 389.13  ± 2.49 96.68 405.93   402.50 100.85 

Alberton 3 1.61  ± 0.07 0.37 2.44  ± 0.17 0.57 15.62  ± 1.07 3.63 410.74  ± 33.5 95.56 430.40   429.84 100.13 

Diepkloof 10.08  ± 0.08 2.49 7.52  ± 0.33 1.86 10.03  ± 0.83 2.47 377.62  ± 27.4 93.13 405.25   405.47 99.94 

Riverlea 10.27  ± 0.82 2.00 4.34  ± 0.23 0.84   9.30  ± 0.63 1.81 488.67  ± 17.5 95.00 512.58   514.41 99.64 

CBD 1 10.58  ± 0.64 1.69 2.51  ± 0.22 0.40 13.92  ± 0.97 2.22 604.34  ± 5.13 96.35 631.34   627.21 100.66 

CBD 2 14.86  ± 1.03 2.37 5.38  ± 0.41 0.86 16.24  ± 1.18 2.59 587.34  ± 38.6 93.86 624.89   625.79 99.64 

CBD 3 4.22  ± 0.23 0.87 3.25  ± 0.21 0.67 17.34  ± 1.18 3.56 460.96  ± 31.5 94.64 623.82   487.06 99.69 

CBD 4 1.03  ± 0.08 0.20 2.71  ± 0.13 0.52 13.88  ± 0.53 2.65 504.98  ± 40.9 96.35 522.59   524.11 99.71 

Cemetery 1.13  ± 0.07 0.09 13.95  ± 0.11 1.15 37.53  ± 2.73 3.10 1169.45  ± 96.6 96.55 1222.06 1211.26 100.89 

Soccer City 2.56  ± 0.23 0.24 3.22  ± 0.23 0.30 74.05  ± 4.60 6.82 986.02  ± 59.3 90.81 1065.85 1085.85 98.16 

Crownwood 2.26  ± 0.14 0.25 28.77  ± 1.04 3.24 101.26  ± 7.14 11.42 777.37  ± 57.3 87.64 935.73   887.05 100.60 

Ophirton 7.23  ± 0.61 1.16 2.89  ± 0.20 0.46 26.90  ± 1.13 4.33 586.08  ± 24.8 94.33 569.19   621.28 99.63 

Selby 1 1.38  ± 0.08 0.26 3.02  ± 0.24 0.57 16.86  ± 0.94 3.16 516.02  ± 5.74 96.70 468.56   533.63 99.17 

City Deep 1.06  ± 0.09 0.17 2.63  ± 0.18 0.41 13.65  ± 1.03 2.14 504.11  ± 6.79 97.70 535.27   638.26 100.42 

Heriotdale 8.24  ± 0.06 0.49 17.35  ± 0.3 1.04 57.22  ± 4.63 3.43 1559.40  ± 42.4 93.42 1642.21 1669.18 98.38 

PPC Cement 13.88  ± 0.11 1.93 7.16  ± 0.61 1.00 37.66  ± 0.23 5.24 666.29  ± 28.2 92.80 724.99   718.00 100.97 

aFraction Total = F1 + F2 + F3 + Fresidual 

bRecovery = (F1 + F2 + F3 + Fresidual)/HgTOT   



255 
 

 

Table C.3: Mercury concentration (µg kg-1) extracted by SSE (Bloom et al., 2003). 

 
SAMPLE 

SITES 

Fractions Fraction 

Totala 

% 

Recoveryb F1 F2 F3 F4 Residual 

Mean ± SD % Mean ± SD % Mean ± SD % Mean ± SD % Mean ± SD % 

Sandton   9.43  ± 0.57 2.92 25.73  ± 1.27 7.97 13.35  ± 1.07 4.13     1.32  ± 0.01 0.41   271.91  ± 13.9 84.25 321.80 99.68 

Boksburg 1 14.88  ± 1.13 308 30.01  ± 1.51 6.22 18.78  ± 1.33 3.89   57.89  ± 2.33 12.00   359.12  ± 21.7 74.44 480.67 99.63 

Boksburg 2 13.77  ± 0.89 3.08 33.86  ± 2.01 7.58 18.60  ± 1.07 4.17   38.69  ± 1.43 8.66   340.12  ± 16.8 76.16 445.05 99.65 

Alberton 1   2.83  ± 0.01 0.56 16.99  ± 1.17 3.34 17.25  ± 0.83 3.40   45.98  ± 2.23 9.05   420.86  ± 21.4 82.86 503.90 99.21 

Alberton 2 21.18  ± 1.19 4.49 31.31  ± 2.02 6.63 20.78  ± 1.89 4.40   75.70  ± 4.49 16.03   320.17  ± 16.2 67.81 469.14 99.36 

Alberton 3 23.10  ± 1.32 4.73 22.60  ± 1.13 4.62 11.91  ± 0.97 2.44   80.75  ± 3.55 16.52   350.40  ± 17.5 71.69 488.76 99.99 

Diepkloof 15.29  ± 0.98 2.20 29.51  ± 1.63 4.26 48.00  ± 3.83 6.92   79.71  ± 5.74 11.50   519.92  ± 10.5 74.98 692.43 99.86 

Riverlea   1.61  ± 0.01 0.23 16.02  ± 0.93 2.30 20.68  ± 1.03 2.97   57.41  ± 1.75 8.24   598.85  ± 30.6 85.97 694.58 99.71 

CBD 1   4.54  ± 0.23 0.85 17.09  ± 1.08 3.20 18.87  ± 0.97 3.53   70.68  ± 3.15 13.23   424.22  ± 21.8 79.38 535.40 100.19 

CBD 2   2.26  ± 1.49 0.37 19.26  ± 0.81 3.17 11.86  ± 0.58 1.95   58.58  ± 3.77 9.64   518.64  ± 43.7 85.36 610.59 100.49 

CBD 3   7.68  ± 0.57 1.58 12.89  ± 0.61 2.65 22.45  ± 1.18 4.62   43.32  ± 1.98 8.91   398.74  ± 19.3 82.03 485.07 99.80 

CBD 4   6.78  ± 0.38 1.29 10.70  ± 0.50 2.04 25.81  ± 1.25 4.92 117.28  ± 9.56 22.36   366.97  ± 12.6 69.69 527.54 100.57 

Cemetery 18.64  ± 1.23 2.65 73.88  ± 3.61 10.52 53.30  ± 2.93 7.59 125.74  ± 8.72 17.90   429.70  ± 34.2 61.19 701.26 99.86 

Soccer City 15.41  ± 0.77 1.91 44.46  ± 2.22 5.52 47.01  ± 3.60 5.84 117.07  ± 9.89 14.78   578.61  ± 28.1 71.83 804.56 99.88 

Crownwood 31.58  ± 1.98 3.16 47.67  ± 1.84 4.78 76.55  ± 4.97 7.67   45.33  ± 1.19 4.54   792.95  ± 59.7 79.45 994.08 99.60 

Ophirton 13.33  ± 0.93 2.26 47.08  ± 2.40 7.96 23.05  ± 1.15 3.90   51.61  ± 3.58 8.73   452.11  ± 39.8 76.48 587.18 99.32 

Selby 1 14.98  ± 0.86 2.69 30.86  ± 1.50 5.55 19.93  ± 1.04 3.58   87.69  ± 4.78 15.77   405.73  ± 9.78 72.95 559.20 100.54 

City Deep   3.87  ± 0.17 0.57 47.20  ± 3.67 6.97 38.96  ± 2.17 5.75 105.70  ± 5.89 15.60   480.72  ± 36.2 70.96 676.46 99.86 

Heriotdale 24.85  ± 1.24 1.84 38.49  ± 2.49 2.85 29.35  ± 2.73 2.18   83.95  ± 4.59 6.22 1169.99  ± 83.7 86.75 1346.63 99.85 

PPC Cement 26.12  ± 1.31 2.94 37.73  ± 2.61 4.25 51.93  ± 3.33 5.85   59.85  ± 3.09 6.74   713.73  ± 69.9 80.43 889.36 100.23 

aFraction Total = F1 + F2 + F3 + F4 + Fresidual 

bRecovery = (F1 + F2 + F3 + F4 + Fresidual)/HgTOT 


