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ABSTRACT

Trace metal pollution of environmental waters is a serious ecological concern that
causes degradation of water quality in rivers and lakes. Mercury is considered as
one of the most toxic trace metals due to its propensity to bioaccumulate in food
webs thus causing severe detriment to human health. Biosorption using algae as
biosorbents is emerging as a technology for the remediation of trace metal-polluted
waters because algae are widely abundant and have high adsorption capacities.
Algae can also be immobilized on polymeric supports to enhance their performance,

selectivity, and industrial applicability.

This work presents the development of novel algal-based biosorbents via the
immobilization of Cladophora sp alga in silica gel and alginate beads for the
removal of mercury from synthetic aqueous solutions under batch equilibrium and
continuous flow modes. Both the modified and unaltered algae were also
characterized for biosorption of mercury using several techniques including Fourier
Transform Infrared Spectroscopy (FTIR), Braunner-Emmet-Taylor (BET),
Scanning Electron Microscopy (SEM) and Electron Dispersive Spectroscopy
(EDX). The research also describes a first attempt to elucidate the mechanism for
mercury biosorption using pristine and modified forms of Cladophora sp alga. The
best performing modified biosorbent (alga immobilized in alginate beads) was also
utilized to construct biotraps where were then utilized for mercury removal from

acid mine water formed by dissolving salt crusts in deionized water.

Batch equilibrium studies revealed that the optimum conditions for metal
biosorption were pH 5, 10 g L™ biosorbent dosage and 25°C for the modified forms
of Cladophora sp alga. However, the equilibrium agitation time and initial metal
concentration using the biosorbents were 30 minutes and 100 mg L™, respectively.
The maximum biosorption capacities were 121.3 and 183.4 mg g for the alga
immobilized in silica gel and alga immobilized in alginate beads. These biosorption
capacities represented removal efficiencies of 82.75 and 86.6%, respectively.
Biosorption experimental data also fitted the pseudo-second kinetic model, the

Langmuir, and Dubinin-Radushkevich isotherms thus suggesting that biosorption



occurs on a homogeneous layer and was limited by chemisorptive ion exchange
mechanism. Kinetic modeling using the Webber-Morris model showed that
intraparticle diffusion was rate limiting only at the start of the biosorption process.
Mercury adsorption using the biosorbents involved several functional groups.
Chemical modification, FTIR analysis and EDX analysis showed that the amine,
sulfonate and carboxyl groups were key players in the mechanism for the
biosorption of mercury by the biosorbents. The biosorption process occurred via
complex processes wherein ion exchange was the most dominant mechanism. This
was confirmed using FTIR analysis, EDX analysis and chemical modification of
functional groups on the algal surface. The biosorbents were also effective in
retrieving mercury from multi-elemental synthetic aqueous solutions. However, the
alga immobilized in alginate beads was more selective for mercury removal than

that immobilized in silica gel.

Optimal removal under continuous flow operation occurred at 7 cm bed height, 2
mL min flow rate and 2 mg L inlet metal concentration. The column data was
also best described by the Bed depth service time, Thomas and Yoon Nelson
models. This implied that the service time of the column was proportional to the
bed height and external mass transfer and internal diffusion were not the rate
limiting mechanisms. Application of the biotraps to acid-impacted environmental
waters also significantly reduced the total mercury concentration. The adsorption
capacity and removal efficiency obtained were 6.081 mg g* and 67.81%
respectively. These results demonstrated that Cladophora sp algal-based biotraps
have potential for use in remediation technologies for mercury in environmental
samples. They can be used to augment wetlands by offering protective screens that
will reduce the direct impact of wastewaters flowing through them thus enhancing

their longevity.
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CHAPTER 1: INTRODUCTION

In this chapter, background information on gold mining and acid mine drainage in
the South African context is provided. An introduction to the research problem and

the methodology utilized for its resolution are also given.

1.1 Background information

The Witwatersrand Basin in South Africa is renowned for its gold mining activities
with excavations dating as far back as the mid-1800s (McCarthy, 2011; Naicker et
al., 2003). Gold-bearing ore in this region is comprised primarily of quartz (70-90
%), phyllosilicates (10-30 %) and minor minerals (1-5 %). Pyrite is the most
predominant minor mineral with compositions reaching up to 5% (Feather and
Koen, 1975; Tutu et al., 2008). Initially, mining operations in the area utilized a
mercury amalgam method which released mercury into the environment. Later, this
method was abandoned in favor of the McArthur Forest cyanide method which gave
greater yields at higher excavation depths. In general, these mining processes
involved unearthing of gold-bearing layers and their subsequent crushing prior to
gold extraction. The resultant waste rocks were then disposed of in slime or tailing
dumps (McCarthy, 2011; Naicker et al., 2003).

Though, mining ceased in the 1960’s, the benefit of such activities are evident in
the splendor of the cosmopolitan city of Johannesburg which has become the
economic hub of the entire African continent (Naicker et al., 2003). Nonetheless,
the gloomy remnants of mining are the prevalence of large volumes of mining
dumps in some parts of the region (Naicker et al., 2003). These dumping sites
contain elevated amounts of pyrite, uraninite (UO.) and brannerite (UO3Ti204),
arsenopyrite (FeAsS), cobaltite (CoAsS) and galena (PbS), pyrrhotite (FeS),
gersdorffite (NiAsS) and chromite (FeCr204) minerals which were unaffected by
gold processing (Naicker et al., 2003; Tutu et al., 2008). Some of the tailing dumps
also contain mercury released by the amalgam extraction method (Lusilao-Makiese
etal., 2013).



Over time, exposure of pyrite and other sulfide bearing components to oxygen and
moisture leads to iron oxidation and acid formation. The resultant acidic water can
percolate through the dumps and enter the groundwater regime and public
waterbodies along the Witwatersrand basin (Akcil and Koldas, 2006; Naicker et al.,
2003). This acidic water also contains elevated quantities of iron and other trace
metals and is known as acid mine drainage (Akcil and Koldas; 2006; McCarthy,
2011; Naicker et al., 2003). The high metal load in acid mine drainage (AMD) is of
great environmental concern because it leads to degradation of the quality of water
in receiving water bodies. The metalliferous discharge is detrimental to human
health, wildlife, plant life and aquatic ecosystems in general (Gaikwad and Gupta
2008; Kuyucak, 2002; Riefler et al., 2008; Siddiquee et al., 2015). Therefore, to
safeguard environmental sustainability, it is vital to devise methods for the
prevention or remediation control of acid mine drainage in the area (Kefeni et al.,
2017).

Wetlands are one of the most favored technologies for the alleviation of metal
pollution in AMD because they offer the advantages of longevity, cost-
effectiveness and minimal production of toxic waste products (Gazea et al., 1996;
Sheoran and Sheoran, 2006). As a result, they are found along streams and rivers
adjacent to mines and tailings in the Witwatersrand region (Tutu et al., 2008).

1.2 Problem statement

Albeit, the successful utilization of wetlands for remediation of metal pollutants in
AMD is well-documented in the literature, their main setback is that the saturated
and anoxic conditions prevailing in these systems support the methylation of
inorganic mercury to methylmercury (Gustin et al., 2006; King et al., 2002;
Windham-Myers et al., 2014). Hence, they are major sources of methylmercury
(MeHg) production and its exportation to downstream waterbodies (Branfireun et
al., 1999; Creswell et al., 2017; Hall et al., 2008). In fact, wetlands are reported to
have a higher rate of methylmercury formation than other aquatic systems
(Hoggarth et al., 2015). Nonetheless, significant variation in Hg methylation is

observed in different types of wetlands due to variations in hydrologic conditions



(seasonal versus permanent flooding) and chemical variability (Hoggarth et al.,
2015).

Methylation in wetlands is facilitated by the activity of a variety of microbes
including sulfur and iron reducing bacteria found in the ecosystem and also depends
on the availability of inorganic mercury (Hoggarth et al., 2015; Liu et al., 2015;
Windham-Myers et al., 2014). Hence, factors like electrical conductivity, pH, sulfur
speciation, dissolved organic carbon (DOC) and temperature which impact the
bioavailability of mercury and activity of microbes are of great significance
(Creswell et al., 2017; Hall et al., 2008; Hoggarth et al., 2015; Windham-Myers et
al., 2014). The transformation of inorganic mercury to MeHg is of environmental
concern because MeHg is a toxic neurotoxin that bioaccumulates in food chains
(Branfireun et al., 1999; Frohne et al., 2012; Gustin et al., 2006; Hall et al., 2008).
It poses, therefore, a threat to humans, wildlife and other living biota in higher
trophic levels (Hoggarth et al., 2015). Hence, there is an eminent need to develop
remediation technologies such as biotraps to enhance the capabilities of wetlands in

removing mercury from AMD before it is converted to this toxic pollutant.

Traditional methods for removal of mercury from industrial effluents are costly,
ineffective at low metal concentrations and produce toxic by-products. On the other
hand, biosorption using algae as biosorbents is an economic, eco-friendly and
effective technique. Therefore, in the present study, Cladophora sp alga was
immobilized in polymeric supports and the modified biosorbents were utilized to
build biotraps whose efficiency in retrieval of mercury was tested using acid mine
drainage sample. According to the author’s knowledge, no previous study reports
the modification of Cladophora sp by immobilization in silica gel and alginate
beads followed by use of the best performing modified biosorbent to build biotraps

for sequestering mercury from acid impacted environmental samples.



CHAPTER 2: LITERATURE REVIEW

This chapter gives a brief survey and critique of the current literature on the
mitigation strategies used for the remediation of acid mine drainage paying
particular attention to wetland technologies. The benefits, mode of operation and
limitations of wetlands system have also been reviewed. Much focus was placed on
their incapacity to effectively remove mercury from industrial effluents and their
role as major sources of methylmercury into aquatic ecosystems. Current trends in
the field of remediation of mercury-laden wastewaters have also been reviewed with
a specific interest in biosorption which entails the use of biological materials as
biosorbents for sequestration of toxic metal pollutants. Advances in the industrial

application of biosorption technology are also discussed.

2.1 Acid mine drainage

Acid mine drainage (AMD) is a well-known environmental problem plaguing most
mining economies globally. It is formed when iron-bearing sulfides (especially
pyrite) in rocks are exposed to oxygen and water which oxidize iron and produce
sulfuric acid (McCarthy, 2011; Muhammad et al., 2015; Nyquist and Greger, 2009).
The resultant drainage is also infested with Al, Fe, metalloids (As) and toxic heavy
metals like mercury, uranium, lead and cadmium (Akcil and Koldas, 2006;
Equeenudin et al., 2010). Essentially, the high metal content in AMD is of great
environmental concern because it has the potential of contaminating nearby ground
and surface waters (Akcil and Koldas, 2006; McCarthy, 2011; Pozo-Antonio et al.,
2014; Smith, 1997). Ultimately, this negatively impacts human health and other
life-forms in aquatic ecosystems (Durand, 2012; Etale et al., 2016; Tutu et al.,
2008).

2.1.1 Properties of AMD

Many research studies have focused on the characterization of AMD and they agree
that the chemical composition of the acidic effluent varies significantly between
sites. This is mainly due to differences in geology, mineralogy, climate, and
hydrogeochemistry at different sites (McCarthy, 2011, Santa Cruz et al., 2013;



Valente et al. 2013). Another disturbing property of AMD is that it is a long-term
environmental problem that persists long after mine closure (Egiebor and Oni,
2007; Smith, 1997). For instance, while most mining operations in the
Witwatersrand goldfields ceased in the 1960’s, the problem of AMD still persists
in the region (McCarthy, 2011; Naicker et al., 2003). The persistence of AMD has
a direct impact on the cost of implementation of remediation systems (Egiebor and
Oni, 2007). Due to these facts, it is necessary to adopt site-specific and economic
approaches that would permit long-term application at affected areas (Garland,
2011, Kalin et al., 2006).

2.1.2 Sources of AMD

AMD formation occurs naturally via a sluggish process that allows for interception
through neutralization by calciferous minerals like dolomite and calcite (Akcil and
Koldas, 2006; McCarthy, 2011). Mining exacerbates this problem by exposing and
segregating rock materials thus increasing their surface area and acid-producing
capability (McCarthy, 2011; Smith, 1997). Sources of AMD from mining processes
include open pits and underground workings from active and abandoned mines
(Akcil and Koldas, 2006; Egiebor and Oni, 2007; Gazea et al., 1996; Johnson and
Hallberg, 2005). Abandoned mines are known to have higher AMD generating
potential than their active counterparts. Therefore, the majority of AMD
remediation attempts reported in the literature, particularly in developing countries,
have focused on abandoned mines (Egiebor and Oni, 2007; Johnson and Hallberg,
2005).

Surface drainage from tailings and rock heaps are also important sources of AMD
pollution (Akcil and Koldas, 2006; Egiebor and Oni, 2007; Johnson and Hallberg,
2005). In fact, mine tailings are a major environmental threat because AMD from
these sources tends to be more concentrated and disassembled thus inflicting greater
damage (Egiebor and Oni, 2007; Johnson and Hallberg, 2005). Spoil heaps, on the
other hand, are less perilous because they often contain carbonate materials which

assist in neutralizing some of the acid formed (Akcil and Koldas, 2006).



2.1.3 Formation of AMD

The formation of AMD at its sources occurs via a complex process incorporating
many interrelated reactions in which pyrite is oxidized to form sulfuric acid and
iron oxyhydroxides (Neculita et al., 2007; Johnson and Hallberg, 2005, Kuyucak,
2002). Even though the mechanism is still vaguely comprehended, the entire
process can be summarized as per egn. 2.1 (Johnson and Hallberg, 2005, Kuyucak,
2002).

FeS, (s) + 1°/,0,(9) + 7/ H,0 (1) > Fe(OHs(s) + 2H,S0,(aq)  (2.1)

According to this equation, the key requirements for the formation of AMD are
moisture, dissolved oxygen and the availability of oxidizable iron sulfides such as
pyrite (Neculita et al., 2007; Johnson and Hallberg, 2005, Kuyucak, 2002).
Notwithstanding, bacterial activity particularly that of Acidithiobacillus
ferrooxidans is another limiting factor because it catalyzes the process (Neculita et
al., 2007). A combination of other parameters including pH, temperature, surface
area of the exposed sulfides and presence of competing oxidants, buffering capacity
and the availability of alkaline minerals also have an impact on the rate of AMD
generation (Akcil and Koldas, 2006; Neculita et al., 2007; Kuyucak, 2002; Pozo-
Antonio et al., 2014).

2.1.4 Effects of AMD formation

Once formed, AMD is detrimental to humans and other living beings in aquatic and
terrestrial ecosystems (Kumari et al., 2010; Simate and Ndlovu, 2014). In humans,
exposure to some of the heavy metals present in AMD leads to ailments such as
bronchitis, skin irritations and renal dysfunction, pulmonary disorders,
hypertension and gastrointestinal tract disorders, fatigue, irritability and mental
retardation in young children (Simate and Ndlovu, 2014). Heavy metal poisoning
in plants causes oxidative stress, cellular damage and disrupts homeostasis in plants.
Growth and reproduction in fish are also negatively impacted by exposure to
elevated levels of heavy metal pollutants (Kumari et al., 2010). Long-term exposure

to some heavy metal pollutants can result in mortality of some biota and thus affect



the biodiversity of aquatic ecosystems (Kumari et al., 2010; Simate and Ndlovu,
2014).

2.1.5 Strategies for the remediation of AMD

Generally, the two approaches that are utilized for the remediation of AMD are
source control and mitigation strategies. The source control approach involves the
creation of conditions that chemically, biochemically or physically prevent the
formation of AMD at the source (Egiebor and Oni, 2007; Kang et al., 2016). This
is mainly achieved by eliminating either one or more of the key elements required
for the formation of AMD (Egiebor and Oni, 2007; Johnson and Hallberg, 2005).
On the converse, mitigation entails the treatment of AMD that has already been
formed and reducing its impact on the environment (Egiebor and Oni, 2007;
Johnson and Hallberg, 2005; Skousen et al., 2017). Each approach has its pros and
cons which need to be considered before selecting the appropriate remediation
technology (Egiebor and Oni, 2007; Johnson and Hallberg, 2005; Kalin et al., 2006;
Riefler et al., 2008).

2.1.5.1 Source control strategies for AMD

Theoretically, the preclusion of AMD formation at source is best because it is more
permanent and eliminates the need for further treatment after mine closure (Kang
etal., 2016; Pozo-Antonio et al., 2014). Hence, several researchers have focused on
developing methods targeted at preventing the formation of AMD at source
(Egiebor and Oni, 2007; Kefeni et al., 2017; Kuyucak, 2002; Riefler et al., 2008;
Simate and Ndlovu, 2014).

The simplest and most commonly used techniques for preventing the formation of
AMD are those that physically prevent contact between AMD forming materials
and oxygenated water. These methods include flooding and sealing, underwater
storage, surface water diversion and soil compaction (Akcil and Koldas, 2006;
Johnson and Hallberg, 2005; Pozo-Antonio et al., 2014). Flooding and sealing are
used for curbing the formation of AMD at abandoned mines. In this process,
abandoned mine shafts are flooded with water such that the dissolved oxygen inside



is depleted. Subsequently, the shafts are sealed to prevent the replenishment of

oxygen supply (Akcil and Koldas, 2006; Pozo-Antonio et al., 2014).

Underwater storage, on the other hand, is applicable to the storage and disposal of
mine tailings whereby the tailings are buried underground and sealed with shallow
water covers. Subsequently, dry covers are placed on top as supplementary
protection from exposure to air (Johnson and Hallberg, 2005). Nonetheless, dry
covers are often made of clay material which cracks during dry seasons and reduces
the efficiency of the technique (Johnson and Hallberg, 2005). As a solution, Pozo-
Antonio et al., (2014) suggested the use of organic materials like polyvinyl chloride
(PVC) as dry covers because they are more durable. However, PVC sheets are more
expensive than clay and would, therefore, increase the overall cost of the technique.

Soil compaction can also be used to prevent the formation of AMD by mine tailings.
It reduces the permeability, water flow, and oxygen influx into the tailings thus
decreasing their susceptibility to generate acidic effluents (Pozo-Antonio et al.,
2014). The major obstacle to large-scale adaptation of this technique is that it is not
effective on its own and needs to be used in conjunction with others (Pozo-Antonio
etal., 2014).

To overcome some of the challenges faced with physical methods, some researchers
report the use of chemical treatment to prevent oxidation of pyrite-bearing materials
(Chen et al., 2006a; Pozo-Antonio et al., 2014). Chen et al., (2006a) reported the
use of triethylenetetramine (TETA) and diethylenetriamine (DETA) to hinder the
production of acid by sulfide-containing mine wastes. Similarly, Chander and Zhou,
(1992) deduced that treating mine wastes with reagents containing carboxyl groups
bound to aromatic hydrocarbons reduced their acid mine drainage formation.
Nevertheless, this technology is not fully developed and requires the use of
specialized and expensive reagents. (Egiebor and Oni, 2007). The biological
toxicity of the chemical reagents used has also not been fully investigated (Jiang et
al., 2000).

Passivation where in precipitates are formed on the surface of the acid forming
sulfides has also been recommended as a means of inhibiting AMD formation.
Accordingly, Shamshuddin et al., (2004) reported the use of KH2PO4 and NazSiOs



to form a protective precipitate barrier over AMD-forming pyrites. Jiang et al.,
(2000) also demonstrated that coating pyrites with a hydrophobic film of sodium
oleate reduced their AMD-forming potential. However, the long-term applicability
of this method and adaptability of the precipitates formed to seasonal variations has

not been fully investigated.

Another approach to preventing AMD formation is the application of bactericides
to curb the bacterial catalytic action of Acidithiobacillus ferrooxidans (Jiang et al.,
2000; Pozo-Antonio et al., 2014; Skousen et al., 2017). For instance, Kleinmann
and Erikson, (1982) evaluated the bactericide potential of different surfactants
(sodium lauryl sulfate, alkyl benzene sulfonate and alfa olefin sulfonate) in reducing
the activity of the bacterial catalyst. They found that sodium lauryl sulfate was most
effective in decreasing the activity of Acidithiobacillus ferrooxidans. Nonetheless,
they discovered that the bacteria re-appeared within two weeks thus indicating that
the method is also not a long-term solution. In addition, the requirement for
continuous application of bactericides is uneconomical (Pozo-Antonio et al., 2014).

Despite the extensive research performed on the source control approach to AMD
remediation, preventative interventions are generally costly and do not offer long
term solutions (Akcil and Koldas, 2006; Egiebor and Oni, 2007; Johnson and
Hallberg, 2005). They also have technical limitations and often require to be
coupled with other technologies. Consequently, till date, no technology has been
universally accepted as a means for prohibiting the formation of AMD at source. It
is believed that a better comprehension of the mechanism and kinetics of AMD
generation would aid in development of preventative methods that can be widely
accepted (Egiebor and Oni, 2007). In the interim, research attention has shifted

towards mitigation control measures (Kefeni et al., 2017; Riefler et al., 2008).

2.1.5.2 Mitigation control strategies for AMD

Mitigation control strategies of AMD are commonly classified into two broad
categories viz-a-viz active and passive technologies (Johnson and Hallberg, 2005).
Active treatment of AMD involves the mechanical addition of alkaline chemicals
to increase the effluent pH and precipitate metals from solution (Gaikwad and
Gupta, 2008; Kefeni et al., 2017; Simate and Ndlovu, 2014; Zienkiewicz et al.,



1997). On the contrary, passive technologies utilize naturally occurring chemical,
biological and physical processes to treat AMD with minimal resource input
(Kefeni et al., 2017; Skousen et al., 2017).

e Active technologies for AMD remediation

The most commonly applied active mitigation method for AMD is neutralization
using alkaline agents like lime, calcium carbonate and sodium hydroxide (Gazea et
al., 1996; Mbonimpa et al., 2016). This reduces the acidity of the effluent and also
causes metals to precipitate out of solution (Neculita et al., 2007; Mulopo, 2015;
Pozo-Antonio et al., 2014). The shortcomings of this technique are that it is costly,
requires continuous addition of chemicals and produces large volumes of toxic
sludge (Neculita et al., 2007; Gazea et al., 1996; Johnson and Hallberg, 2005). As
a result, some research workers have focused on developing processes for
overcoming some of the challenges faced during chemical neutralization of AMD
(Akcil and Koldas, 2006).

A ‘high density sludge’ method wherein the flocculation aggregates the toxic sludge
which then settles was suggested as a possible solution for the issue of voluminous
toxic sludge generation (Akcil and Koldas, 2006). Similarly, other researchers
reported the replacement of lime by fly ash, bentonite, kaolinite and cement as
neutralizing agents to reduce the cost of the process (Egiebor and Oni, 2007).
Nonetheless, the costs of operation and maintenance of such treatment plants still

remains exorbitantly high (Johnson and Hallberg, 2005; Skousen et al., 2017).

Kefeni et al., (2017) also reported the design and application of the ‘GYP-CIX’
process by the Western Area mine in South Africa. This method utilizes reusable
ion exchange resins to remove calcium and sulfate ions from AMD. Widespread
industrial application of the technique has not been reported due to handling
difficulty and toxicity of the sludge produced. The method also only targets calcium
and leaves other more toxic metal ions in solution (Akcil and Koldas, 2006; Pozo-
Antonio et al., 2014).

Recently, Mulopo, (2015) also reported the application of the ‘Active barium

calcium’ (ABC) desalination process for the treatment of AMD. The author was
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able to neutralize acidity in AMD, precipitate metals and lower the concentration
of sulfate ions. In addition, the process allowed for the processing and recycling of
resultant sludge. However, the method is relatively expensive and has only been
applied at pilot scale (Kefeni et al., 2017; Mulopo, 2015). Albeit, numerous efforts
to develop and improve active control measures for AMD, the strategy still remains
uneconomic, produces hazardous materials and is unsuitable for long term
applications in abandoned mines (Simate and Ndlovu, 2014). Hence, cost-effective,
site specific and maintenance-free passive systems are gaining much research
ground (Whitehead and Prior, 2006).

e Passive technologies for the remediation of AMD

Passive treatment methods for AMD are favored over active ones because they are
generally self-sustaining and do not require external operational resources. They
rely on natural biological, chemical and physical processes for the effective and
eco-friendly removal of metal pollutants from AMD resources (Neculita et al.,
2006; Gazea et al., 1996; Kalin et al., 2006; Skousen et al., 2017). The passive
methods that are commonly used for mitigation of acid production in mines are
anoxic limestone drains (ALDSs), permeable reactive barriers (PRBs) and wetlands
(Skousen et al., 2017).

ALDs are comprised of beds of limestone gravel buried in impervious trenches to
exclude the entry of moisture and air (Cravotta and Trahan, 1999; Johnson and
Hallberg, 2005; Skousen et al., 2017). The carbon dioxide content in these drains is
also kept high so as to facilitate the dissolution of limestone which in turn
neutralizes AMD. At the same time, anoxic conditions are maintained so as to curb
the precipitation of iron (I1l) onto limestone which would interfere with the
neutralization process (Cravotta and Trahan, 1999). Many researchers report
successful use of ALDs to treat de-aerated AMD with low metal content (Cravotta
and Trahan, 1999; Cravotta, 2003; Skousen et al., 1999; Ziemkiewicz et al., 2003).
The limitation of these systems is that they cannot be used for the treatment of
oxygen-rich acidic water with elevated levels of iron, aluminum and manganese
(Johnson and Hallberg, 2005; Skousen et al., 2017; Ziemkiewicz et al., 2003).

Furthermore, the effectiveness of ALDs declines when calcite saturation is reached
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(Skousen et al.,, 2017). ALDs also produce variable alkaline outputs and
maintaining the pH of the effluent over time is very difficult. Hence, they are often
used in conjunction with wetlands for enhanced performance (Skousen et al, 1997,
Skousen et al., 2017).

Permeable reactive barriers (PRBs) have also gained ground over the past two
decades as passive methods for acidic water treatment (Neculita et al., 2007). They
are made up of reactive material zones buried in channels to treat acid-infested
groundwater. Their role is to remove target metal contaminants from AMD polluted
waters passing through them (Gibert et al., 2011). Earlier works in the literature
reported the use of zero-valent iron as the reactive material of choice. Recently,
biological materials such as sulfur reducing bacteria (SRB) are receiving attention
as plausible replacements (Neculita et al., 2007; Gibert et al., 2011). SRB work by
converting the sulfates in AMD to sulfides which then precipitate dissolved metals
in AMD passing through them (Gilbert et al., 2011). Though not many researchers
report the use of this technology to lessen the impact of AMD, it is cost-effective,

highly efficient at low pH and requires minimal energy input (Neculita et al., 2007).

Gibert et al., (2011) studied the performance of SRB in treating AMD from a site
in Azuacollar, Spain. They found that the system was able to effectively neutralize
pH and remove metal contaminants from groundwater for 3 years. One major
disadvantage of using these systems is that design flaws like the inaccurate
characterization of sites and varying climatic conditions can result in incomplete
desalination of AMD. In addition, the process yields limited sulfate reduction due
to short residence times and poor decomposition of organic matter (Gibert et al.,
2011). The reliance of SRB on the availability of additional organic carbons is
another critical limiting factor of the technology. Hence, some researchers report
the use of waste materials from the food and agricultural industries as additional
organic carbon sources (Neculita et al., 2007). Zhang and Wang, (2014) evaluated
the feasibility of using manure and sawdust as organic carbon sources for the
facilitation of metabolic activity of SRB. They found that chicken manure, cow
manure and sawdust could successfully be used as supplementary carbon sources

thus enhancing the metal uptake capabilities of the SRB (Zhang and Wang, 2014).
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Another shortcoming of using SRB is that their long term applicability has not been
fully evaluated. The speciation of the metals removed and the ecotoxicology of the
treated AMD are also rarely studied (Neculita et al., 2007). Hence, adaptation of the
technology to wide-scale industrial use has been rather slow. Given the limitations
of the above-mentioned passive AMD remediation methods, much emphasis has

been placed on the use of wetlands for the removal of metal pollutants from AMD.

2.2 Wetlands as mitigation control strategies for AMD

In the past few decades, the use of wetlands as technologies for remediating AMD
has intensified because they are cost-effective, efficient environmentally friendly
and self-sustaining (Hafeznezami et al., 2012; Kadler and Knight, 1996; Kivaisi et
al., 2001; Matagi et al., 1998; Sheoran and Sheoran, 2006; Vymazal, 2010).
Wetlands are also flexible, less prone to loading and can be established at the AMD
production site (Matagi et al., 1998; Yeh, 2008). Nonetheless, to take full advantage
of wetlands as mitigation control strategies for AMD, it is essential to study the
different types of wetlands, their characteristics and mechanisms of action.

2.2.1 Definition and classification of wetlands

Wetlands are complex ecosystems that exhibit transitional features between
terrestrial and aquatic ones (Kivaisi et al., 2001; Mitsch and Gosselink, 2000;
Verhoeven and Meuleman, 1999). They are characterized by shallow waters which
have unique soils, vegetation and biota that are adapted to waterlogged and anoxic
conditions (Kivaisi et al., 2001; Mitsch and Gosselink, 2000; Verhoeven and
Meuleman, 1999; Vymazal, 2010). There are a wide variety of wetlands in the
environment; therefore, they are commonly classified using different criteria
(Mitsch and Gosselink, 2000; Verhoeven and Meuleman, 1999).

First, wetlands can be categorized as seasonal or perennial with respect to degree
and duration of saturation. Seasonal wetlands are those that are only flooded for
part of the year whereas perennial ones are saturated throughout the year. Most of
the wetlands in southern Africa are seasonal because the region is semi-arid and

experiences low, seasonal rainfall (De Klerk, 2013; Tutu et al., 2008). Wetlands can
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also be classified as natural or constructed depending on the extent of human
interference. Natural wetlands are those that have been part of nature for many years
and have survived with minimal human interferences (Dean et al., 2013; Vymazal,
2010). Constructed wetlands, on the contrary, are engineered so as to emulate their
natural counterparts (Mitsch and Gosselink, 2000; Qasaimeh et al., 2015; Zhi and
Ji, 2012; Zhang et al., 2014).

The main advantage of constructed wetlands is that their operational conditions can
be monitored, manipulated and controlled for optimum efficiency (Kivaisi et al.,
2001; Sheoran and Sheoran, 2006; Zhang et al., 2014). In addition, the load rates
and removal efficiencies for most metals are greater in constructed than natural
wetlands (Kivaisi et al., 2001; Sheoran and Sheoran, 2006). Regulatory bodies
globally also discourage the treatment of wastewaters using natural wetlands
because of the rising concern regarding the negative impacts of the toxic metals on
the ecosystem. Hence, most the remediation efforts reported in the literature
describe the use of constructed wetlands (Chen et al., 2006b; Khan et al., 2009;
Kivaisi et al., 2001; Maine et al., 2009; Zhi and Ji, 2012).

2.2.2 Benefits of wetlands

Wetlands are valuable ecosystems that offer many benefits to local, regional and
global environments (Kivaisi et al., 2001; Vymazal, 2010). They provide habitats
for the survival, breeding and feeding of living biota like wildlife, birds, plants, and
mammals (Kivaisi et al., 2001; Mitsch and Gosselink, 2000; Zhang et al., 2014).
Wetlands also aid in storm abatement, flood mitigation and protect shorelines from
soil erosion (Kivaisi et al., 2001, Mitsch and Gosselink, 2000). They also offer
recreational, historical and aesthetic, scientific and cultural values to humans
(Mitsch and Gosselink, 2000; Vymazal, 2010).

Their most significant function is the ability to act as biogeochemical filters for
metal pollutants thus aiding in the maintenance of the integrity of waterbodies
(Kivaisi et al., 2001; Kosolapov et al., 2004; Mitsch and Gosselink, 2000; Vymazal,
2010). Consequently, they are considered as viable options for resolving water
quality issues such as AMD (Kivaisi et al., 2001; Sheoran and Sheoran, 2006). They
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depend on inhabitant plants, soils, sediments and micro-organisms to sequester
metal contaminants through various mechanisms (Kivaisi et al., 2001; Matagi et al.,
1998; Sheoran & Sheoran, 2006; White et al., 2011).

2.2.3 Mechanisms for metal uptake in wetlands

Heavy metal uptake in wetlands occurs via physical, biological and chemical
processes in the hydrology, substratum and biota compartments of the ecosystem
(Matagi et al., 1998; Sheoran and Sheoran, 2006; Qasaimeh et al., 2015; Vymazal,
2010). These processes are complex and involve the interaction of numerous
mechanisms including sedimentation, flocculation and adsorption, precipitation,
oxidation, plant uptake and bacterial degradation (Kivaisi et al., 2001; Matagi et al.,
1998; Sheoran and Sheoran, 2006; Yeh, 2008). The extent of occurrence of each
mechanism is determined by a number of factors such as plants species present,
substratum properties, chemical composition of the wastewater and metal properties
(Kosolapov et al., 2004; Matagi et al., 1998; Sheoran and Sheoran, 2006).
Therefore, a thorough comprehension of these mechanisms allows for manipulation
of the systems to improve their performance (Kosolapov et al., 2004; Sheoran and
Sheoran, 2006).

2.2.3.1 Sedimentation and flocculation

Sedimentation and flocculation are the most critical mechanisms for the effective
removal of metals from wastewaters as particulate matter. The former entails the
gradual settling of dense particles in water to underwater sediments (Sheoran and
Sheoran, 2006). The efficiency of metal removal via this mechanism depends on
the rate of settling and the dimensions of the wetlands. Hence, the process is
generally slow and aided by floating plants in these ecosystems which also acts as
sediment traps (Matagi et al., 1998; Sheoran and Sheoran, 2006). A study by Noller
etal., (1994) revealed that sedimentation in wetlands effectively removed 75-99.7%
cadmium, 26% lead, 75.9% silver and 66.7% zinc from AMD.

Flocculation, on the other hand, facilitates effective removal of metals as particulate
matter through the formation of ‘flocs’ which then settle faster than lighter
individual particles (Matagi et al. 1998; Sheoran and Sheoran, 2006). Flocs also
bind to suspended heavy metal particles and drag them to the sediments. The factors
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favoring flocculation in wetlands are high pH, high concentration of suspended
matter, ionic strength and high concentration of algae (Matagi et al. 1998; Sheoran
and Sheoran, 2006). Through sedimentation and flocculation, heavy metal
pollutants are removed from the water and transferred to sediments where they are
trapped thus protecting downstream waterbodies (Matagi et al. 1998; Sheoran and
Sheoran, 2006). However, these processes are often preceded by precipitation and
co-precipitation which aggregate metals into large enough particles (Matagi et al.,
1998; Sheoran and Sheoran, 2006).

2.2.3.2 Precipitation and co-precipitation

Precipitation plays a significant role in heavy metal removal in wetlands because it
limits their bioavailability through their dissolution. It is controlled by the solubility
product (Ksp) of metals, pH of wetland water and the availability of competing ions
(Matagi et al., 1998; Sheoran and Sheoran, 2006). The prevalence of sulfates and
sulfur reducing bacteria in wetlands make the precipitation of metals as sulfides
highly favored (Sheoran and Sheoran, 2006). Mungur et al., (1997) reported the
removal of 81.7% Cu in wetlands through sulfide precipitation while Schiffer,

(1989) observed 83.3% removal of Pb in natural wetlands as sulfide precipitates.

Carbonate precipitates of metals can also be formed in wetlands if there is a high
concentration of hydrogen carbonates in the water (Sheoran and Sheoran, 2006).
They play a pivotal role in the initial trapping of metals even though they are not as
stable as sulfides. Carbonates are reported to be effective at precipitating Pb and Ni
from AMD waters (Sheoran and Sheoran, 2006). Schiffer, (1989) also reported the
removal of 79% of Mg and 25% Ni in the form of carbonates from wastewater at a
wetland in Central Florida, USA.

Co-precipitation is a complimentary mechanism whereby the precipitates formed
through precipitation adsorb other metals dissolved in the water (Matagi et al.,
1998; Sheoran and Sheoran, 2006). In such instances, metal pollutants like As, Cu,
Zn and Ni co-precipitate with Fe hydroxides. The rate of adsorption of metal ions
by hydroxides is affected by the concentration of iron in solution, pH and redox
potential, presence of specific anions and contact time (Matagi et al., 1998; Sheoran
and Sheoran, 2006). Hydroxyoxides of Fe can be negatively or positively charged
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depending on the pH; therefore, they co-precipitate with varying metal ions
depending on solution pH. Fe oxides are also redox sensitive and may go back into
solution when redox potentials change (Matagi et al., 1998; Sheoran and Sheoran,
2006).

2.2.3.3 Adsorption

Basically adsorption of metals in wetlands involves their binding to soil particles
through either cation exchange or chemisorption. Cation exchange depends on the
exchange capacities of soils and involves temporary binding of metal ions onto clay
or organic matter components of soil by electrostatic attraction (Matagi et al., 1998;
Sheoran and Sheoran, 2006). On the converse, chemisorption results in stronger and
more stable metal binding. The capacity of soil to bind metals using this process is
linked to physical and chemical properties of the water, metal properties and the
presence of other metals and ligands. Once bound in this manner, metal ions remain
that way and do not biodegrade. However, the metal speciation can vary with
changes in soil properties (Matagi et al., 1998; Sheoran and Sheoran, 2006).

Precipitates formed by the oxidation and hydrolysis of iron, aluminum and
manganese can also adsorb other metals dissolved in the water. The rate of
adsorption of metal ions by metal hydroxides is affected by the concentration of
iron in solution, pH and redox potential, presence of specific anions and contact
time (Matagi et al., 1998; Sheoran and Sheoran, 2006).

2.2.3.4 Phytoremediation

The most prevalent biological mechanism for metal retrieval in wetlands is
phytoremediation or plant uptake (Matagi et al., 1998; Qasaimeh et al., 2015;
Sheoran and Sheoran, 2006). Hence, their role in metal uptake is well-documented
in the literature (Kivaisi et al., 2001; Qasaimeh et al., 2015; Yeh, 2008). There are
a wide range of plants in wetlands inclusive of emergent, surface floating and free
floating, rooted leaves, submerged macrophytes and trees which contribute to
overall clean-up of heavy metal pollution in wetlands (Qasaimeh et al., 2015;
Sheoran and Sheoran, 2006). Emergent and surface floating plants take up metals
through their roots while submerged, floating and free floating species do so
through both leaves and roots. In addition, submerged plants are capable of
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extracting metals from sediments and water while those without roots only have

access to metals in the water (Qasaimeh et al., 2015; Sheoran and Sheoran, 2006).

The removal rate of metals by plants is a function of plant species, plant growth,
pH, sediment chemistry, temperature and concentration of heavy metals (Khan et
al. 2009; Qasaimeh et al., 2015). Notwithstanding, macrophytes are reported to have
the highest metal uptake capabilities and therefore play a huge role in wetland
treatment systems. In fact, Typha and Sphagnum are the two most extensively used
macrophytes species for heavy metal removal in wetlands because they can
withstand high metal concentrations without any visible effects on their
morphology (Qasaimeh et al., 2015; Sheoran and Sheoran, 2006; Yeh, 2008).
Accordingly, Gomes et al., (2014) demonstrated in a pilot scale study that Typha

domingensis plants contributed 99.6% to the removal of mercury in wetlands.

Hegazy et al., (2011) also studied the accumulation of Al(I1I), Fe(lll), Zn(I1) and
Pb(I1) in different parts of Typha domingensis plants found in a constructed wetland
in EI-Sadat, Egypt. They found that metal uptake by the different parts of the plants
varied with seasonality and highest uptake was observed in the summertime. The
accumulation of metals was also highest in the roots and rhizomes compared to the
leaves for all metals studied. Bonanno, (2013) also compared the performance of
Typha domingensis, Phragmites australis and Arundo donax in removing heavy
metals from wastewaters in wetlands. They deduced that T. domingensis, P.
australis had higher capacities than A. donax for removal of all metals. Kolbash and
Romanoski, (1989) also reported removal of 50% of the Fe in AMD from a coal

mine by Typha latifolia plants.

2.2.4 Limitations of wetlands

Even though wetlands are proven to be outstanding methods for treating AMD, they
have inherent limitations that affect the performance and applicability of the
systems. First, they require a lot of land to set up; this adds to the overall cost of
application of the technology. The performance of wetlands is also greatly impacted
by large fluctuations in water levels due to floods and droughts (Lizama et al. 2011,
Neculita et al. 2007; Pozo-Antonio et al. 2014; Whitehead and Prior, 2006).
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Wetlands are also not effective in rocky or steep soils and are prone to accumulation
of precipitates. Problems also arise when there are elevated concentrations of
sulfates. In such cases, it would be necessary to provide supplementary carbon
sources for the nutritional maintenance of bacteria (Sheoran and Sheoran, 2006).
The ecosystems are also subject to the effect of seasonal variations and in some
cases may experience catastrophic system failures such as the Wheal Jane mine
disaster of 1992 (Neculita et al. 2007; Pozo-Antonio et al. 2014; Whitehead and
Prior, 2006).

Another significant limitation of wetlands is their inability to effectively remove
mercury from wastewaters (Faulwetter, 2009; Hall et al., 2008). Instead, they
convert the pollutant to a more potent form (MeHg) and transport it to downstream
waterbodies where it can debilitate human health and entire ecosystems. Mercury
in these systems is also easily lost to the atmosphere via evapotranspiration
(Creswell et al., 2017; Hall et al., 2008).Therefore, it is vital to develop methods to
enhance the removal of mercury from wastewaters passing through wetlands. In
order to successfully develop and remediation methods for mercury, it is crucial to
fully understand the properties, speciation, biogeochemical cycling and

environmental impacts of the pollutant.

2.3 Mercury as a global pollutant

Over the years, mercury has been the subject of many research works due to its
toxicity, persistence in the environment and ability to be transported globally over
long distances (Cyr et al., 2002; Gomes et al., 2014; Nicolardi et al., 2014; Plaza et
al., 2011; Sunseth et al., 2017). It also bioaccumulates in food webs thus posing
threats to humans and other animals in higher trophic levels (Khoramabadi et al.;
2008; Lehnherr, 2013, Nanseu-Njiki et al., 2009; Shabudeen et al., 2013). As a
result, it has been listed by the United States environmental protection agency (US
EPA) as a priority pollutant. The World Health Organization (WHO) has also
stipulated permissible limits for industrial discharge and drinking water at 2 and 1
ug L respectively (Lin and Pehkonen, 1999; Wang et al., 2012; Windham-Myers
etal., 2014). Hence, a large number of scientific works have focused on developing

ways for remediating mercury contaminated waters before they are released into

19



public waterbodies (Dash and Das, 2012; Driscoll et al., 2013; Hutchinson and
Atwood, 2003; Shabudeen et al., 2013; Wang et al., 2012; Zhu et al., 2009).

In order, to develop new treatment methods for mercury contaminated waters or
improve existing ones, it is necessary to identify and evaluate its different sources
to the environment. Consequently, a number of studies in the literature are devoted
to investigating the sources of mercury to the environment (Sunseth et al., 2017).

2.3.1 Sources of mercury

Though mercury exists naturally in the environment as cinnabar (HgS) which is
relatively immobile and non-bioavailable to living biota, it can be released as labile
species from a variety of sources (Dash and Das, 2012; Gomes et al., 2014; Pirrone
et al., 2010). The sources of mercury are often categorized as natural or
anthropogenic (Boening, 2000; Ebinghaus et al., 1999; Huang et al., 2016; Rafaj et
al., 2013).

2.3.1.1 Natural sources of mercury

Natural sources of mercury are important contributors to the overall emission of
mercury to the environment at local, regional and global scales (Pacyna et al., 2006;
Pirrone et al. 2010). It is postulated that these sources emit about 5207 Mg of
mercury into the environment yearly (Lehnherr, 2013; Pirrone et al., 2010; Sunseth
et al., 2017). Approximately 36% of this quantity originates from oceans while the
rest is released from terrestrial surfaces (Pirrone et al., 2010; Sunseth et al., 2017).
Natural sources of mercury pollution are further subdivided into primary natural or
re-emission sources depending on the origin of the mercury they emit (Pacyna et
al., 2006; Sunseth et al., 2017).

Primary natural sources release mercury originating from geological minerals in the
earth’s core; they include processes such as volcanic eruption, hot springs and other
geothermal activities (Boening, 2000; Ebinghaus et al., 1999; Gomes et al., 2014;
Pacyna et al., 2006). On the other hand, re-emission sources remobilize mercury
which has previously been emitted and deposited on plants, surface waters and
wetlands (Ebinghaus et al., 1999; Pirrone et al., 2010; Sunseth et al., 2017).
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2.3.1.2 Anthropogenic sources of mercury

Anthropogenic sources of mercury include industrial activities such as chlor-alkali
plants, fossil fuel burning and waste incineration, small scale gold mining, metal
refinery and the use of medical devices (Boening, 2000; Ebinghaus et al., 1999; La
Bella & Hilliker, 2003; Lehnherr, 2013; Han et al., 2014). These processes are
believed to be the major contributors to global mercury emissions; hence, the
majority of research works on mercury emissions place emphasis on those
emanating from anthropogenic sources and the impact they have on aquatic
ecosystems (Pirrone et al., 2010; Sunseth et al., 2017; Walters et al., 2011). As a
result, the methodologies for evaluating the inventory of anthropogenic sources are
very advanced and robust (Sunseth et al., 2017). These technological advancements
have also aided in predicting future global emissions from anthropogenic sources
(Pacyna et al., 2010).

Anthropogenic sources of mercury are also categorized as primary and secondary
based on whether they intentionally use mercury in their processes (Pirrone et al.,
2010). Primary anthropogenic sources release mercury from geological origin as a
by-product of high temperature industrial processes (Pirrone et al., 2010; Sundseth
etal., 2017). The major source of mercury in this category is coal combustion which
provides energy for other industrial activities. In the year 2000, it was reported that
66% of the total global anthropogenic emissions were from coal combustion
(Pacyna et al., 2006). Africa and Asia were also identified as the world’s major

contributors to Hg emission by coal combustion (Pacyna et al., 2006).

On the converse, secondary anthropogenic sources such as small scale gold mining,
chlor-alkali plants, waste incineration and crematoria intentionally use mercury in
their processes (Pacyna et al., 2010; Pirrone et al., 2010). Artisanal gold mining is
one of the major users of mercury in Africa, Asia and South America. However,
due to the under-handedness of the entire process, emissions from this source of
mercury are not well-documented (Pacyna et al., 2010). Chlor-alkali plants are the
third largest mercury consuming industrial processes; but, the release of mercury
by this industry has declined over the past decade. This is mainly due to the adoption
of techniques for monitoring the hydrogen gas stream like mist eliminators,
scrubbers and application of activated carbon to adsorb mercury at strategic points
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(Pacynaetal., 2006). However, most of the control methods have only been adopted
in affluent countries (Pirrone et al., 2010). Waste incineration and crematoria are
also important anthropogenic sources of mercury (Dash and Das, 2012). But,
knowledge on their overall contribution to global emission is still lacking. Of the
little research done on these sources, most of the data is from Europe, United States,
and Canada (Pacyna et al., 2006)

All the above-mentioned sources of mercury release different species of the
pollutant which have varying ecotoxicological and human health effects (Munthe
etal., 2001). Hence, it is important to investigate the speciation of mercury released
into the environment so as to develop appropriate remediation methods for the
pollutant.

2.3.2 Mercury speciation

One intriguing aspect of mercury is that it exists in aquatic systems as different
species with different chemical and physical properties (Mazyck et al., 2009;
Schroeder and Munthe, 1998; Wang et al., 2004). The main species of mercury
found in aquatic ecosystems are elemental mercury (Hg®), monovalent mercury
(Hg"), divalent mercury (Hg?*), methylmercury (MeHg) and mercury bound to
various complexing agents (Amde et al., 2016; Boening, 2000; Hutchison and
Atwood, 2003; Lehnherr, 2013; Schroeder & Munthe, 1998; Wang et al., 2004).
Hg" is very reactive species that exists as dimers which readily dissociate to HgP or
Hg?* which are more stable (Hutchison and Atwood, 2003; Schroeder & Munthe,
1998).

Conversely, Hg? constitutes 10-30% of the mercury in aquatic systems (Selin, 2009;
Ulrich et al., 2001). This species is only sparingly soluble in water; but, it is still an
environmental threat because it easily volatilizes to the atmosphere where it persists
for long periods and can be transported over long distances (Lehnmerr, 2013;
Pacyna et al., 2006; Selin, 2009; Ulrich et al., 2009). Nonetheless, it is only recently
that researchers have started to direct their attention towards the removal of this

species from the environment (Shao et al. 2016; Wang et al., 2016a; Xu et al., 2013).

Hg?* is the most abundant species of mercury in aquatic ecosystems; hence, it is the

subject of many research studies (Dash and Das, 2012; Nanseu-Njiki et al., 2009;
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Rocha et al., 2014; Shabudeen et al., 2013). It exists in aquatic systems as either
free ions or forms complexes with organic or inorganic ligands (Amde et al., 2016;
Ebinghaus et al., 1999, Hutchinson and Atwood, 2003, Pirrone et al., 2010; Wang
et al., 2004). The complexed configuration is the most stable and often interferes
with remediation efforts (Lehnherr, 2013; Wang et al., 2004).

Methylmercury (MeHg) is the most predominant form of organic mercury in
aquatic systems (Branfireun et al., 1999; Selin, 2009). It is formed via the
methylation of inorganic species, especially Hg?* with the aid of sulfur reducing
bacteria and is stable in natural waters (Amde et al., 2016; La Bella & Hilliker,
2003; Lehnmerr, 2013; Mazyck et al., 2009). MeHg is the most toxic form of
mercury because of its lipophilicity and ability to bioaccumulate in living beings.
The dominance of each species in aquatic systems depends on the redox potential
(En), pH and concentrations of complexing agents (Branfireun et al., 1999;
Lehnmerr, 2013, Ulrich et al., 2001). The different species of Hg are also
interconverted, biogeochemically transformed and transported through many
processes occurring in aquatic ecosystems. Hence, it is crucial to fully understand
the biogeochemical cycling of the various species of mercury in aquatic systems
(Ebinghaus et al., 1999; Dash and Das, 2012; Selin, 2009).

2.3.3 Biogeochemical cycling of mercury in aguatic systems

The chemistry of mercury in aquatic systems is very complex; therefore, predicting
its behavior in aquatic systems is not an easy task (Ulrich et al., 2001). The aquatic
mercury cycle illustrated in Fig. 2.1 summarizes the entry, release and
interconversions of the different species of mercury in aquatic ecosystems. Mercury
generally enters aquatic systems as Hg® or Hg?* through direct deposition, run-off
from watersheds and direct wastewater discharge (Braaten et al., 2014; Mason et
al., 1994; Selin, 2009; Zillioux et al., 1993). Since Hg" is volatile most of it escapes
to the atmosphere through volatilization (Lehnmerr, 2013; Selin, 2009; Ulrich et
al., 2001).
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Fig. 2.1: The aquatic mercury cycle (Source: Krabbenhoft &Rickert, 1995)

A small portion of the inorganic mercury is also converted to MeHg through
methylation (Lehnmerr, 2013; Selin, 2009; Ulrich et al., 2001). Methylation is a
pivotal step in the cycling of mercury because it converts inorganic species to a
more toxic form that severely affects human and other living biota (Lehnmerr, 2013;
Ulrich et al., 2001). It is a biologically-mediated process that depends on numerous
environmental conditions such as the availability of Hg?*, activity of sulfur-
reducing bacteria, total organic carbon and redox potential (Lehnmerr, 2013; Selin
et al. 2009; Ulrich et al., 2001; Zillioux et al., 1993). The process generally occurs
at the sediment-water interface in natural waters even though some degree of
methylation has been observed in water columns as well (Eckley and Hintelmann,
2006; Lehnmerr, 2013; Selin, 2009).

Despite that, methylation occurring in the water column is most important because
the volume is larger than that in the sediments. Demethylation also occurs as a

regulatory measure wherein the carbon-mercury bond is broken with the aid of
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enzyme activity to form methane and Hg?* which are less toxic (Lehnmerr, 2013).
Both methylation and demethylation processes occur simultaneously until
equilibrium conditions are attained wherein the concentration of MeHg in the
sediments remains constant at 1-1.5% of total mercury (Ulrich et al., 2001).

Mercury also has a tendency to bind to particulate matter suspended in water.
Hence, suspended particular matter is another major driving force for mercury
transport and transformation in aquatic systems (Ulrich et al., 2001). The particles
that are normally suspended in water are organic matter, oxyhydroxides, bacteria,
and algae. Organic matter plays a pivot role because it forms very stable complexes
with mercury. Hence, the majority of the mercury in these systems will be present
as organic matter complexes. Iron and manganese oxides also have high binding
affinities for mercury; therefore, due to their large surface areas they are also able

co-precipitate mercury from solution (Ulrich et al., 2001).

Organic matter and oxyhydroxides tend to bind preferentially to Hg?* over MeHg.
Hence, in natural aquatic systems, most of the Hg?* will be bound to particular
matter whilst MeHg remains in the water column (Ulrich et al., 2001). Accordingly,
a study by Hudson et al., (1994) evaluated the cycling of mercury in Wisconsin
lakes and found that 94-99% of the Hg?* was complexed with organic matter and
the degree of complexation was affected by redox potential, pH and the presence of

sulfide ligands.

The settling of particulate matter is a major delivery vector for mercury to the
sediments (Ulrich et al., 2001). In fact, according to Covelli et al., (1999), 25% of
the mercury in aqueous systems can be released from the sediments yearly and
recycled at the sediment-water boundary. The process of release and delivery of
mercury to the sediments depends on several factors including the sediment-water
partition co-efficients, pH, temperature, complexing agents and the availability of
nutrients. For instance, anoxic conditions, low pH and high temperatures favor the

release of mercury (Ulrich et al. 2001).

The uptake of mercury especially MeHg by living biota and its subsequent
bioaccumulation in food chains is another critical process in the aquatic mercury

cycle. Through this process, even low concentrations of MeHg can be
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bioaccumulated to such high levels that they affect humans and other living biota
(Ulrich et al., 2001). Albeit, only 10-30% of mercury in aquatic ecosystems is
MeHg, 85-90% of the mercury in fish is MeHg. Thus, through this process, trace
amounts of MeHg can be bioaccumulated to dangerous levels in higher trophic level

organisms.

2.3.4 Environmental and human health impacts of mercury pollution

Mercury is known to have adverse effects on human health and other living biota
in aquatic ecosystems. The main exposure routes for mercury poisoning in humans
are drinking contaminated water, fish consumption and occupational exposure
(Harris et al., 2006; Lehnmerr, 2013). The human groups that are most susceptible
to mercury poisoning are pregnant women, developing embryos, young children
and fish-eating populations residing in polluted areas (Mazyck et al., 2009).
Different species of mercury are also known to have differing effects on human
health.

Hg® and Hg?" are believed to collectively cause autoimmune responses, renal
failure, pulmonary malfunctioning and liver damage (Driscoll et al., 2013;
Lehnmerr, 2013). In contrast, MeHg is a powerful neurotoxin that can cross the
blood brain barrier thus damaging the central nervous system. Therefore, it is linked
to neurodegenerative illnesses like Alzheimer and Parkinson (Lehnmerr, 2013;
Wang et al., 2012). MeHg also debilitates motor sensory activity and causes
emotional instability in adults. It can also cross the placental barrier and harm
developing fetuses (Driscoll et al., 2013; Lehnmerr, 2013). Mercury poisoning is
also believed to be carcinogenic in humans and linked to teratogenic effects such as
reduction in fertility (Wang et al., 2012).

Mercury poisoning is also detrimental to the survival, reproduction and growth
balance of other organisms in the aquatic ecosystem (Wang et al., 2012). It
diminishes the reproductive success of some fish populations and alters the genetic
structures and functional diversities of some bacterial species (Driscoll et al., 2013;
Wang et al., 2012). Plant photosynthesis, growth and crop production, nutrient
uptake and homeostasis are also negatively impacted by mercury poisoning (Wang
et al. 2012). Mercury is also reported to inhibit growth, photosynthesis and nitrogen

26



fixation in algae. The chlorophyll content of some algal species is also known to be
severely affected by exposure to mercury (Agrawal et al., 1992). Hence, it is
important to remove mercury from wastewaters such as AMD before they are

released into main water supplies.

2.3.5 Global scenario of mercury pollution

It is reported that Asian countries are the major contributors to the global mercury
pool (Dash and Das, 2012; Pacyna et al., 2006; Pirrone et al., 2010). The continent
contributes 54% and is followed by Africa which is responsible for 18% of the
global emissions (Dash and Das, 2012). Among the Asian nations, China is known
to be the greatest contributor to the global mercury budget. Countries like Japan,
India and North Korea are also responsible for substantial amounts of global
mercury emissions (Dash and Das, 2012). The staggering levels of mercury
pollution in these regions are mainly attributed to economic development and
population growth (Dash and Das, 2012; Pacyna et al., 2006). Surprisingly, the
literature on mercury pollution in Asia is lagging behind that of developed regions
like Europe and Northern America (Pacyna et al., 2006).

Streets et al., (2005) produced an inventory of mercury emissions from
anthropogenic sources in China. They found that 536 tons of mercury were released
yearly and 56% of this amount was elemental mercury, 32 % was Hg?* while only
12% was reported as mercury associated to particular matter. Similarly, Chen et al.,
(2016) showed that of the 603 tons of mercury released annually in China in 2003,
395 tons were HgP, 30 tons were Hg?* and only 70 tons were mercury associated to
particular matter (Chen et al., 2016).

Mercury emissions in Europe and North America are reported to be the lowest and
contribute less than 10% to the total mercury released globally (Dash and Das,
2012; Pacyna et al., 2006; Pirrone et al., 2010). This is mainly because of the
widespread adaptation of new technologies aimed at reducing mercury pollution in
these regions (Dash and Das, 2012; Pacyna et al., 2006). Research on the levels of
mercury emission and their impact on the environment is also advanced in these

parts of the world (Pacyna et al., 2006).
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Pacyna et al., (2005) used source test measurements to evaluate the speciation of
mercury released by coal power stations and waste incinerators in Europe. They
showed that elemental and oxidized mercury were the main forms released at
combustion plants. The mercury fraction bound to particulate matter was found to
be low for the power stations. MeHg was also not detected in the exhaust gases
emanating from these plants (Pacyna et al., 2005). But, further studies are still
required at major point sources to get a clearer picture of the speciation in mercury
emissions (Pacyna et al., 2005).

Dash and Das, (2012) also reported that Europe releases 145.2 Mg of mercury per
annum and 52% of these emissions originated from coal combustion. Industrial
processes like chloralkali plants and cement production contributed 38% while only
10% originated from waste incineration in the region (Dash and Das, 2012). A study
published by Dufault et al., (2009) also showed that sources in the United States of
America (USA) only contributed 3% to the global mercury emission and 60% of
these emissions were from anthropogenic sources. Minnesota, Wisconsin, Little
Rock Lake and Crab Lake were also identified as ‘hot spots’ for mercury pollution

in the USA (Dash and Das, 2012; Dufault et al., 2009; Swain et al., 1992).

2.3.6 The state of mercury pollution in South Africa

Despite the numerous accounts of mercury emissions from various sources and their
impact on aquatic environment in other parts of the world, there is still ambiguity
in values for low-income regions like Africa (Pacyna et al., 2006; Pirrone et al.,
2010). Hence, a limited number of studies report the state of mercury pollution and

its impact on aquatic ecosystems in South Africa (Walters et al., 2011).

Walters et al., (2011), performed research work on mercury pollution in South
Africa and its potential threat to humans and aquatic ecosystems in the country.
They collected water, sediment and biota samples from 62 sites in 19 water
management areas (WMAS) across the country and measured their mercury content.
They revealed that the concentration of total mercury in the water samples varied
from 0.02 to 26.65 ng L. On the contrary, MeHg levels were in the range 0.02 to
2.73 ng LY. There were also variations in total and organic mercury content in

samples collected from different sites. The designation of Olifants, Upper Vaal and
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WMASs as mercury hotspots was also attributed to their close proximities to coal
power stations and areas plagued by small scale gold mining (Walters et al., 2011).
Nevertheless, long term monitoring of these sites was not performed to gain more
insight on pollution in the area. The authors also did not carry out seasonality studies

to fully understand mercury pollution in the representative sites.

Lusilao-Makiese et al., (2013) also assessed the effect of mercury use in gold
mining in the West Rand region. They collected water, soil and sediment samples
from an abandoned mine in the Randfontein area. Their findings showed that water
from the mine was acidic and had high concentrations of total mercury. High metal
concentrations were also found in the sediment samples. Water from a borehole in
the Krugersdorp Game Reserve which is downstream from the mine also contained
223 ng L! of mercury. High concentrations of MeHg were also recorded in these
waters and surface sediments. These results and those in other studies show that
there is a need to develop methods for remediating mercury pollution in aquatic
ecosystems in South Africa.

2.3.7 Conventional remediation technologies for mercury in wastewaters

The extreme environmental and public health threats of mercury pollution has
driven researchers to focus on the inception of remediation technologies best suited
for the removal of the contaminant from wastewaters (Figueira et al., 2011; Fu and
Wang, 2011; Shabudeen et al., 2013; Wang et al., 2012). The selection of treatment
methods is generally influenced by performance, metal speciation, and initial metal
concentration, presence of interfering entities, cost-effectiveness and ease of
operation (Kurniawan et al., 2006; Motsi et al., 2009). For that reason, the
techniques that are traditionally used for the treatment of mercury-infested waters
are chemical precipitation, membrane separation, coagulation and ion exchange
(Abdel-Raof and Abdul-Raheim, 2017; Blue et al., 2008; Michalak et al., 2013;
Zeraatkar et al., 2016). However, these methods are costly to maintain have
drawbacks such as inefficiency at low metal concentration and production of large
amounts of toxic sludge as a by-product (Abdi and Kazemi, 2015; Tsekova et al.,
2010; Vijayaghavan and Balasubramanian, 2015; Vinodhini and Das, 2010).

Therefore, activated carbon adsorption has gained much research and industrial
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application interest (Anirudhan and Sreekumari, 2011; Mohan and Singh, 2002;
Gonzalez and Pliego-Cuervo, 2014).

2.3.8 Activated carbon adsorption

Adsorption basically entails the transfer of metal ions from the liquid phase to the
surface of an adsorbent via chemical or physical binding to the surfaces of suitable
adsorbents (Di Natale et al., 2011; Hadi et al., 2015). Though the technology allows
for the use of a broad spectrum of adsorbents, activated carbon (AC) is the most
commonly used because it has textural properties and functional groups which
make it suitable for the removal of heavy metals from wastewaters (Hadi et al. 2015;
Wang et al., 2009; Yardim et al., 2003; Zabihi et al., 2010). However, activated
carbon has a low selectivity for mercury; therefore, it is often modified using halide,
sulfur and nitrogen groups to enhance its performance (De et al., 2013; Hadi et al.,
2015; Di Natale et al., 2011; Wang et al., 2009).

Wang et al., (2009) illustrated that impregnating sulfur on ACs improved their
adsorption capacities for mercury removal from aqueous solutions. The adsorption
capacity of the modified sorbents were found to be thrice those of the pristine
materials. It was also shown that at low metal concentrations, metal uptake by the
sulfur-impregnated sorbents was unaffected by solution pH whereas the presence
of chloride ions reduced mercury sequestration at all concentrations studied (Wang
et al., 2009). The major shortcoming of the study was that the speciation of the

mercury adsorbed was not evaluated.

Zhu et al., (2009) also demonstrated the modification of ACs with amine groups
and their subsequent use for the sorption of mercury from aqueous solutions. They
revealed that the performance of the modified adsorbents was dependent on the
treatment temperature and the highest mercury uptake was achieved using activated
carbons treated at 70°C. The amine functionalized adsorbents were also shown to
have higher sorption capacities than native ones. In spite of this, the authors did not
evaluate the effects of pH, initial metal concentration and biosorbent dosage on
metal removal by the adsorbents. The efficiency of the adsorbents in treating multi-

metal aqueous systems was also not assessed.
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Even with all these achievements in improving the selectivity of activated AC, the
use of commercial AC still remains costly and its reusability has not been fully
evaluated (De et al., 2013; Di Natale et al., 2011; Hadi et al., 2015; Wang et al.,
2009). Hence, much research has focused on the use of ACs derived from waste
materials as sorbents for the sequestration of mercury from aqueous solutions (De
et al., 2013; Hadi et al., 2015; Namasivayam and Kadirvelu, 1999; Yardim et al.,
2003; Zhang et al., 2005).

Zhang et al., (2005) reported mercury uptake by various types of ACs obtained from
organic sludge. They showed that chemical activation improved the performance of
the activated carbons. Adsorbents activated using zinc chloride also had higher
sorption capacities than those treated with phosphoric and sulfuric acids. The
adsorption process was also influenced by pH, activated carbon dosage and initial
mercury concentration. The optimum pH for mercury adsorption was also reported
as pH 5 which implied that the adsorbents could be applicable for treatment of
acidic effluents. Kinetic and adsorption isotherm modelling also revealed that the
experimental data fitted Lagergen’s pseudo-first-order kinetic model and the
Freundlich isotherm. Metal ions could also be easily desorbed from the surfaces of
the ACs using 0.1 M nitric acid (Zhang et al., 2005). The equilibrium times for the
native and modified activated carbon were in the range 180 to 420 minutes which
is relatively long compared to CAC and activated carbons from other sources (Di
Natale et al., 2011; Namasivayam and Kadirvelu, 1999; Yardim et al., 2003).

Furthermore, Yardim et al., (2003) assessed the mercury adsorption behavior on
AC derived from furfural at different contact times, metal concentrations, sorbent
dosage and pH. They showed that the adsorption capacity of the adsorbent increased
with pH until a maxima was reached at pH 5. Equilibrium was also attained within
1 hour and the data suited Langmuir and Freundlich isotherms. Desorption of
mercury from the adsorbents using hot water also gave a very poor yield (6%)
(Yardim et al., 2003).

Even though effective removal of mercury from solutions using ACs from cheaper
sources has been demonstrated in the above studies, activation of the waste
materials requires high energy inputs. The adsorptive characteristics of the resultant
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activated carbons depends on the properties of its predecessor, treatment times,
temperature and oxidizing materials (Zabihi et al., 2010). Consequently, research
trends show a shift towards the utilization of low cost sorbents with comparable
adsorption capacities for the sequestration of mercury from wastewaters (Babel and
Kurniawan, 2003; Kurniawan et al., 2006; Meena et al., 2004).

2.3.9 Low cost adsorbents

The term ‘low cost adsorbents’ refers to materials that are naturally abundant or can
be acquired as industrial byproducts and have been shown to have high metal
binding capacities (Kurniawan et al., 2006). Many studies in the literature illustrate
the use of low cost abiotic materials like zeolites, clays and fly ash for the removal
of mercury from wastewaters (Chojnacki et al., 2004; Kurniawan et al., 2006;
Kuncoro and Fahmi, 2013; Manohar et al., 2002; Park et al., 2010). Biological
materials including chitosan, plant biomass, microbial biomass and algae have also
been shown to have good sorption properties for mercury (Demirbas, 2008; Kong
et al., 2016; Kurniawan et al., 2006; Ji et al., 2012; Siddiquee et al., 2015).

2.3.9.1 Zeolites as adsorbents for mercury sequestration from wastewaters
Zeolites are naturally occurring aluminosilicate minerals; they are reported to be
effective in the retrieval of heavy metals from aqueous solutions (Kurniawan et al.,
2006). However, they are reported to have a low selectivity towards mercury.
Hence, few works illustrate their use for treatment of mercury infested waters
(Chojnacki et al., 2004; Zhang et al., 2009). In those few research works, they are
often treated with thiol groups to enhance their mercury removal capacities (Zhang
et al., 2009).

Zhang et al., (2009) reported the improvement in the performance of zeolites after
thiolation. Nonetheless, the downside of using the thiolated zeolite was that the time
required to attain equilibrium using these adsorbents was long (3 hours) compared
to that of natural zeolites (1 hour ) (Zhang et al., 2009). The reusability of the
zeolites and the effect of competing ions on the sorption of mercury were not
investigated. But, these factors have an impact on the cost and industrial
applicability of the treatment technology. Another major disadvantage of using this
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adsorbent is that its performance is poor under acidic conditions (Zhang et al.,

2009). Therefore, it would not be suitable for treating acidic solutions like AMD.

Fardmousavi and Faghihian, (2014) also utilized thiol functionalized hierarchical
zeolite nanocomposites to remove mercury from aqueous solutions. The resultant
nanocomposites were shown to have high selectivity for mercury and could be
regenerated using nitric acid. Experimental findings also showed a good fit with the
Freundlich isotherm (Fardmousavi and Faghihian, 2014). The inadequacies of this
research work though, are that the authors did not optimize the adsorption process
for concentration of adsorbent and pH. In addition, the thiolation process required

the use of expensive reagents.

2.3.9.2 Clay as an adsorbent for mercury sequestration from wastewaters

Clay is a naturally occurring mineral component of soil which is also reported to
have a good metal adsorption capacity. The above-average uptake capacity of clay
is believed to be due to its high surface area and exchange capacity (Babel and
Kurniawan, 2003; Kurniawan et al., 2006; Manohar et al., 2002). Therefore,
Manohar et al., (2002) modified clay with 2-mercaptobenzimidazole (MBI) and
used it as an adsorbent for mercury from wastewaters. Their results revealed that
loading MBI onto clay improved its mercury removal capacity. The maximum time
for removal was also in the range 240-360 minutes for different mercury
concentrations. The optimum pH for metal uptake was also reported as 6 and
increasing the sorbent dosage led to a reduction in removal capacity in the range
studies (Manohar et al., 2002). Mercury uptake using this adsorbent was also
unaffected by the presence of other cations indicating that it would be effective for
treating multi-elemental effluents like AMD. The removal efficiency of the clay
sorbent in wastewater from a chloralkali plant was found to be 99.7 % (Manohar et
al., 2002). Despite these good findings, regeneration studies were not performed to
evaluate the reusability of the sorbent. The treatment of clay with MBI also
augmented the total cost purification system thus reducing its chances of being

adopted in developing countries.
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2.3.9.3 Fly ash as an adsorbent for the sequestration of mercury from wastewaters
Fly ash is a by-product of the thermal power generation industry; it is comprised of
carbonyl and carboxyl functional groups which make it suitable for metal binding
(Kuncoro and Fahmi, 2013; Verna and Tripathi, 2014). Kuncoro and Fahmi, (2013)
revealed that the adsorption capacities of coal fly ash for mercury (0.40 mg g*) was
higher than that of lead (0.30 mg g*). However, the authors did not evaluate the
effects of contact time, adsorbent dosage and solution pH on the adsorption capacity
of the adsorbent. They also did not investigate the performance of the adsorbent in
solutions containing more than one ion. The regeneration and possible reusability

of the adsorbent was also not evaluated.

Recently, Verma and Tripathi, (2014) also conducted a detailed assessment of the
capability of fly ash in removing Hg?* from synthetic wastewater. They determined
that the optimum time for maximal removal of mercuric ions was 2 hours and the
optimum pH was 10. The removal efficiency of the system also decreased with
increases in metal concentrations showing that the sorbent would be best suited for
treating dilute aqueous solutions (Verma and Tripathi, 2014). Still, the applicability
of the adsorbent in treating multi-component metal solutions was not studies and

the adsorbent was found not to be suitable for treating low pH samples.

2.3.10 Biosorption of trace metals from aqueous solutions

The search for low-cost and effective sorbents for the removal of mercury from
aqueous solutions has also directed researchers towards biosorption wherein
biological materials are used as adsorbents (He and Chen, 2014; Michalak et al.,
2013; Park et al., 2010; Sag and Kutsal, 2001). The main advantages of biosorption
over other removal technologies include cost-effectiveness, reusability and
enhanced metal selectivity, fast kinetics and high metal binding capacity (Gupta
and Rastogi, 2008; He and Chen, 2014; Park et al., 2010; Rao and Prabhakar, 2011).
Hence, several published works report the use of different types of biosorbents like
chitosan, microbial biomass, algae and agricultural waste products to treat heavy
metal polluted waters (Demirbas, 2008; Michalak et al., 2013; Romera et al., 2007;
Sag and Kutsal, 2001; Tovar et al., 2015; Wang and Chen, 2009). All these types
of biosorbents perform differently using varying mechanisms due to dissimilar
chemical compositions (Wang and Chen, 2009).
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2.3.10.1 Chitosan as a biosorbent for the sequestration of trace metals

Chitosan is a widely abundant biopolymer that can be found in shells of crustaceans,
fungi, and insects (Thien et al.,, 2015). It is a linear amino-polysaccharide
comprised of repeating units of p (1-4) 2-amino-2-deoxy-D-glucose (Fan et al.,
2009; Peniche-Covas et al., 1999; Thien et al., 2015). Fig. 2.2 is an illustration of

the structure of chitosan.
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Fig. 2.2: Chemical structure of chitosan (Source: Islam et al., 2017)

Many studies have evaluated the possibility of using chitosan for removal of trace
metal pollutants from aqueous solutions because it is rich in free reactive amino and
hydroxyl groups on its polymeric backbone. Chitosan is also highly porous, has low
toxicity and is biodegradable (Babel and Kurniawan, 2003; Metin and Alver, 2016;
Miretzy and Cirelli, 2009; Peniche-Covas et al., 1999; Thien et al., 2015).

Accordingly, Thien et al., (2015) assessed the mercury adsorption capacity of
chitosan under different experimental conditions. They reported the maximum
adsorption capacity of the biopolymer as 5.07 mmol g bisorbent. Adsorption by
the biosorbent was also dependent on initial metal concentration, temperature and
solution pH. Increasing the metal concentration enhanced metal biosorption while

raising the temperature depreciated mercury removal.

Benavente et al., (2011) also studied the biosorption of Cu(ll), Pb(ll), Zn(Il) and
Hg(l1) from aqueous solutions using chitosan from shrimp shells. They found that
the optimum pH for all the metal ions was 6. However, maximal Hg(Il) removal
occurred at pH 4. The equilibrium data for all metals studied also fitted the

Langmuir isotherm. The maximum adsorption capacities calculated using this
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model were 79.94, 109.55, 58.71 and 47.15 mg g* for Cu, Hg, Pb, and Zn,
respectively. Kinetic modeling also revealed that the binding of Cu, Zn and Pb
followed the pseudo-second-order model thus indicating that chemisorption was the
rate-limiting process. On the other hand, for Hg, the biosorption process followed

pseudo-first order kinetics thus showing that film diffusion was rate limiting.

Nonetheless, the disadvantage of using chitosan as a metal biosorbent is that its
performance is dependent on the biopolymer source, pH, particle size and ionic
strength (Veglio and Beolchini; 1997; Miretzky and Cirelli, 2009). Another
disadvantage of using powdered chitosan is that it has a relatively low surface area
and easily dissolves in acidic medium (de Bashan and Bashan, 2010; Veglio and
Beolchini; 1997; Miretzky and Cirelli, 2009).

Many studies report the physical and chemical modification of chitosan to improve
these characteristics. New entities can also be grafted on the surface of the material
to alter pH range tolerability and improve selectivity (Veglio and Beolchini; 1997,
Miretzky and Cirelli, 2009). Accordingly, Li et al., (2005) prepared chitosan beads
and appended polymerized acrylamide onto their surface. Subsequently, the
adsorption capacity of the functionalized beads was compared to that of the native
ones. It was found that the modified beads performed better than the unmodified
ones. Optimum adsorption of mercury using the modified biosorbent occurred at
pH 5 using 0.25 g L* of biosorbent, and 20 mg L metal concentration. Equilibrium
was also reached within an hour and the selectivity for mercury over lead ions was

higher in the functionalized chitosan beads (Li et al., 2005).

The use of chitosan beads in industrial metal biosorption processes is still infrequent
due to their fragility and instability (de Bashan and Bashan, 2008; Miretzky and
Cirelli, 2009). The production of the beads also produces toxic wastes and some of
the cross-linkers required for chemical modification are hazardous (Miretzky and
Cirelli, 2009).

2.3.10.2 Agricultural wastes as biosorbents for mercury sequestration from
wastewaters
In recent years, agricultural waste materials like bark, sawdust and leaves, rice husk,

and sugar cane bagasse have gained research ground in their application as
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biosorbents for heavy metals from wastewaters (Abdel-Raouf and Abdul-Raheim,
2017; Demirbas, 2008). These materials are predominantly comprised of lignin and
cellulose which are rich in functional groups like amino, carbonyl and hydroxyl,
phenol, carboxyl, and ether. The above-mentioned functional groups are known to
have high affinities for several heavy metals and can effortlessly sequester them
from solution (Demirbas, 2008; Sud et al., 2008; Bulut and Tez, 2007).

Kong et al., (2016) utilized native and modified forms of Triplochyton Scleroxylon
sawdust as biosorbents for the removal of mercury from aqueous solutions. They
showed that the degree of modification depended on temperature and materials
treated at 30°C had the highest biosorption capacity. The adsorption capacity of the
treated sawdust was also far greater than that of the native one. Removal of mercury
by both biosorbents was found to be pH dependent with optimal removal occurring
at pH 7. However, at pH values below 6, the unmodified sorbent was found to be

most effective showing that it would be most suitable for treating AMD samples.

The adsorption capacities of both types of sawdust were also found to be dependent
on biosorbent dosage and optimum removal was observed at a dosage of 10 g L™.
Increasing the metal concentration also improved adsorption for both biosorbents
until equilibrium was reached at 30 mg L™ for the native and 40 mg L for the
modified sawdust. Mercury removal was also shown to decrease in the presence of
sodium, calcium and potassium ions (Kong et al., 2016).

Meena et al., (2004) also compared the biosorption of mercury by modified sawdust
with that of untreated coal and treated granular activated carbon. They revealed that
modified sawdust and untreated coal performed better than the activated carbon.
The experimental data for the modified sawdust and untreated coal also fitted both
the Langmuir and Freundlich isotherms (Meena et al., 2004). However, the
downside of using sawdust for the removal of mercury is that it some of their
lignocellulosic components can be leached into the water causing discoloration
(Sciban et al., 2006). Hence, several authors suggest pretreatment of the sawdust

with formaldehyde to minimize leaching (Sciban et al., 2006).

Ghodbane and Hamdaoui, (2008) also evaluated the bark of Eucalyptus

camaldulensis as a potential biosorbent for mercury removal from aqueous
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solutions. They found the biosorption process to be dependent on pH, sorbent
dosage, and contact time, temperature and agitation speed. The Kinetics of
biosorption were suited to the pseudo-second-order and intraparticle diffusion
models whilst equilibrium data fitted the Langmuir isotherm.

Khoramzadeh et al., (2013) also utilized sugarcane bagasse to retrieve mercuric ions
from aqueous solutions. They revealed that pretreatment of biomass with sodium
hydroxide had no significant impact on metal removal. The removal capacity of the
biomass also depended on pH and temperature with optimal removal at pH 4 and
high temperatures. Both Freundlich and Langmuir isotherms were suitable for the
description of the equilibrium data whilst the Kinetics fitted the pseudo-second-
order model.

Al Rmalli et al., (2008) also investigated the uptake of mercury from aqueous
solutions using powdered leaves of the castor tree (Ricinus communis L). They
studied the effect of significant parameters on the biosorption performance of the
sorbent. The optimum pH was 5.5 and equilibrium was reached in 40 minutes.
Increasing the metal concentration improved the removal capacity and the
equilibrium data fitted the Langmuir isotherm. Contrarily, the presence of
chromium (I11), copper (I1) and cadmium (I1) ions decreased mercury adsorption
while lead (I1) ions enhanced mercury removal. Desorption of mercury ions from
the biosorbent was also achieved using 4 M hydrochloric acid. Column studies were
also performed to evaluate the sorbent performance in continuous flow operations
(Al Rmalli et al., 2008).

It is clear from all the above research findings that a variety of agricultural waste
materials can be used to effectively treat acidic, mercury-rich aqueous solutions like
AMD. In spite of this, they may require pretreatment to enhance their performance
and curb leaching of lignocellulosic materials into the water being purified (Sud et
al., 2008; Rizzuti et al., 2015, Sciban et al., 2006). This increases the overall cost of
the technology and may entail the use of chemicals like formaldehyde which are

not environmentally safe (Rizzuti et al., 2015, Sciban et al., 2006).
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2.3.10.3 Microbial biomass as biosorbents for mercury sequestration from
wastewaters

Recent trends show growing interest in using microbial biomass such as bacteria,
fungi, and yeast as biosorbents for heavy metals like mercury (Siddiquee et al.,
2015; Wang and Chen, 2009). This is mainly due to their relatively low cost and
ability to bind to a vast selection of metals to different degrees (Siddiquee et al.,
2015; Wang and Chen, 2009).

Microbial cells can be categorized into prokaryotes or eukaryotes with the former
being smaller, simpler and having no true nucleus. In contrast, eukaryotes are larger
and have a more complex morphology with a pronounced nucleus and well-defined
organelles (Barsanti and Gualtieri, 2006; Wang and Chen, 2009).

e Bacteria as biosorbents for metal uptake in aqueous solutions

Bacterial cells are eukaryotic hence they have a very simple morphology comprised
primarily of cell walls, cell membranes, ribosomes, and nucleoids. They can be
spherical, rod-like or spiral in shape and their size ranges from 0.5 to 500 um (Wang
and Chen, 2009). The strength and shape of bacterial cell walls are due to the
presence of peptidoglycan. Peptidoglycan is a linear polymer of N-
acetylglucosamine and N-acetylmuramic acids which are rich in carboxyl groups
(Wang and Chen, 2009). Carboxyl groups are known to be good ligands for binding
to metals such as mercury (Kumar et al., 2016; Sag and Kutsal, 2001; Wang and
Chen, 2009). Therefore, a number of research studies illustrate the use of bacterial
cells for the sequestration of mercury from aqueous solutions (Green-Ruiz, 2006;
Sinha et al., 2012; Von Canstein et al., 1999).

Green-Ruiz, (2006) reported the use of non-living Bacillus sp for the removal of
mercuric ions from aqueous solutions. They found that the removal process was fast
and most of the metal ions were retrieved within 20 minutes. The pH and initial
metal concentration were also shown to have an impact on biosorption with
maximal removal occurring at pH 4.5 and a metal concentration of 10.00 mg L™
(Green-Ruiz, 2006). Experimental equilibrium data also fitted the Freundlich
isotherm. The shortfalls of this research work are that the authors did not investigate
the effect of biosorbent dosage and temperature on adsorption. Kinetic modeling
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and thermodynamic studies were also not conducted to evaluate the thermodynamic
behavior and rate of the adsorption process. The effect of co-existing metal ions in
solution on the adsorption capacity of the bacterial cells was also not investigated.
Continuous flow studies were also not performed to assess the industrial

applicability of the biosorption system.

Sinha et al., (2012) immobilized Bacillus cereus bacterium in alginate beads and
used it for removing mercury from aqueous solutions. They performed adsorption
isotherm modeling and found the maximum adsorption capacity of the bacterial
cells to be 104.1 mg g™*. The Dubinin-Radushkevich isotherm gave a binding energy
value of 15.8 kJ mol™ signifying a chemisorptive process. The biosorbent was also
used in a packed column biosorption set-up and breakthrough was attained in 11
hours (Sinha et al., 2012). Von Canstein et al., (1999) also demonstrated that cells
of Pseudomonas putida bacterium could effectively sequester mercury from
wastewater from a chloralkali plant. The biomass was found to be most effective in
treating acidic effluents with metal concentrations up to 7 mg L™ thus showing that
it would be effective for treating AMD (Von Canstein et al., 1999). However, the

authors neglected to mention the time required for attainment of equilibrium.
e Fungi as biosorbents for metal uptake from aqueous solutions

Fungi are eukaryotic cells with a wide variety of shapes ranging from spherical
budding cells to large, branched filaments which intertwine to form tangled masses
of mycelia (Wang and Chen, 2009). However, most fungi are filamentous and their
cell walls are rigid to give them their structural shape. Fungal cell walls are
comprised mainly of polysaccharides such as chitin which is a strong, flexible
nitrogen-containing polysaccharide with N-acetylglucosamine residues. Chitin is
known to play a major role in the biosorption of metal ions by fungi because it is
rich in amine, hydroxyl and carboxyl groups which have high affinities for metals
like mercury (Wang and Chen, 2009). Filamentous and unicellular fungi are
reported to have good metal binding properties. Hence, they are the most important

in biosorption applications (Wang and Chen, 2009).

Martinez-Juarez et al., (2012) compared the capabilities of 14 different fungal
biomasses (Aspergillus flavus I-V, Aspergillus fumigatus I-11, Helmionothosporium
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sp, Mucor sp | and I, Mucor rouxii IM-80 wildtype and Candid albicans) for
removing mercury ions from synthetic wastewaters. They observed that M. rouxii
IM-80, M .rouxii mutant, Mucor sp 1 and 2 were most efficient in removing mercury
(Martinez-Juarez et al. 2012). Experimental conditions were also found to have an
effect on the biosorption capacities of the biomasses and maximum removal was
achieved in 24 hours at pH 5 and a temperature of 30°C (Martinez-Juarez et al.,
2012).

Svecova et al., (2006) also used waste Penicillium oxaliam and Armeniaca
Tolypocladium from the fermentation industry to remove cadmium, lead, and
mercury from aqueous solutions. They showed that P. oxaliam had higher
adsorption capacities for all three metals studied. Moreover, both fungal biosorbents
had a higher binding affinity for mercury compared to the other ions. Maximum
removal was observed at pH 5 for all the metals studied. The experimental data was
also best described by the Langmuir isotherm. Nonetheless, the effects of contact
time, temperature and biosorbent dosage on biosorption of metals were not

investigated (Svecova et al., 2006).

A study by Amin et al., (2016) also evaluated the biosorption of mercury by
Pleurotus eryngii biomass and deduced that the adsorption process was rapid with
attainment of equilibrium in 5 minutes. The optimum pH, biosorbent dosage, and
temperature were reported as 75 mg L, 0.25 g LT and 30 °C respectively.
Thermodynamic studies also revealed that the biosorption process was exothermic

and spontaneous in nature (Amin et al., 2016).

e Yeast as biosorbents for metal uptake from aqueous solutions

Yeasts are unicellular fungi which reproduce asexually through budding and
transverse division. They are bigger than bacteria and can display spherical or oval
morphologies. The most common are the baker’s and brewer’s yeasts which belong
to the Saccharomyces genus (Wang and Chen, 2009). Even though yeasts have
average biosorption capacities, they have been applied for the removal of a wide
array of metals from aqueous solutions (Oyetibo et al., 2015; Sulaymon et al.,
2010).
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Oyetibo et al., (2015) studied the differences in mercury removal by two strains of
the mercury resistant yeast Yarrowia spp (Idd 1 and ldd 2). They illustrated that
resting phase cells of 1dd2 showed maximum removal. On the other hand, for Idd1,
maximum mercury removal was achieved using growing cells (Oyetibo et al.,
2015). The authors did not investigate the effect of experimental conditions on the
removal of mercury by the two fungal strains. They also did not perform
mechanistic studies to gain a full understanding of the binding processes used by

the different strains of yeast.

Sulaymon et al., (2010) investigated the biosorption of lead, cadmium and mercury
ions from multi-metal solutions using brewer’s yeast. They also fitted experimental
data to kinetic models and adsorption isotherm isotherms. The authors also applied
the biosorption system to continuous flow operation mode and found that increasing
initial metal concentration resulted in steeper breakthrough curves. On the converse,
increases in flow rate were shown to decrease the breakthrough time of the column.
The authors did not perform a full optimization to evaluate the effect of significant
parameters like pH, contact time, temperature and biosorbent dosage on metal
removal under static conditions before conducting column studies (Sulaymon et al.,
2010).

2.3.11 Use of algae as biosorbents for biouptake of trace metals from aqueous
solutions

Algae are eukaryotes whose cell structure is more complex than those of other
microbial biomass (Barsanti and Gualtieri, 2006; Wang and Chen, 2009). They are
one of the most highly abundant resources in aquatic ecosystems; hence, they are
utilized in numerous industrial applications including the decontamination of heavy
metal infested waters (Kumar et al., 2015; Lesmana et al., 2009). They are favored
as biosorbents for the abatement of metal pollutants from industrial effluents
because they have high adsorption capacities due to the presence of several
functional groups like amino, carboxyl, hydroxyl and amido which can trap heavy
metal ions (Bayramoglu et al., 2006; Gupta et al., 2010; Savada et al., 2014). Algae
are also highly tolerant of metal pollution and can be modified to enhance selectivity
for specific metals (Al-Qodah et al., 2017; Carro et al., 2013). Consequently, several
published research works illustrate their use in the bioremediation of industrial
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wastewaters (Bai and Abraham, 2002; Ji et al., 2012; Tabaraki et al., 2014; Verma
etal., 2016).

Majority of these studies focused on the use of brown algae as metal biosorbents
because they are renowned for their exceptional biosorption capabilities (Ahmady-
Asbchin et al., 2012; Bermudez et al., 2012; Bhatnagar et al., 2012, Carro et al.,
2013; Esmaeili et al., 2015 ). Non-viable biomass is also preferred over living cells
because it is invulnerable to metal toxicity, does not require nutritional maintenance
and has higher adsorption capacities (Kumar et al., 2015; Romera et al., 2007;
Shanab et al., 2012; Sheng et al., 2004). Much of the research work also sought to
determine the conditions required for equibrial metal uptake using batch adsorption
studies (Carro et al., 2011; Hackbarth et al., 2011; Huang et al., 2015; Kleinubing
etal., 2011; Tuzen et al., 2009; Raize et al., 2004).

2.3.11.1 Definition and properties of algae

Algae are a diverse group of aquatic, photosynthetic organisms found in the
taxonomical kingdoms of Plantae and Protista (Barsanti and Gualtieri; 2006; Wang
and Chen, 2009). There are approximately 1-10 million different species of algae
existing in nature whose sizes range from a few microns in microalgae to several
meters in giant kelps. (Barsanti and Gualtieri, 2006). They can exist as unicellular,
colonial and filamentous forms (Barsanti and Gualtieri, 2006; Johnson et al., 1996;
Wang and Chen, 2009). The latter are easiest to harvest and have higher mechanical
stability thus making them more suitable for biotechnological applications (Barsanti
and Gualtieri, 2006; Johnson et al., 1996; Kumar et al., 2016).

Algae are also versatile and can be found in a wide variety of habitats including
waterbodies, snow caps and tree-trunks, hot springs, building facades and animal
fur (Barsanti and Gualtier,2006; Schumann et al., 2005; Wang and Chen, 2009 ). In
exceptional cases, they also co-exist and form symbiotic relationships with other
microorganisms such as fungi (Barsanti and Gualtieri, 2006; Zeraatkar et al., 2016).
Due to their extraordinary adaptability, algae are tolerant to a wide variety of pH,
temperature, turbidity and redox potential conditions (Barsanti and Gualtieri; 2006;
Kumar et al. 2015). These properties make them suitable for application in treating

wastewaters which may have varying conditions.
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2.3.11.2 Classification of algae

Traditionally, algae are categorized into three main groups (Phaecophyta,
Rhodophyta, and Chlorophyta) depending on their evolutionary pathways and color
(He and Chen, 2014; Romeracet al., 2007; Verma et al., 2016). The main differences
between these divisions lie in their cell wall components and variability in
photosynthetic pigment constituents (Barsanti and Gualtieri, 2006; He and Chen,
2014; Zeraatkar et al., 2016). Table 2.1 gives a summary of the three algal divisions

and their cellular compositions

Table 2.1: Cell wall and photosynthetic constituents of the main algal divisions

Type of algae Photosynthetic pigments Cell wall components
Phaecophyta Chlorophyll a, B-carotene Alginic acid, cellulose
Xanthophyll, Fucoxanthin Sulfated polysaccharides
Rhodophyta Chlorophyll a, a and B-carotenes  Cellulose
Xanthophyll, Phycoerythrin Sulfated polysaccharides
Chlorophyta Chlorophyll a, b Cellulose

Carotenes-a, B, v
Xanthophyll

Phaecophyta are brown, marine algae that are found in most coastal areas across
the globe (Barsanti and Gualtieri, 2006; Raize et al., 2004; Verma et al., 2016).
Their characteristic brown color arises from the abundance and interactions of
chlorophyll a, chlorophyll ¢ and fucoxanthin pigments in their chloroplasts (Wang
and Chen, 2009; Sweetly, 2004). They have excellent metal biosorption properties
due to the presence of alginates and sulfated polysaccharides on their cell surfaces
which allow for selective removal of metal ions (Cazon et al., 2013; He and Chen,
2014; Kratochvil and Volesky, 1998; Raize et al., 2004; Verma et al., 2016).
Therefore, they are the most extensively applied for the bioremediation of heavy
metals from wastewaters compared to other algal divisions (Kumar et al., 2016;
Park et al., 2010; Plaza et al., 2011; Sheng et al., 2004; Raize et al., 2004; Wang
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and Chen, 2009). Of all the Phaeophyta, those in the Sargassum genus are preferred
because they have the highest alginate content and therefore the highest adsorption
capacities (Tabaraki et al., 2014; Verma et al., 2016).

Rhodophyta are found deep in oceans and are therefore not as abundant as brown
algae (Barsanti and Gualtieri, 2006; Yu et al., 1999). They derive their reddish-
purplish color from chlorophyll a, a-carotene, B-carotene and phycoerythrin
photosynthetic pigments (Barsanti and Gualtieri, 2006; Yu et al., 1999). Their
biosorption capability is related to the presence of sulfated polysaccharides like
carrageenan on their cell wall. In spite of this, the removal capacity of red algae is
much lower than that of brown algae (He and Chen, 2014; Wang and Chen, 2009).
Hence, fewer research works report their use for the bio-uptake of heavy metals
from polluted waters (El Hassouni et al., 2014; Esmaeili et al., 2015; Prasher et al.,
2004; Tamilselvan et al., 2013).

Chlorophyta are distinctive from the other two algal divisions in that they can be
found in both fresh and marine waters (Barsanti and Gualtieri, 2006; Filote et al.,
2017; Skjanes et al., 2008). Their green color stems from the presence of
chlorophylls a and b, a, B and y-carotenes and xanthophyll in the cell structures
(Barsanti and Gualtieri, 2006; Sweetly, 2014). Though their use in biosorption
applications has increased over the past few years, there is still scope for more work
(Li et al., 2012; Rajfur et al., 2013; Sag and Kutsal, 2001; Sari and Tuzen, 2001;
Zeroual et al., 2003).

2.3.11.3 Algal characteristics of Cladophora sp and its potential for use in heavy
metal biosorption

Cladophora sp is a genus of green, filamentous algae in the family Cladophoraceae
(Barsanti and Gualtieri, 2006; Gupta et al., 2001). It is widely abundant and
normally found growing on sticks and stones or floating in freshwaters, though
some grow in marine waters as well (Barsanti and Gualtieri, 2006; Johnson et al.,
1996). Fig 2.3 shows a pictorial representation of Cladophora sp growing on stones

and a microscopic image of the alga.
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Fig. 2.3: Pictorial representation and microscopic image of Cladophora sp alga

Most algal species in this genus are coarse in appearance and comprised of filaments
bound from end to end. Each filament is in turn comprised of 6-8 daughter cells
with independent metabolic functions (Barsanti and Gualtieri; 2006; Johnson et al.,
1996; Lee and Chang, 2015). Reproduction in these micro-organisms is mainly
asexual involving small zoospores. Sexual reproduction can also occur via
biflagellate gametes which either copulate or form a new organism without uniting
(Johnson et al., 1996). Cladophora sp also have a tendency to overgrow in
conditions where vast availability of nutrients prevails. Therefore, in some coastal
areas, these micro-organisms have overtaken brown algae in terms of abundance
(Filote et al., 2017). The global distribution, fast growth and easy regeneration of
Cladophora sp algae make them ideal candidates for application in metal
biosorption systems (Bagda et al., 2017). Surprisingly, their exploration as metal

biosorbents is only just recently gaining research interest (Bagda et al., 2017; Filote

46



et al., 2017). Even fewer studies report their utilization for the removal of mercury

from polluted wastewaters (Ji et al., 2012; Tshumah-Mutingwende, 2014).

A study by Tshumah-Mutingwende, (2014) identified Cladophora sp as a possible
bioindicator for mercury in acid-impacted wastewaters. They illustrated that the
alga could effectively remove mercury from aqueous solutions and the optimum
conditions for removal were pH 3, 20 minutes agitation time and 1 mg L™ initial
metal concentration. The authors also deduced that the biosorbent performed well
in the presence of other divalent ions. Nonetheless, they did not characterize the
alga as a possible biosorbent for mercury; nor did they perform full optimization of
all the significant parameters affecting algal metal biosorption. They neglected the
investigation of the impacts of biosorbent dosage and solution temperature on the
adsorption capacity. In addition, the speciation of the mercury adsorbed by the
biosorbent was not studied. The authors also did not elucidate the mechanism for
biosorption of mercury using this algal biosorbent. Continuous flow studies were
also not conducted to evaluate the industrial applicability of the algal biosorption

system.

2.3.11.4 Mechanism of trace metal uptake by algae

The process for metal recovery from aqueous solutions by algae is still not fully
understood due to the complexity of the organismal structures (Sag and Kutsal,
2001; Sweetly, 2014). Nevertheless, it is well-excepted in the scientific community
that the process is comprised of 2 major phases commencing with a rapid stage due
to non-metabolic mechanisms like physical adsorption, ion exchange, coordination,
complexation, chelation and micro-precipitation (Raize et al., 2004; Sag and Kutsal,
2001; Wang and Chen, 2009). This passive adsorption phase can occur in both
living cells and non-viable biomass (Kumar et al., 2015; Sag and Kutsal, 2001).
Thereafter, a slower metabolic dependent stage related to metal ion transport across
the cell membrane and accumulation takes place (Kumar et al., 2015; Sag and
Kutsal, 2001). Intracellular accumulation is restricted to living cells and involves
covalent bonding, surface precipitation, redox interactions and diffusion
mechanisms (Kumar et al., 2015; Sag and Kutsal, 2001).
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The contribution of each mechanism to the overall biosorption process is variable
depending on the algal species, biomass preparation steps, metal speciation and
solution properties (Raize et al., 2004). Many researchers agree that ion exchange
is one of the most dominant mechanisms for algal biosorption of heavy metal ions
and that carboxyl and sulfonate groups play a central role (Kumar et al., 2015;
Maznah et al., 2012; Michalak and Chojnacka, 2010; Sag and Kutsal, 2001;
Sweetly, 2014). lon exchange entails the displacement of light metals and protons
on the algal cell wall surface with heavy metals in solution (Abbas et al., 2014;
Raize et al., 2004; Sag and Kutsal, 2001).

Michalak and Chojnacka, (2010) studied the biosorption of metal ions onto the
surface of Vaucheria sp alga. FTIR analysis and potentiometric titrations revealed
that carboxyl groups played a central role in the biosorption mechanism. The
authors also observed the release of light metals from the algal surface into solution
following the biosorption of metals by the alga thus signifying that ion exchange
was the dominant mechanism (Michalak and Chojnacka, 2010) Similarly, Plaza et
al., (2011) studied the mechanism for adsorption of mercury by Undaria pinnatifida
and Macrocystis pyrifera algae and deduced that the process occurred mainly

through ion exchange and was largely dependent on sulfonate and amine groups.

Physical adsorption is a reversible, non-metabolism dependent mechanism wherein
metal ions are bound to polyelectrolytes in cell walls via electrostatic interactions
like van der Waals forces, covalent bonding and redox interactions (Kumar et al.,
2015). Increases in pH favor this mechanism by making the cell surface negatively
charged and increasing its affinity towards metals (Kumar et al., 2015). Kuyucak
and Volesky, (1988) found that the mechanism for heavy metal biosorption by dead
biomass involved electrostatic interactions between the metal ions and algal cell
wall surfaces. Likewise, Aksu and colleagues revealed that the metal binding onto
Chlorella vulgaris alga was through physical adsorption by van der Waals forces
(Aksu et al., 1992).

Complexation is a biosorption mechanism entailing the formation of complexes
between heavy metal ions and algal cell wall binding sites via covalent coordination
and electrostatic forces (Abbas et al., 2014; Raize et al., 2004; Sag and Kutsal,
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2001). Aksu et al., (1992) described the adsorption of metal ions by Chlorella
vulgaris as also involving the formation of complexes between the metal ions and
the carboxyl and amino groups on the biosorbent surface. Lau et al., (1999) also
determined that the biosorption of copper and nickel ions from binary solutions onto

Chlorella vulgaris and Chlorella miniata was mainly via complex formation.

Microprecipitation is a distinctive mechanism that can be both independent and
dependent on algal cell metabolism. In the former, especially at elevated pH values,
low solubility and interactions between the metal ions and algal cell wall surface
can cause metal precipitation. On the other hand, metabolism dependent
precipitation occurs as a self-preservation mechanism in which metal-stressed cells
release compounds like phytochelatins which facilitate precipitation of metals on
their surface (Kumar et al., 2015; Sag and Kutsal, 2001). Very few studies on the
significance of microprecipitation as a metal biosorption mechanism are reported
in the literature (Kumar et al., 2015). Ballan-Dufrancais et al., (1991) illustrated the
response of Tetraselmis suecica algal cells to exposure to copper and silver ions.
The algal cells were found to have accumulated copper and silver coprecipitates in

their vacuoles.

Metallothioneins like phytochelatins (PCs) also play a significant role in the
biosorption process in algae. They are low molecular weight, cysteine-rich
polypeptides that are able to complex metals into thiol clusters (Kumar et al., 2015).
Most algae produce phytochelatins to aid in the chelation of toxic metals. Studies
by Cobett and Goldsbrough, (2002) revealed that the formation of phytochelatins
in algal cells in response to toxic metals is rapid. Moreover, Pawlik-Skowrouska,
(2001) also reported the synthesis of phytochelatins by Stigeoclonium alga in
response to heavy metals in mining effluents. The results showed that the process
was dependent on pH and the concentrations of bicarbonate in the water samples
(Pawlik-Skowrouska, 2001). In contrast, Perales- Vela et al., (2006) reported that
the green alga Chlamydomonas reinhardtii adsorbed mercury ions by releasing

glutathione instead of phytochelatins.

Compartmentalization of metal ions in algal cells is another significant mechanism

contributing to overall biosorption of heavy metals by algae (Kumar et al., 2015).
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Shanab et al., (2012) studied the biouptake of lead by three algal species
(Phormidium ambigium, Pseudochlorococcum typicum, and Scenedesmus
quadricanda) and found that the algae were tolerant to lead and could be used to
remove the metal from single-metal aqueous solutions. In addition, dark, spherical
bodies representing metal accumulation were observed in the vacuoles of the
exposed cells (Shanab et al., 2012).

2.3.11.5 Factors affecting metal biosorption by algae

Numerous factors related to the algal biomass such as metal tolerance, size and
growth stage, species and algal division, dosage and preparation method have a
significant effect on the metal uptake capacity of algae (Chen et al., 2006c; Kumar
et al., 2015; Prakasham et al., 1999). Hence, several studies report the investigation
of the effects these parameters have on the biosorption capacities of algae (Esmaeili
etal., 2015; Khoramabadi et al., 2008; Sheng et al., 2004; Priyadarshani et al., 2011;
Singh et al., 2007; Yu et al., 1999).

Algal species is known to be one of the most significant biotic factors affecting the
biosorption of heavy metals. Comparisons of the metal adsorption capacities and
removal efficiencies of different algal species or divisions are well-represented in
published works (Esmaeili et al., 2015; Sheng et al., 2004; Singh et al., 2007; Yu et
al., 1999). Esmaeili et al., (2015) compared mercury removal by two different algal
species (Sargassum glaucescens and Glacilaria corticata). They observed that the
optimum conditions for the removal of mercuric ions by S. glaucescens were pH 5,
200 pg L mercury and 90 minutes shaking time. On the converse, for G. corticata,
maximum mercury removal was achieved at pH 7, 1000 pg L mercury

concentration and 30 minutes contact time.

Plaza et al., (2011) also assessed the biosorption of mercury using Undaria
pinnatifida and Macrocystis pyrifera algae. Their findings revealed the two
biosorbents had the same adsorption capacity in unitary metal solutions. The
optimum pH and contact times were also shown to be 5 and 24 hours respectively
for both algae. Adsorption isotherm modeling using the Langmuir isotherm also
revealed that U. pinnatifida had a higher affinity for mercury than M. pyrifera.
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Tolerance to metal exposure also influences the rate and extent of metal uptake by
algae. Metal tolerance is an intrinsic property algae develop in response to metal
contaminants like mercury. A limited number of studies in the literature have
attempted to explore the effect of this parameter on the metal sequestration by algae
(Kumar et al., 2015). Earlier works by Butler et al., (1980) showed that Chlorella
vulgaris cells chronically exposed to copper (11) ions developed a tolerance for the
metal. This, in turn, improved the biosorption capacity of the alga. Priyadarshani et
al., (2011) also presented evidence that microalgae exposed to metal stress develop

distinctive mechanisms that produce peptides that aid in metal binding.

Several works also studied the effect of biosorbent dosage on metal bioremediation
by algae and reported conflicting findings (Kumar et al., 2015). Monteiro et al.,
(2012) suggested that metal uptake was enhanced at high algal dosages due to a
higher number of available metal binding. Similarly, Ramavandi et al., (2006)
showed that mercury removal by Malva sylvestris biomass also improved when the
biosorbent dosage was increased. Abdel-Aty et al., (2013) also demonstrated that
in the range 0.025 to 0.25 g L™ the removal efficiency of Anabaena sphaerica alga
was improved by increasing the biosorbent dosage. In contrast, Ghoneim et al.,
(2014) reported a reduction in the biosorption of cadmium by Ulva lactuca when
the biosorbent concentration was increased from 0.1t0 0.4 g L.

Some studies have also evaluated the effect of the composition of algae growth
culture conditions on the biosorption performance of algal biosorbents (Wang and
Chen, 2009). Most of these works investigated the effect of components like
cysteine, glucose, sulfates, and phosphates on the metal biosorption capacity.
(Khoramabadi et al., 2008; Rezaee et al., 2006; Wang and Chen, 2009; Mapolelo
and Torto, 2004). Pre- sorption preparation method and treatment of algae are also
known to affect their biosorption capacity. According to Rafjur, (2013), freeze-
dried cells of Spirogyra sp alga performed better than heat-treated ones. Acid
treatment of the algal cells also enhanced their metal biosorption capacities. They
also suggested that conditioning the biosorbent in deionized water prior to
conducting biosorption studies also improved its metal sorption performance
(Rafjur, 2013).
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Abiotic factors such as solution pH, metal ion speciation, and initial metal
concentration, chemical composition of the solution, solution pH and temperature
also impact metal biosorption by algae (Kumar et al., 2015; Kumar et al., 2016;
Prakasham et al., 1999). Solution pH is known to have the largest impact on metal
sorption capabilities of algae cells because it affects the availability of binding sites
and metal speciation (Kumar et al., 2016; Park et al., 2010, Zeraatkar et al., 2016).
For this reason, a lot of research workers take this factor into account when
screening biosorbents for heavy metal uptake (Kumar et al., 2016; Shanab et al.,
2012; Tuzun et al., 2005; Ramavandi et al., 2016; Zaib et al., 2016). Table 2.2 gives
a summary of the findings reported for the effect of solution pH on mercury removal

using different algal biosorbents.

Table 2.2: Summary of findings of studies on the effect of pH on biosorption of

mercury by various algae

Biosorbent Optimum pH Reference
Sargassum muticum 5 Carro etal., 2011
Chlamydomonas 6 Tuzun et al., 2005
reinhardtii

Spirogyra 4 Rezaee et al., 2005
Sargassum glaucescens 5 Esmaeili et al., 2012
Glacilaria corticata 7 Esmaeili et al., 2012
Cystoseira baccata 6 Herrero et al., 2005
Ulva lactuca 7 Zeroual et al., 2003
Porphyridium omentum 7 Zaib et al., 2016
Sargassum fusiforne 8 Huang and Lin, 2015

Generally, the findings show that metal sequestration by algal biosorbents is a pH-
dependent process (Carro et al., 2011; Cheng et al., 2006¢; Khoramabadi et al.,
2008; Kumar et al., 2016;). The optimum pH for removal tends to vary with metal
speciation, oxidation state, and nature of algal biomass (Cheng et al., 2006¢; Gupta
et al., 2010, Kumar et al., 2016). Nonetheless, it has been found that the optimum
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pH for mercury removal using most algal biosorbents lies anywhere between 4 and

8 under given experimental conditions.

Initial metal concentration is an important driving force to overcome all mass
transfer resistance of metal ions between the bulk solution and the solid phase
(Singh et al., 2014). Consequently, it also influences the extent of metal biosorption
by algae (Zeraatkar et al., 2016). In most cases, increasing the metal concentration
results in an increase in algal biosorption capacity due to an increase in the number
of collisions between metal ions and biosorbents (Singh et al., 2014). This
improvement in biosorption capacity is attainable only up to a critical metal
concentration beyond which biosorption reduces due to saturation of binding sites
on biosorbent (Kumar et al., 2016; Prakasham et al., 1999, Zeraatkar et al., 2016).

Khoramabadi et al., (2008) assessed the biosorption of mercury by Zygnema
fanicum algae at different metal concentrations. They observed that increasing the
initial metal concentration up to 7.5 mg L™ enhanced the adsorption capacity of the
biosorbent. Further increases in initial metal concentration were shown to not have
an effect on adsorption capacity (Khoramabadi et al., 2008). ). On the converse,
Huang and Lin, (2015) studied the biosorption of mercury and copper by Sargassum
fusiforne biomass at metal concentrations ranging from 10 to 50 mg L. They
deduced that in this range the metal adsorption capacity of the algal biosorbent
depreciated when the metal concentration was increased. This was explicable by

saturation of binding sites on the sorbent surfaces (Huang and Lin, 2015).

Temperature is also known to impact the uptake of metal ions by algae biosorbents
because it affects the stability of ligands on the algal surface and metal ion (Kumar
et al., 2016). Studies on the effect of solution temperature on the biosorption
capacity of algal biosorbents report inconsistent findings. Some showed that
increasing the temperature enhances metal removal by algae while others suggest
that metal uptake drops when the temperature is elevated (Aksu et al., 2001, Al-
Homaidan et al., 2014; Kumar et al., 2016). Zaib et al., (2016) illustrated that the
removal of mercury from aqueous solutions using Porphyridium cruentum biomass
dropped when the temperature was increased in the range 295 -315 K.
Thermodynamic studies also gave negative values of enthalpy and Gibbs free
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energy thus implying that the process is exothermic and spontaneous. Conversely,
Rezaee et al., (2006) showed that increasing the temperature in the range 4-37°C
reduced the extent of mercury uptake by Spirogyra alga. Tuzun et al., (2005) also
reported that mercury removal by Chlamydomonas reinhardtii alga was

independent of temperature in the range studied.

Metal speciation also has an influence on the biosorption rate of heavy metals by
algae; yet, very few research works have attempted to evaluate the effect of metal
speciation on the metal uptake capability of algal cells (Kumar et al., 2016). Doshi
et al., (2007) revealed that live Spirulina spp alga has a higher adsorption capacity
for chromium(l11) than chromium(V1). Singh et al., (2014) also deduced that at low
pH there was more removal of Cr(l1l) than Cr(VI) from aqueous solution by wild
algal biomass. Figueira et al., (1999) also demonstrated differential iron species
removal by non-living Sargassum biomass. Carboxyl groups were also found to be
responsible for removing Fe(ll) ions whereas sulfonate groups sequestered Fe(ll1)

ions.

The presence of competing cations in metal solution also has a significant impact
on metal sequestration by algae. However, the assessment of algal metal biosorption
in multi-metal solution is still under-stated in published works (Kumar et al., 2016;
Wang and Chen, 2009). Plaza et al., (2011) assessed the effect of the presence of
nickel, cadmium, and zinc on the biosorption of mercury by Undaria pinnatifida
and Macrocystis pyrifera. They found that the performance of both biosorbents was
greatly reduced in multi-metal solutions. Carro et al., (2011) also revealed that the
uptake of mercury by Sargassum muticum macroalga was unaffected by the
presence of other divalent ions like cadmium, lead, copper, and calcium.

From all the above facts, it can be deduced that the biosorption of heavy metals by
algal biosorbents is differentially affected by several biomass factors and abiotic
parameters depending on the experimental conditions, properties of the target metal
and algal organism used. Hence, it is vital to study them to determine the optimum
values required for maximal metal uptake by a biosorbent prior to application to

‘real’ environmental samples.
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2.3.11.6 Limitations of using algae for metal biosorption applications

Albeit, algae has received much research interest as potential biosorbents for heavy
metals in aqueous solutions, their application in industry is still lagging behind
(Wang and Chen, 2009). This is mainly because algae generally have low stabilities
and weak mechanical strengths; hence, high mass losses are observed during
biosorption processes (Carro et al., 2011; Wang and Chen, 2009). Algal biomass is
also prone to swelling which can clog columns leading to pressure drops (He and
Chen, 2014). Algae also leach out organic substances into the bulk solution during
the biosorption process (Wang and Chen, 2009). This poses a secondary pollution
threat and leads to loss of some beneficial adsorptive materials (He and Chen, 2014;
Kumar et al., 2015; Wang and Chen, 2009). Additionally, once biosorption is
completed, algae require costly methods like centrifugation and filtration to
separate them from solution (Moreno-Garrido, 2008). The regeneration and

recycling of algal biosorbents are also problematic (Michalak et al., 2013).

Many scientists recommend the use of chemical or physical pretreatment techniques
to overcome these challenges (Chen and Yang, 2006; He and Chen, 2014; Zeraatkar
et al., 2016). The most popular methods for pre-treating algal biomass are surface
modification and encapsulation (Chen and Yang, 2006; He and Chen, 2014).
Chemical modification involves treating the algal surface with reagents such as
acids, formaldehyde, and glutaraldehyde. The additional advantage of this method
is that modified cells often perform better than native algal cells (He and Chen,
2014; Chen and Yang, 2006). Chen and Yang, (2006) reported a reduction in
organic leaching from Sargassum sp alga following pretreatment with
glutaraldehyde. The biosorption performance of the alga was also enhanced by
modification (Chen and Yang, 2006).

Encapsulation, on the other hand, involves the use of immobilizing agents like
alginate, agar, silica gel, polyacrylamide to trap the algal cells during biosorption.
The benefits of this method are that it utilizes non-toxic chemicals, shields living
cells from toxic metal pollutants and facilitates the use of algal biosorption
technology in column applications (Bayramoglu and Arica, 2009; Chen and Yang,
2006).
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2.3.11.7 Immobilization of algae on solid supports for biosorption applications
Techniques for immobilizing algal cells on solid matrices are basically categorized
as passive or active techniques (de Bashan and Bashan, 2010). Passive or physical
immobilization is a reversible process based on algae’s natural propensity to adhere
to surfaces and grow on them (de Bashan and Bashan, 2010; Moreno-Garrido,
2008). In this process, algae can attach to natural or synthetic carriers; but, the
former are preferred because they are non-toxic, inert and cheap, mechanically
strong and remain stable for long durations (de Bashan and Bashan, 2010; Moreno-
Garrido, 2008). The possibility of cells detaching from the support limits the large-
scale application of this technique (de Bashan and Bashan, 2010; Mallick, 2002;
Moreno-Garrido, 2008).

Active immobilization, on the other hand, involves the use of flocculating agents,
chemical attachment and gel entrapment to trap the algal cells (de Bashan and
Bashan, 2010; Moreno-Garrido, 2008). Flocculating agents like chitosan are used
to bypass the tedious and costly filtration step after biosorption. The downside of
using chitosan is its inherent weak stability. On the contrary, chemical entrapment
involves interactions of cells with chemicals like glutaraldehyde which can be toxic

to living cells or damage algal surfaces (Moreno-Garrido, 2008).

Consequently, gel entrapment is the most extensively used technique for algal cell
immobilization (Bayramoglu et al., 2006; Mallick, 2002; Moreno-Garrido, 2008).
It can be carried out using a variety of immobilizing agents including polysulfone,
polyacrylamide and polyurethanes, agars, alginates, silica gel and carrageenan (de
Bashan and Bashan, 2010; Mallick, 2002; Moreno-Garrido, 2008; Wang and Chen,
2009). Natural matrices like alginates are the most commonly used because they are
environmentally safe, have high diffusivity and their production is least hazardous
(de Bashan and Bashan, 2010; Moreno-Garrido, 2008). Alginates are salts of alginic
acid which is a heteropolysaccharide comprised of a-L-guluronic and -mannuronic
acid monomers (Aravindhan et al., 2007; Bayramoglu et al., 2006; Park et al., 2010;
Sinha et al., 2012). The most extensively used alginate for immobilization of algal
cells is calcium alginate because its preparation steps are simple and it is non-toxic
to living cells (Abu Al-Rub et al., 2004; Bayramoglu et al., 2006). Fig. 2.4 shows

the chemical structure of calcium alginate.
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Fig. 2.4: Chemical structure of calcium alginate (Source: Leick et al., 2010)

Accordingly, Bayramoglu et al., (2006) reported the immobilization of
Chlamydomonas reinhardtii alga on calcium alginate beads and their subsequent
use for the removal of mercury, cadmium and lead ions from unitary aqueous
solutions. They observed that immobilization improved the adsorption capacity of
the alga and the immobilized beads could effectively remove all three metals and
the optimum pH for removal was in the range 5-6 (Bayramoglu et al., 2006). The
entrapped cells were also found to be reusable after regeneration with 2M NaCl
(Bayramoglu et al., 2006). However, the performance of the immobilized beads in

multi-elemental solutions was not investigated.

Abu-Al Rub et al., (2004) also immobilized Chlorella vulgaris algal cells in calcium
alginate beads and used the biosorbents to remove nickel ions from aqueous
solution. They too found that immobilization improved the adsorption capacity of
the alga. Increasing the pH from 2 to 5 and increasing the metal concentration
enhanced the adsorption capacity of the immobilized biosorbents. The alga

immobilized in the alginate beads was also reusable up to 3 cycles using 0.1 M HCI
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as the desorption medium. In addition, the experimental data fitted the pseudo-
second-order kinetic model and both the Freundlich and the Langmuir isotherm
(Abu-Al Rub et al., 2004). The shortfalls of the study were that the authors did not
evaluate the effects of biosorbent dosage and temperature on the adsorption capacity
of the test biosorbent. Column studies were also not performed to assess the

industrial applicability of the biosorption system.

Synthetic polymers like silica gel have also been used for the immobilization of
algae for metal removal purposes (Moreno-Garrido, 2008). Suharso et al., (2010)
reported the immobilization of Sargassum duplicatum biomass on silica gel and
used the resultant material to sequester copper, cadmium and lead ions in
continuous flow mode. They demonstrated that maximum column operation was at
a flow rate of 1.3 mL min™. The maximum adsorption capacities of the metals were
found to be 280, 130 and 113 mmol g sorbent for copper, cadmium, and mercury
respectively. In addition, metals could easily be desorbed from sorbent surface
using 2 mM hydrochloric acid (Suharso et al., 2010).

2.3.12 Theoretical treatment of batch biosorption data

Most metal biosorption studies using algae as biosorbents report the use of batch
equilibrium studies wherein known amounts of sorbent and fixed volumes of the
metal solution under specified conditions are held in closed setups (Kumar et al.,
2016; Wang and Chen, 2009). These studies offer valuable information on algal
metal biosorption systems such as the kinetics of the process, the effects of
environmental factors and the biosorption performance of the biosorbents (Kumar
et al., 2016; Park et al., 2010). The performance of the algal biosorption system is
one of the most significant outcomes because it gives an indication of the suitability

of the test biosorbents for metal removal applications (Kumar et al., 2016).

2.3.12.1 Evaluation of the performance of algal biosorbents

The method that is commonly used for the evaluation of the performance of algal
biosorbents is that of calculation of their adsorption capacities (q) and removal
efficiencies (Abdi and Kazemi, 2015; Kratochvil and VVolesky, 1998). According to
Abdi and Kazemi, (2015), a good biosorbent has high values of both adsorption
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capacity and removal efficiency. But, some authors argue that evaluation of
biosorbent performance using these parameters is inadequate and suggest that their
application should be limited to quick approximations for preliminary screening of
biosorbents (Kratochvil and Volesky, 1998; Wang and Chen, 2009). In most cases,
it is recommended that these calculations should be followed by adsorption
isotherm modeling to provide a scientific basis for selecting biosorbents for metal
removal (Kumar et al., 2016; Wang and Chen, 2009).

2.3.12.2 Adsorption isotherm modeling of batch biosorption data

Adsorption isotherms are characterized by specific constants whose values
represent surface properties of biosorbents and their affinities to target metal ions
(Donmez et al., 1999). Hence, they can be used to evaluate the biosorption potential
of biosorbents and quantify variations between different sorption systems (Dada et
al., 2012; Vijayaraghavan et al., 2006). Essentially, they are plots of adsorption
capacity (q) against final or equilibrium concentration (Ce) of metal ions in bulk
solution (Abdi and Kazemi, 2015; Vijayaraghavan et al., 2006). Langmuir and
Freundlich models are the two most widely applied equilibrium isotherms for the
assessment of single metal biosorption systems (Abdi and Kazemi, 2015; Dada et
al., 2012; Vijayaraghavan et al., 2006; Wang and Chen, 2009).

The Langmuir isotherm assumes metal sorption onto a homogeneous surface
comprised of active sites with equivalent energies. On the other hand, the
Freundlich model is an empirical model proposing that metal binding occurs on a
heterogeneous surface with active sites of different energies. The limitations of
above models are that they do not provide information on the mechanism of the
biosorption process adsorption and do not sufficiently express the heterogeneity in
dispersal of active sites on biomass (Kumar et al., 2016; Park et al., 2010; Wang
and Chen, 2009). As a consequence, they are used in conjunction with the Dubinin-
Radushkevich model to provide supplementary information (Dada et al., 2012; Gin
et al., 2002; Kumar et al., 2016; Vijayaraghavan et al., 2006). The Dubinin-
Radushkevich isotherm is often used for expressing the mechanism for biosorption
onto a heterogeneous surface with a Gaussian energy distribution; it is most
applicable for intermediate and high concentration aqueous solutions (Dada et al.,
2012).
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2.3.12.3 Kinetic modeling of batch biosorption data

Kinetic studies are invaluable to the development of novel biosorption systems and
improving existing ones because they provide information on the rate of the overall
process (Wang and Chen, 2009; Tuzen et al., 2009).The majority of the kinetic
studies reported in the literature focus on Lagergren's pseudo-first order and Ho’s
pseudo-second order models (Kumar et al., 2016; Wang and Chen, 2009; Tuzen et
al., 2009). Lagergen’s pseudo-first order model is applied when the rate of
adsorption depends only on the number of metal binding sites available on the
sorbent. Contrarily, Ho’s pseudo-second order model assumes that the removal rate
is dependent on the square root of the number of available sites (Tuzun et al., 2009).
Results from several research works illustrate that pseudo- second order kinetics fit
experimental data from a wide array of biosorption systems (Chojnacka et al., 2005;
Gonzalez-Bermudez et al., 2011; Preetha and Viruthagiri, 2007; Samuel et al.,
2013; Vijayaraghavan et al., 2005; Wang and Chen, 2009).

The main disadvantage of these models is that they ignore the contribution of
diffusion mechanisms like intraparticle diffusion. The above models also work on
the pretext of fixed sorption mechanisms and pre-existing equations (Wang and
Chen, 2009); but, that may not the case for biosorbents like algae. Therefore, in
some works, the Webber-Morris intraparticle diffusion model is used to gain
perspective on the influence of diffusion on the overall biosorption mechanism
(Apiratikul and Pavasant, 2008; Park et al., 2010).

2.3.13 Continuous flow operation for algal-based metal biosorption systems
Despite their many benefits, batch systems are problematic to adopt at a large scale.
They are also not suitable for treatment of large volumes of water. In this way,
continuous flow systems are preferable (Kumar et al., 2016). Of the many column
flow systems described in the literature, packed bed columns are the most broadly
utilized because they have minimal energy requirements, are easy to operate, offer
high degrees of purification and automatically harvest biomass from metal solution
(Ghasemi et al., 2011; Gokhale et al., 2009; Kumar et al., 2016; Lodeiro et al., 2006;
Park et al., 2010).
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The results of continuous flow biosorption studies are represented as breakthrough
curves which are basically plots of the ratio of the effluent and influent metal
concentrations (C¢/Ci) against time or volume (Kumar et al., 2016; Orguz and
Ersoy, 2014; Singh et al., 2012). From these curves, the breakthrough time (tv) or
volume (vs) which represent the time or volume at which the binding sites on the
biosorbent are just starting to get saturated can be deduced (Kumar et al., 2016;
Singh et al., 2012). These values are indicators of the performance of the column
and depend on experimental conditions such as bed height, flow rate and inlet metal
concentration. Many research studies have focused on evaluating the effects of bed
height, flow rate, metal ion type and metal concentration on the breakthrough and
saturation times (Apiratikul and Pavasant, 2008; Kumar et al., 2012; Kumar et al.,
2016; Naja and Volesky, 2006; Pradhan and Rai, 2001).

Fig. 2.5 gives an illustration of the typical set up of a packed bed column.

Metal solution —]

Influent container

Pump

Column packed with biosorbent

Direction of metal solution flow

Effluent container

Fig.2.5: Schematic diagram of a packed bed column (Source: Kumar et al., 2016)
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Even though, some work has been done regarding the removal of metals by algae
in continuous flow systems. Knowledge is still lacking on their performance in
multi-elemental solutions. But, most industrial effluents like AMD are comprised
of many metals which could impact the removal efficiencies of the continuous flow
systems (Mahanadi et al., 2015; Park et al., 2010).

2.3.14 Prediction of breakthrough behavior of fixed bed columns

Prediction of breakthrough behavior of packed bed columns is essential because it
facilitates the scaling of algal-metal biosorption systems for industrial application
(Baral et al., 2009; Ghasemi et al., 2011; Lodeiro et al., 2006). Therefore, many
research workers illustrate the prediction of large scale industrial behavior of
biosorption columns. The most commonly used methods for modelling
experimental biosorption data are the Bed Depth Service Time (BDST), Adams-
Bohart, Thomas and Yoon-Nelson models (Orguz and Ersof, 2014; Singh et al.,
2012; Jeon et al., 2009).

The Adams-Bohart Model is often used for the description of the initial stages of
breakthrough curves and focuses on the determination of the adsorption capacity of
the biosorbent and the kinetic rate constant ( Oguz and Ersoy, 2014; Samuel et al.,
2013). On the other hand, the BDST model is used to predict the relation between
the service time of the column and the height (Babu et al., 2015). It also assumes
that the column biosorption kinetics are governed by the surface interactions
between the metal and the biosorbent. Even though the model is useful for the
comparison of column performances under different experimental conditions, it
does not factor in intra-particle diffusion or external mass resistance (Baral et al.,
2009, Gokhale et al., 2009, Preetha and Viruthagiri, 2007).

Unlike the two above-mentioned methods, the Thomas model seeks to give a
generalized description of the overall performance of fixed bed columns. It assumes
that the biosorption follows the Langmuir isotherm and pseudo-second order
kinetics (Baral et al., 2009, Ghasemi et al., 2011). In the same way, the Yoon Nelson
model describes the entire breakthrough curve. It is less complex than the Thomas
model and requires minimal input data from the experimental results. Moreover, it

is based on the assumption that the rate of decrease in the likelihood of biosorption
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of metal ions on the biosorbent surface depends solely on the probability of
biosorption and attainment of breakthrough (Crhribi and Chlendi, 2011; Trgo et al.,
2011).

2.3.15 Commercial application of metal-algae biosorption systems

In addition to the many studies in the literature illustrating the potential of use of
algae for metal biosorption in laboratory scale operations, there have also been
reports of commercialization and patenting of some metal-algae biosorption
systems. For instance, systems such as ALGASORB™, Biofix, B.V Sorbex and
AMT-Bioclaim™ have been patented for commercial applications in North
America (Park et al., 2010).

Prasad et al., (2006) described the use of an ALGASORB column formed by
immobilization of Spirogyra sp alga on polyelectrolyte modified silica gel for
removal of As (II1) in multi-metal solutions. They found the system could be
recycled for 59 cycles. Jeffers et al., (1991) utilized Biofix technology based on
Spirulina sp in polysulfone beads for retrieving As, Cd, Cu and Pb. The authors
reported removal efficiencies greater than 95% for all metals studied. Gupta et al.,
(2000) also reported the use of AMT Bioclaim comprised of granulated Bacillus sp
for biouptake of Co, Zn and Mn from wastewater. They found that the biosorption
system was not selective and could retrieve up to 99% of the metal pollutants from

solution.

However, all these works only demonstrated laboratory scale applications. In fact,
until this date, not a single industrial facility uses these systems for commercial
scale metal uptake from wastewaters (Park et al., 2010). Also, according to the
author’s knowledge, none of the studies on metal biosorption using algae report the
use of the biosorption systems to build ‘tea-bag like’ biotraps for large scale

remediation of mercury.

2.4 Gaps in the literature

From the literature review conducted, it was deduced that even though wetlands are
effective technologies for the remediation of AMD, their major limitation is their
inability to effectively remove mercury. They convert the pollutant to a more toxic

form (MeHg) which can bioaccumulate in food webs thus ultimately causing severe
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human health disorders and negatively impacting biodiversity in aquatic
ecosystems. Hence, many researchers report the utilization of conventional methods
such as chemical precipitation, coagulation, membrane filtration and ion exchange
for mercury remediation in these ecosystems. However, these techniques are costly,
ineffective at low metal concentrations and produce hazardous secondary wastes.
Therefore, it would not be feasible to adopt these techniques in developing countries

such as South Africa.

Biosorption using algae as biosorbents is being considered as a plausible
replacement technique or at least as a method for augmenting the efficiency of
wetland systems. However, most of the research works in the literature report the
use of brown algae (Bhatnagar et al., 2012; Cazon et al., 2013; Huang et al., 2015;
Mata et al., 2009). Hence, there is still scope for the evaluation of the biosorption
capabilities of green algae such as Cladophora sp (Zeroual et al., 2003). In fact,
Cladophora sp is more abundant and accessible than most brown algae because it
is found in most fresh and marine waters across the globe. In spite of this, only a
few studies demonstrate its use for treatment of mercury laden wastewaters (Ji et
al., 2012; Tshumah-Mutingwende, 2014). The emphasis of these few studies was
also on investigating the effects of significant solution and biosorption parameters
on the biosorption capabilities of the algal biosorbent using batch equilibrium
studies. Even then, the studies were incomplete and left out significant operational
parameters such as biosorbent dosage and temperature. The studies also did not
attempt to characterize the alga for biosorption of mercury. Characterization is vital
because it provides information on the chemical properties of the biosorbent that

have a huge impact on their biosorptive performance.

The performance of the algal biosorbents in continuous flow operations was also
not evaluated. But, most industrial wastewater treatment plants are based on
continuous flow mode. Furthermore, the mechanism for biosorption of metals is
also still vaguely understood because very few works in the literature report
attempts to elucidate it. The focus of these limited studies has also been on other
metals excluding mercury. Mercury has unique chemical and physical properties
that affect its interaction with algal biosorbents during biosorption; hence, it is
important to study its mechanism specifically.
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The majority of biosorption studies also do not comprehensively evaluate the
speciation of the biosorbed metals by alga thus making it difficult to differentiate
between adsorption and precipitation on the algal surfaces. Not a single study in the
literature demonstrate the application of algal-metal biosorption systems to build
‘teabag’ biotraps for the utilized remediation of mercury from environmental
samples.
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CHAPTER 3: AIM AND OBJECTIVES

This chapter describes the general aim and specific objectives of the study. It also
gives a synopsis of the research questions the study seeks to resolve and
hypothesizes on the findings and trends that will be uncovered. A brief account of

the novelty of the study is also given.

3.1 General aim and specific objectives

3.1.1 General aim of the study
The aim of this study was to prepare modified biosorbents based on Cladophora sp
alga, optimize them for mercury retrieval from synthetic aqueous solutions and

utilize them to develop biotraps for application in real environmental waters.

3.1.2 Specific objectives
The main aim of the study was achieved by addressing the following specific

objectives:

i)  Tomodify Cladophora sp alga by immobilization in calcium alginate beads
and silica gel and use the resultant biosorbents for removal of mercury from
aqueous solutions.

i)  To characterize the biosorbents for mercury biosorption from aqueous
solution and optimize them for pertinent parameters affecting the removal
of mercury from aqueous solutions under batch and continuous flow modes.

iii)  To conduct speciation and mechanistic studies to elucidate the species of
mercury adsorbed onto the pristine Cladophora sp alga and the mechanism
of the biosorption process using all the biosorbents

iv)  To model the experimental batch equilibrium and column data against the
relevant kinetic, adsorption isotherm and breakthrough prediction models

v)  To develop biotraps based on the modified biosorbents and utilize them to

treat acid impacted environmental water.

3.2 Hypothesis
It is hypothesized that both the pristine and modified forms of Cladophora sp are

effective in sequestering mercury from aqueous solutions. The performance of the
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biosorbents is also influenced by numerous biomass and solution parameters. The
adsorption of mercury by the pristine alga and modified biosorbents also occurs via
complex processes comprised of many mechanisms involving several functional
groups. Application of the developed biotraps to environmental waters causes the

mercury concentration in the samples to decrease significantly.

3.3 Key research questions
The study seeks to address the following research questions:

i) Which characteristics of the pristine alga and modified biosorbents make
them suitable for the biosorption of mercury from wastewaters?

i)  What are the optimum parameters (pH, biosorbent dosage, agitation time
etc.) required for the effective removal of mercury from aqueous solutions
by the pristine alga and modified biosorbents in batch mode operations?

i) What are the optimum conditions for the removal of mercury from aqueous
solutions using a continuous flow mode column packed with the modified
biosorbents?

iv)  What is the speciation of the mercury by the pristine alga?

v)  Which mechanisms play a significant role in the binding of mercury to the
pristine and modified forms of Cladophora sp alga?

vi)  Will the designed biotraps be effective in removing mercury from

environmental samples?

3.4 Novelty of the study

To the best of the author’s knowledge, no study has been previously undertaken to
modify Cladophora sp by immobilization in alginate beads and silica gel for
utilization in bioremediation of mercury from environmental waters. In addition,
no other research work reports the elucidation of the mechanism of mercury
biosorption by pristine and modified forms of Cladophora sp alga. This study is
also the first to show the use of the modified algal biosorbents to develop ‘teabag’

biotraps for the remediation of mercury from environmental waters.
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CHAPTER 4: MATERIALS AND METHODS

This chapter gives an in-depth description of all the methods, protocols and

materials utilized to achieve the aim and specific objectives of the study.

4.1 Chemicals and reagents
All the chemicals and reagents used in this study were of analytical grade or better
and were procured from Sigma Aldrich, South Africa. They were used as supplied

without any further purification or treatment.

4.2 Preparation of solutions

1000 mg L stock solutions were prepared by dissolving the required amounts of
the nitrate salts of Hg?*, Pb?*, Ni?*, Co?*, Cu?*, Fe®* and Cd 2* in deionized water
(Milli-Q, 18.2 MQ.cm at 25°C) purified using a Millipore Direct UV-3 (France)
water purification system. Thereafter, working solutions of desired concentrations

were prepared by serial dilution of the stock solutions.

4.3 Sample collection

Cladophora sp algae samples were collected from random points at Alexander
Dam, Springs, East Rand, Johannesburg, South Africa (GPS coordinates: Latitude
S26°12.6732’, Longitude E028° 24.8721”) using the method described by Amde et
al., (2014). First, prewashed 1 L PTFE sampling bottles were thoroughly rinsed and
partially filled with dam water. Cladophora sp algal samples were then handpicked
and placed in the bottles until they were filled to capacity. The bottles containing
the samples were then tightly sealed and placed in polyethylene bags which were

then stored on ice for transportation to the laboratory.

Samples of the water from which the alga was harvested were also collected from
the same points in prewashed 1 L PTFE bottles. The bottles were rinsed thoroughly
with dam water prior to being filled to the brim and closed whilst still fully
submerged in the water. A Thermo - Scientific Orion Star (USA) multi-probe field
meter was then used to measure the hydrochemical characteristics (pH, temperature,
redox potential, salinity and conductivity) of the water samples on site. The water
sample bottles were then tightly sealed, placed in polyethylene bags and stored on
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ice for transportation to the laboratory. Fig. 4.1 is a pictorial representation of some

of the procedures executed during sampling excursions.

Fig. 4.1: Sample collection at Alexandra, Dam, Springs, Gauteng, South Africa

4.4 Sample preparation

Upon arrival at the laboratory, the water samples were divided into two portions of
equal volumes and transferred to 500 mL Schott reagent bottles. One portion of
each sample was left as is for analysis for anion composition while the other was
treated with a few drops of concentrated nitric acid to preclude metal precipitation.
Both the treated and untreated water samples were stored at 4°C for use in
forthcoming experiments. Conversely, the algal samples were removed from the
PTFE bottles and washed thoroughly with running tap water to remove any foreign
bodies and debris adhered to their surfaces. Afterwards, the algae were washed
thrice with deionized water before being placed in Ziploc bags and stored at 4°C for

later use.

4.5 Physicochemical characterization of the water samples collected

The water samples collected from Alexandra Dam were characterized in terms of
their field parameters (pH, electrical conductivity, total dissolved solids and redox
potential), total metal concentrations and anionic contents. Field parameters were
measured on site using a Thermo-Scientific Orion Star (USA) field meter. The total

69



metal concentrations of the samples were determined using the mercury analyzer
and ICP-OES systems as per the methods in sections 4.18.1 and 4.18.2,
respectively. Correspondingly, the anionic content was determined using ion

chromatography as shown in section 4.19.

4.6 Preparation of algal growth medium
Bold’s acidic medium (BAM) was prepared as per the chemical composition

illustrated in Table 4.1.

Table 4.1: Composition of BAM

Essential elements ~ Concentration Trace Elements Concentration
(LY (mg L™)

NaNO3 25.0 *FeCls. 6H20 97.0

Mg SOa4. 7TH20 7.5 MnCls. 4H20 41.0

NaCl 2.5 *ZnCl,. 6H20 5.0

K2HPO4. 3H.0 7.5 CoCl,. 6H20 2.0

KH2PO4 17.5 NazMoO4. 2H20 4.0

CaCl. 2H,0 2.5

*replaced by FeSO4 and ZnSO4 respectively in modified BAM

10 mL of each of the essential elements was first added to a 1 L volumetric flask
containing 800 mL of deionized water and 250 mg NH4SOa4. In another volumetric
flask, 0.75 g of Na EDTA was dissolved in 1000 mL deionized water containing
the trace elements as per the list in Table 4.1. Thereafter, 6.0 mL of the trace
elements solution was added to the volumetric flask containing NH4SO4 and
essential elements. The pH of the resultant mixture was then adjusted to that of the
dam water (7.21) before the volume was made to the 1000 mL mark using deionized
water. The medium was then autoclaved at 100°C in a WiseCube Fuzzy control
system (Germany) for an hour to eliminate bacterial contamination. Modified BAM
was also prepared in the same manner except that in this case, FeCls and ZnCl; salts

in the essential elements list were replaced by sulfate salts i.e. FeSO4 and ZnSO..
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4.7 Cultivation of the algae in growth medium

Cladophora sp algae were cultivated in the media using the method described by Ji
et al., (2012) whereby approximately 20 g of ‘wet’ algae were placed in 500 mL
Schott reagent bottles filled with growth medium viz. BAM or modified BAM. The
bottles were then sealed using parafilm with small holes pierced on it to allow the
influx of oxygen. Subsequently, the sample bottles were placed on a window ledge
in a room permitting light capture by algae while protecting them from harsh
environmental conditions. After 2-3 days the algae were removed from media and

acclimated in de-ionized water for 24 hours.

The samples were then placed on filter papers to remove excess moisture and later
divided into 3 portions. Two of these portions were marked for modification by
immobilization in silica gel and calcium alginate beads in later experiments while
the third one was left unaltered as ‘pristine Cladophora sp alga’ to be used for

mercury biosorption as is.

4.8 Modification of Cladophora sp alga
The Cladophora sp algal samples marked for modification were immobilized in
calcium alginate beads and silica gel as per the procedures described in sections

4.8.1 and 4.8. 2, respectively.

4.8.1 Immobilization of Cladophora sp alga in alginate beads

This was achieved using a modified version of the method described by
Bayramoglu et al., (2006). 2 g of sodium alginate was dissolved in 50 mL deionized
water with the aid of heating. The resultant solution was then cooled to room
temperature and mixed with an algal suspension comprised of 1.0 g of alga in 50
mL deionized water. Afterwards, the mixture was added dropwise to 50 mL of 0.1
M CaCl, while agitating to form beads of approximately 2 mm diameter. The beads
were then left in solution for 90 minutes for complete gel formation and
subsequently stored at 4°C in 5 mM CaCl, for future use. Blank alginate beads were

also prepared in the same manner; but, without the addition of Cladophora sp alga.
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4.8.2 Immobilization of Cladophora sp alga in silica gel

Cladophora sp alga was immobilized in silica gel using the method described by
Akar et al., (2009). 5 g of silica gel was dissolved in 50 mL of 7% (w/v) aqueous
solution of KOH with the aid of heating. After cooling to room temperature, the
solution was added to and mixed with an algal suspension made up of 2.5 g of alga
in 100 mL of deionized water. A few drops of 20% (v/v) phosphoric acid were then
added to facilitate gel formation. The gel formed was then dried in a WiseCube
Fuzzy control (Germany) incubation system set at 60°C for 24 hours. Subsequently,
the dry gel was ground and sieved to a powder with particles of size 0.5 -1.0 mm
and stored in 50 mL PTFE centrifuge tubes at 25°C until further use. Blank silica
gel was also prepared using the same procedure; but, without the addition of

Cladophora sp alga.

Throughout this study, the Cladophora sp alga immobilized in silica gel and
calcium alginate beads will be collectively referred to as ‘modified forms of the

alga’, ‘modified biosorbents’ or ‘synthesized biosorbents’.

4.9 Characterization of pristine and modified forms of Cladophora sp alga

The pristine and modified forms of Cladophora sp alga were characterized by
determination of moisture content, Fourier transform infrared spectroscopy (FTIR),
Braunner-Emmett-Taylor (BET) analysis, Thermogravimetric analysis (TGA) and
Scanning electron microscopy (SEM) coupled with Electron dispersive X-ray

spectroscopy (EDX).

4.9.1 Determination of the moisture content of pristine Cladophora sp alga and
Cladophora sp alga immobilized in alginate beads

The moisture contents of pristine Cladophora sp alga and the alga immobilized in
alginate beads were determined using the protocols described by da Silva et al.,
(2008) and Rocher et al., (2008) respectively. For the pristine alga, 4.0 g of the ‘wet’
biosorbent was weighed using a Precisa 180A (Switzerland) analytical balance and
oven-dried at 60°C for 48 hours (da Silvaet al., 2008). The alga was then re-weighed
after drying and the percent moisture was calculated using eqgn. 2 below (da Silva
et al., 2008).

% moisture content = {(Mpq — Myq)/Mpq} * 100% (4.1)
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where Myg and Mag are the masses of the biosorbents (in g )before and after drying

respectively.

On the contrary, in the case of the alga immobilized in alginate beads, 50 beads
were weighed using the same balance and oven-dried at 60°C for 48 hours. The
dried beads were then weighed and their percent moisture was also calculated using
eqn. 4.1. Subsequently, the calculated moisture contents of the pristine alga and alga
immobilized beads were used to determine their ‘dry’ weights. Therefore,
henceforth in this work, unless otherwise stated, any mass of these two biosorbents
reported will be their dry mass.

It is worth noting that in the case of the pristine alga and alga immobilized in
alginate, drying completing changed their texture. Hence, their ‘wet’ form was used
for the biosorption studies and their dry masses was computed using their percent
moisture values. On the other hand, for the alga immobilized in silica gel, the
biosorbent could be dried effectively without loss in integrity and could, therefore,
be used for biosorption in this form. Therefore, percent moisture calculations were

not necessary in this instance.

4.9.2 Functional group identification

The functional groups on the surfaces of the pristine alga and modified biosorbents
were identified using a Bruker Tensor 27 FTIR spectrometer, (Germany).
Biosorbent samples were first oven-dried at 60°C for 48 hours and finely ground to
a powder of particle size 0.5-1.0 mm. In preparation for analysis, the sample holder
and probe on the FTIR spectrometer were thoroughly cleaned using ethanol sprayed
on a soft Kleenex tissue. Thereafter, powdered biosorbent samples were
successively placed on the sample holder and scanned in the range 500— 4000 cm
while data was collected on a personal computer using the Opus software (Bruker,
Germany). FTIR spectra were then drawn from the data point table using Microsoft
Office EXCEL.

4.9.3 Surface morphology studies
The surface morphologies of the pristine and modified forms of Cladophora sp alga
were studied using an FEI Quanta 200 ESEM (USA) scanning electron microscope

equipped with an Electron Dispersion X-ray (EDX) spectrometer. Firstly, powdered
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samples of the biosorbents were placed on carbon tape adhered to specimen stubs
until the tape was entirely covered. Any unattached sample particles were then
removed from the tape by gently tapping on the stub several times. The adhered
samples were then coated with 5 nm gold and palladium alloy under argon vacuum
to improve their electrical conductivities and protect them from being damaged by

the electron beam.

The settings on the microscope were then changed to high vacuum mode and the
specimen chamber was vented to ensure that vacuum conditions prevailed during
analysis. A single specimen stub with biosorbent sample attached to it was then
positioned on the microscope stage where it was held tightly in place using screws.
Subsequently, the stage was raised upwards until a working distance of 10 +/- 1 mm
was achieved. Scanning analysis of the sample was then initiated by bombardment
with electrons at 10 eV while tuning the magnification, contrast and color settings
of the microscope to obtain a clear micrograph. The best quality image was then
captured via an inbuilt camera and stored on a personal computer. This procedure

was repeated until all the samples had been analyzed.

4.9.4 Determination of the surface areas and pore volumes of the biosorbents
The surface areas and porosities of the pristine and modified forms of Cladophora
sp alga were measured using the Braunner-Emmett-Taylor (BET) technique on a
Micrometrics Trista 3000 (USA) analyzer. Initially, approximately 0.2 g of sample
was degassed in N2 gas overnight using a Micrometrics flow prep 060 (USA)
sample degasser to ensure complete vacation of the pores. The samples were then
transferred to the BET instrument for analysis and all measurements were
performed under isothermal conditions (-196°C) using liquid N2. Moreover, the
surface area measurements were determined in the relative pressure range P/Po
=0.05-0.30 while the pore volumes were determined at a relative pressure P/Pg
=0.995.

4.9.5 Thermostability studies
The thermostabilities of the biosorbents were evaluated using thermogravimetric
analysis (TGA) on a Perkin Elmer STA 600 (USA) thermal analyzer. Powdered

samples were placed on a sample pan attached to a precision balance and heated
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from 0 -900°C at a rate of 10°C min' under nitrogen. The weight loss in the samples

was then recorded as a function of temperature.

4.10 Batch biosorption studies

Batch biosorption studies were conducted in 100 mL Erlenmeyer flasks containing
0.5 g biosorbent suspended in 50 mL of metal solution of known concentration and
pH. The reaction vessels were then agitated at 150 rpm on a Labcon 3100E (USA)
rotary shaker for prescribed time periods. After completion of the biosorption
process, the biosorbents were separated from the bulk solution using gravimetric
filtration. In the case of the modified biosorbents, the filtrates obtained were directly
analyzed for mercury. However, for the pristine alga, the algal samples were
solubilized using micro-assisted digestion as per the method described in section

4.10.1 and the digests were analyzed for mercury content.

The biosorption capacities (q) of all the test biosorbents were determined using eqn.
4. 2 below (Lee and Chang, 2011; Tuzen et al., 2009).

q=(Co=C)xV/M (4.2)

where g is the adsorption capacity (mg g*), Co and Ceare the initial and equilibrium
metal concentrations (mg L), V is the volume of solution (L) and M is the mass of

sorbent (g).

The removal efficiency (r) was determined using egn. 4.3 below (Lee and Chang,
2011; Tuzen et al., 2009).

r = {(Co — C,)/Co} * 100% (4.3)

For all biosorption studies, all experiments were performed in triplicates. Therefore,
the results reported are averages of replicate values and the error is expressed in

terms of the standard deviation.

4.10.1 Microwave-assisted digestion of pristine Cladophora sp alga

Solubilization of the mercury-loaded pristine Cladophora sp algal samples was
achieved through digestion in an automated Anton Paar Microwave Go, (USA)
digestion system. 0.1 g of the powdered algal samples (particle size 0.5-1.0 mm)
was placed in 50 mL Teflon digestion tubes containing 8 mL HNO3z and 2 mL H20-
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reagents. The tubes containing the algae and reagents mixtures were then inserted
in designated positions on the microwave rotor. Thereafter, the rotor was slotted at
the appropriate place in the digestion system and exposed to 2 bar pressure and a

temperature of 150°C for 20 minutes.

Following the completion of the digestion process, the vessels were left to cool to
room temperature. The resultant algal digests were then analytically transferred to
50 mL centrifuge tubes and diluted by a factor of 5 using deionized water. Pristine
Cladophora sp alga which had not been exposed to mercury was also digested in
the same manner. All the digested algal samples were then stored in a refrigerator

set at 4°C prior to metal analysis.

4.10.2 Optimization of the significant factors affecting the biosorption of
mercury by pristine and modified Cladophora sp algal biosorbents

The effects of various significant parameters (solution pH, agitation time and initial
metal concentration, the presence of competing cations, temperature, biosorbent
dosage and composition of algal growth media) on the biosorption capacities of the
pristine alga and modified biosorbents were also evaluated. This was achieved by
varying one parameter whilst keeping the rest constant as per the procedures
described in sections 4.10.2.1 — 4.10.2.7.

4.10.2.1 Effect of the composition of the algal growth medium

To investigate the effect of the composition of algal growth medium on the
biosorption performance of pristine Cladophora sp alga, algal samples were first
grown in either BAM or modified BAM as per the method described in section 4.7.
After this, the pristine algae were harvested, acclimated in deionized water and used
for biosorption studies as per the procedure described in section 4.10. The mercury-
loaded algal samples were then separated from the solution, digested and analyzed
for mercury content. The adsorption capacities of the algae grown in the two types

of media were then calculated and compared.

4.10.2.2 Effect of pH

The effect of pH on the adsorption capacities of the biosorbents was evaluated using
four different experimental setups. Each experiment was comprised of 0.5 g of
biosorbent suspended in 50 mL of 1 mg L Hg?* solutions held at a specific pH
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value within the range 3 — 8.5. All pH measurements were made using a Mettler
Toledo (USA) pH meter which had been calibrated before use and pH adjustments
were made using 0.1 M NaOH and 0.1 M HNO:s.

The reaction mixtures were then agitated at 150 rpm on the rotary shaker for 120
minutes whilst maintaining the temperature of the solution at 25°C. After
completion of the process, the biosorbents were harvested from solution using

filtration and their adsorption capacities at different pH values were determined.

4.10.2.3 Effect of agitation time

The influence of agitation time on the biosorption capabilities of the pristine and
modified forms of Cladophora sp was investigated in the range 0-120 minutes.
Batch biosorption studies were performed using different vessels containing 0.5 g
of biosorbent in 50 mL of 1 mg L™* metal solution held at pH 5. The reaction vessels
were then agitated at 150 rpm on a rotary shaker for prescribed time values in the
test range while the temperature was kept constant at 25°C. Next, the algal-based
biosorbents were separated from the bulk solution and their adsorption capacities at

the various agitation times were determined.

4.10.2.4 Effect of initial metal concentration

The effect of initial metal concentration on the adsorption capacities of the
biosorbents was evaluated using eight different values i.e. 1, 2, 5, 10, 20, 50 and
100 mg L. Several reaction mixtures comprised of 0.5 g biosorbents in 50 mL
metal solutions of varying initial concentrations were agitated simultaneously on
the rotary shaker for given time periods i.e. 20 minutes for the pristine alga and 30
minutes for the modified biosorbents. Throughout the experiments, the pH,
agitation speed, and temperature were held at pH 5, 150 rpm and 25°C, respectively.
The adsorption capacities of the biosorbents at different initial metal concentrations

were also determined.

4.10.2.5 Effect of biosorbent dosage

The dependence of the adsorption capacities of the pristine and modified forms of
Cladophora sp alga on the biosorbent dosage was studied in the range 0-50 g L.
A number of experimental set-ups comprised of different masses of biosorbent in

50 mL of 1 mg L™ metal solution held at pH 5 were agitated on the rotary shaker
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for specified times (20 minutes for the pristine alga and 30 minutes for the modified
biosorbents). Thereafter, the biosorbents were separated from the solution and their

adsorption capacities at different biosorbent dosages were determined.

4.10.2.6 Effect of temperature

The relation between the temperature and the biosorption capacities of pristine and
modified Cladophora sp alga was studied using four different values (16, 25, 30
and 40°C). Reaction vessels containing 0.5 g of biosorbent in 50 mL of 1.0 mg L*
mercury solution were agitated on the incubator shaker system for given time
periods. The temperature of the solutions used was varied between the four test
values while all the other parameters were kept constant. Thereafter, biosorbents
were harvested from solution and their adsorption capacities at different

temperatures were determined.

4.10.2.7 Effect of competing ions

The effect of the presence of competing ions on the adsorption capacities of pristine
and modified forms of Cladophora sp alga was studied by bringing 0.5 g biosorbent
in contact with 50 mL of a multi-metal solution comprised of 1 mg L™ each of Hg?",
Fe3*, Ni?*, Cu?*, Cd?*, Co?* and Pb?* ions held at pH 5. The reaction mixtures were
agitated at 150 rpm on the rotary shaker for prescribed times (20 minutes for the
pristine alga and 30 minutes for the modified biosorbents) while keeping the

temperature and biosorbent dosage constant at 25°C and 10 g L, respectively.

The selectivity of the biosorbents was evaluated using the distribution co-efficient
(Kp) whose value was determined using eqn. 4.4 (Lee and Chan, 2011; Tuzen et al.,
2009).

Kp = (Co — C¢/Cy) (4.4)

where Kp is the distribution co-efficient, Co and C: are the initial and final

concentration, V is the volume of solution and M is the mass of biosorbent

4.10.3 Reusability of the biosorbents
The recyclability of the pristine alga and modified biosorbents was studied using a
two-stage process beginning with regeneration using suitable desorption media.

Thereafter, the biosorbents were reused and their biosorption capacities were
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evaluated after several successive adsorption-desorption cycles. The method for the
selection of the best medium for eluting mercury from the biosorbents is described
in section 4.10.3.1 while that for the recycling and reuse of the biosorbents is shown
in section 4.10.3.2.

4.10.3.1 Selection of the best desorption medium

To achieve this, mercury was first biosorbed onto the biosorbents under optimum
conditions using the method described in section 4.10. The biosorbents loaded with
mercury were then separated from the solution and washed thoroughly using
deionized water. Thereafter, desorption of mercury from the biosorbents was
performed using a modified version of the method described by Gupta and Rastogi,
2009. The mercury-loaded biosorbents were placed in 50 mL Erlenmeyer flasks
containing 10 mL of either 0.1 M HCI, 0.1 M HNOs or 0.1 M NaCl. The mixtures
were then agitated at 200 rpm for 2 hours on the rotary shaker. Following this, the
biosorbents were removed from the desorption medium and the concentration of
mercuric ions remaining in the medium was determined. Finally, the desorption
capabilities of the different desorption media were compared using their desorption
ratios which were determined using egn. 4.5 below (Guler and Sarioglu, 2013;
Kacar et al., 2002).

Desorption ratio = (Cp;/Cg) X 100% (4.5)

where Cw is the concentration of mercury remaining in sorption medium and Cs is

the concentration of mercury adsorbed by biosorbent.

The desorption medium with the highest eluting power (desorption ratio) was then

used for the regeneration of the biosorbents in subsequent experiments

4.10.3.2 Recycling and reuse of the biosorbents

Recycling and reuse of the test biosorbents were performed by first adsorbing
mercury onto the surfaces of the biosorbents under optimal conditions using the
method described in section 4.10. The biosorbents with mercury bound to them
were then separated from the bulk solution and rinsed thoroughly with deionized
water. Next, the biosorbents were regenerated by shaking for 2 hours in 10 mL of

0.1 M HCI. The algal-based biosorbents were then separated from the desorption
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medium and washed with deionized water. The recycled biosorbents were then
reused for biosorption before being regenerated again. Repeated reuse and
regeneration of the biosorbents was continued for 3 successive adsorption-
desorption cycles while determining the removal efficiencies of the biosorbents

after each cycle as per equation 4.2.

4.11 Speciation studies

Speciation studies were performed to determine the fraction of mercury biosorbed
on pristine Cladophora sp alga that is converted to methylmercury. This was
achieved using the procedure prescribed by Calderon et al., (2013) whereby 0.2 g
of powdered alga was first mixed with 10 mL hydrobromic acid in a 50 mL PTFE
centrifuge tube. Next, 20 mL toluene was added and the resultant mixture was
centrifuged for 10 minutes on a Restek Q-SEP 3000 (USA) centrifuge set at 3000
rpm. 15 mL of the organic (top) phase was then removed and placed in another 50

mL centrifuge tube containing 6 mL of 1% (w/v) L-cysteine solution.

An additional extraction of the algal sample was performed by adding 15 mL of
toluene to the first centrifuge tube with hydrobromic acid and centrifuging the
mixture at 3000 rpm for another 10 minutes. The organic phase formed at the top
was again removed and added to the solution with L-cysteine. Thereafter, the
solution with the organic phases and L-cysteine was agitated manually for 2 minutes
before being centrifuged at 3000 rpm for 10 minutes. A 3 mL aliquot of the lower
phase formed in this instance was then withdrawn using a Pasteur pipette and
transferred to a 50 mL glass vial. The sample vial was then tightly sealed and stored
at 4°C for up to 7 days before being analyzed for mercury content. The mercury
determined in this instance translated to the quantity of methylmercury in the
sample. This experiment was performed in triplicate and the results reported thereof

are averages of these replicates.

4.12 Mechanistic studies
Mechanistic studies were conducted to elucidate the mechanisms involved in the
biosorption of mercury from aqueous solutions using pristine and modified forms

of Cladophora sp alga. The techniques that were used for the elucidation of the
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mechanism are FTIR analysis, determination of metal content, SEM-EDX analysis,

chemical modification and potentiometric titrations.

4.12.1 FTIR analysis

FTIR analysis was used to identify the functional groups responsible for mercury
binding in the pristine Cladophora sp alga. In this instance, batch biosorption
studies were first conducted using the optimum conditions and the protocol
described in section 4.10. The biosorbents with mercury bound onto their surfaces
were then separated from the solution, oven-dried at 60°C for 48 hours and ground
to a powder of particle size 0.5 -1.0 mm. For comparison, the same mass of
biosorbents that had not undergone biosorption was also oven-dried and ground to
powders with particles of the same size. The FTIR spectra of the biosorbents before
and after mercury binding were obtained using the procedure described previously
in section 4.9.2.

4.12.2 SEM-EDX analysis

SEM-EDX analysis was also utilized to gain insight on the mechanism for
biosorption of mercury onto the pristine and modified forms of Cladophora sp alga.
First, biosorption studies were performed using the biosorbents as per the method
and conditions stated in section 4.10. The alga was then separated from the solution,
rinsed and ground to fine particles (0.5 -1.0 mm). Similarly, equivalent amounts of
biosorbents which had not been exposed to mercury were also ground to powder.
The SEM micrographs and EDX data of the biosorbents before and after metal
biosorption were then obtained using the method shown in section 4.9.3. EDX data
was collected from 7 areas on the biosorbents and the results reported are averages

of those obtained from the targeted points.

4.12.3 Determination of total metal content of pristine Cladophora sp alga

In order to evaluate the contribution of ion exchange to the overall mechanism of
mercury biosorption by pristine Cladophora sp, the total metal content of the alga
before and after biosorption were determined. Initially, batch adsorption tests using
pristine Cladophora sp were conducted as per the method described in section 4.10.
After this, the algal samples were harvested from solution and oven-dried for 48

hours. Concurrently, pristine Cladophora sp without any prior exposure to mercury
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was oven-dried for the same time period. The dried algae were then powdered,
digested and analyzed for total metal content. Mass balance equations were then

used to determine if ion exchange was the dominant mechanism.

4.12.4 Chemical modification of the functional groups

The carboxyl, hydroxyl, sulfonate, and amine functional groups on the surface of
pristine Cladophora sp alga were chemically modified to gain insight on their
contribution to the overall process of the biosorption of mercury.

4.12.4.1 Esterification of carboxyl groups

The esterification of the carboxyl groups on the surface of pristine Cladophora sp
alga was achieved using the protocol described by Carro et al. (2013). 3 g of the
alga was mixed with 200 mL of absolute methanol and 1.8 mL concentrated HCI.
The resultant mixture was then agitated at 150 rpm for 24 hours on the rotary shaker
and the alga was separated from the solution by filtration thereafter. The algal
residue was then thoroughly rinsed with deionized water and used for mercury
biosorption as per the procedure described in section 4.10. The mercury-loaded alga
was then separated from the solution and digested using the microwave digestion
system. Similarly, pristine Cladophora sp alga was used for biosorption, separated
from the solution and digested. The adsorption capacities of the pristine and

esterified algae were then determined and compared.

4.12.4.2 Esterification of the sulfonate groups

Esterification of the sulfonic acid groups on the surface of the pristine alga was
performed using the method prescribed by Hackbarth et al., (2014). 2 g of the alga
was suspended in 130 mL methanol and 12 mL HCI and the resultant mixture was
agitated on the rotary shaker at 150 rpm for 48 hours. After this, the methanol and
HCI were refreshed and the mixture was agitated for another cycle. This was
repeated for 4 cycles before the alga was removed and rinsed thoroughly with
deionized water. The modified alga was then used for mercury biosorption as per
the procedure in section 4.10. Thereafter, the alga was separated from the mercury
solution and digested. Pristine unmodified alga was also used for biosorption,
digested and analyzed for mercury content. The adsorption capacities of the pristine
and modified alga were then compared.
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4.12.4.3 Acetylation of amine and hydroxyl groups on Cladophora sp alga

The total acetylation of amino and hydroxyl groups on Cladophora sp alga was
achieved using a modernized and microwave-assisted version of the method
described by Bai and Abraham, (2002). 3 g of pristine alga was suspended in a G30
glass sample vial containing 20 mL of acetic anhydride. The mixture was then
refluxed uniformly for 1 hour in an Anton Paar Monowave 400 Microwave Reactor

(USA) connected to an argon gas supply using the program shown in table 4.2.

Table 4.2: Settings and parameters for the microwave-assisted acetylation of the

amine and hydroxyl groups in Cladophora sp alga

Step Temperature  Time (h) Stirrer speed
(C) (rpm)
1) Heat as fast as possible 80 0.10 800
2) Hold time 80 1.00 800
3) Cooling 45 0.45 800

After completion of the program and cooling of the system, the algae were separated
from the solution and washed thoroughly using deionized water. The algal samples
were then used for Hg?* biosorption using the method prescribed in section 4.10.
The mercury-bound algae samples were then separated from the solution, digested
and analyzed for metal content. Unaltered Cladophora sp alga was also used for
biosorption and its metal uptake was compared with that of the acetylated alga.
These experiments were also performed in triplicates and the results reported are

averages.

4.12.5 Potentiometric titrations

Potentiometric titrations of the pristine alga were performed using the method
prescribed by Andrade et al., (2005) to determine the dissociation constants and
total concentrations of the functional groups on the surfaces of the biosorbents.
First, an algal suspension was prepared by mixing 2.5 g alga in 50.0 mL 0.05 M
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NaNOz. Thereafter, 10 mL of the suspension was acidified to pH 2 and deaerated
using nitrogen gas for 2 hours. The degassed suspension was allowed to equilibrate
and then titrated by stepwise addition of 0.25 M NaOH via a Metrohm Dosimat 756
(Switzerland) automated burette. The pH of the solution was measured after each
addition of NaOH and all readings were taken after the meter had completely
stabilized. The titrations were performed in triplicates and the results reported are

averages. Fig. 4.2 gives an illustration of the auto-burette used.

4.13 Theoretical treatment of batch biosorption data

The experimental data obtained from the batch biosorption studies was modeled
against kinetic models, adsorption isotherms and thermodynamic models as per the
protocols shown in sections 4.13.1, 4.13.2 and 4.13. 3, respectively.

Fig. 4.2: The auto-burette used for potentiometric titrations

84



4.13.1 Kinetic modeling

The kinetic data for the biosorption of Hg?" ions onto pristine Cladophora sp alga,
Cladophora sp alga immobilized in alginate beads and Cladophora sp alga
immobilized in silica gel were modeled against Lagergren's pseudo-first-order,
pseudo-second-order and Webber-Morris intraparticle diffusion models. The linear
mathematical expressions of the models are given in egns. 4.6, 4.7 and 4.8,
respectively (Apiratikul and Pavasant, 2008; Tran et al., 2017; Tuzen et al., 2009).

In(qe — q¢) = —kyt +1n(q,) (4.6)

where gt and e are the adsorption capacities at time t and equilibrium respectively

(mg g, k1 is the rate constant for pseudo- first-order kinetics (min™).

The values of ki and g, were obtained from the slope and intercept of the linear plot

of In(q. — q;) versus t.

t/q: = 1/k;q.* +1/qe t 4.7

where k: is the rate constant (g mg™* min), q:is the biosorption capacity at time t,

Qe is the biosorption capacity at equilibrium and the values of k, and g, were

deduced from the slope and intercept of the linear plot ofqi against t.
t

qe = k't (4.8)

where kp is the intraparticle diffusion rate constant (mg g™* min©%), q: is amount
metal adsorbed (mg g?), t is the time in minutes and kp was determined from the

slope of g versus t.

4.13.2 Adsorption isotherm modeling

The equilibrium data for the biosorption of mercuric ions using pristine and
modified forms of Cladophora sp alga were modeled against the Freundlich,
Langmuir and Dubinin-Radushkevich isotherm whose linear mathematical
expressions are given as eqgns. 4.9, 4.10 and 4.12 respectively (Dada et al., 2012;
Tuzen et al., 2009).

logq., = logKr +n.logC, 4.9
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where g is the adsorption capacity of the sorbent at equilibrium (mg g1), Ceis the
concentration of metal ions in solution at equilibrium (mg L), K is the Freundlich

constant indicative of the adsorption capacity and n is the adsorption intensity.

The values of nand Krwere determined from the slope and intercept of the linear

graph of log ge against log Ce

Ce/Qe = 1/b-qm + Ce/qm (4-10)

where gm is maximum adsorption capacity (mg g*) and b is the Langmuir constant

related to the suitability of sorbent-sorbate system.

The values of g,, and b were deduced from the slope and intercept of the linear plot
of Ce/ qe Versus Ce. The separation factor (RL) was also calculated using equation
4.11 (Dada et al., 2012; Tuzen et al., 2009)

Ru="01 4 ¢ (4.11)
Inq, = Inx,, — f&? (4.12)

wherex,, is the maximum adsorption capacity, g is the activity co-efficient related

to energy and ¢ is the Polanyi potential given by RT = In(1 + 1/C,)

The values of  and q,, were calculated from the slope and intercept of the linear
plot of In ge versus €2 and the energies of sorption (Es) values for the biosorption
processes using all three test biosorbents were calculated using eqn. 4.13 (Dada et
al., 2012).

E; =1/(/2B) (4.13)

4.13.3 Thermodynamic modeling

Thermodynamic parameters provide insight pertaining to the thermal feasibility of
biosorption processes and the associated energy changes. Therefore, the values of
Gibb’s free energy for the biosorption of Hg?* by pristine and modified forms of

Cladophora sp alga were determined using eqn. 4.14 (Tuzen et al., 2009).

AG® =-RT In Kp (4.14)
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where AG” is Gibb’s free energy (kJ mol™), R is the universal gas constant (8.314 J
K mol ), T is the temperature (K), Kp is the partition coefficient = (Ce/qe).

Similarly, the values of the enthalpy (AH") and entropy (AS®) were calculated using
eqn. 4.15 (Dada et al., 2012).

InKp =AS"/R — AH'/RT (4.15)

where AH’ and AS® are determined from the slope and intercept of the VVant Hoff

plot of In Kp versus 1/T

4.15 Continuous flow studies

Continuous flow studies for the biosorption of Hg?* from aqueous solutions were
only performed using the Cladophora sp alga immobilized in alginate beads
because it had a higher mechanical strength than the other two test biosorbents.
Moreover, the alga immobilized in alginate beads was much easier to handle and
had a higher biosorption capacity than both the pristine alga and the alga

immobilized in silica gel.

The column studies were conducted in a small-scale Pyrex glass column with an
internal diameter of 1.5 cm and a length of 15 cm. A sintered filter (porosity 1) was
infused at the bottom of the column to prevent loss of biosorbent yet permitting a
uniform flow of solution. Cladophora sp alga immobilized in alginate beads was
then tightly packed in the column up to the desired bed height. After this, a layer of
glass beads (1 cm) was placed on top of t